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2,4-D    2,4-dichloro aniline 
AMO     ammonium oxygenase 
ARDRA    amplified ribosomal chain reaction  
ATP    adenosine triphosphate  
BCF    bioconcetration factor 
BHL    N-butyryl-L-homoserine lactone  
bioPd(0)   bio-palladium  
BW    body weight 
CB    chlorobenzene  
CFU    colony forming unit  
CHQ    chlorohydroquinone 
CLPP     community level physiological profiling  
DCB    dichlorobenzene  
DCHQ    dichlorhydroquinone 
DDOL    dichloro-2,5-cyclohexadiene-1,4-diol  
DDT    dichloro diphenyl trichloroethane 
DGGE    denaturing gradient gel electrophoresis  
DHC    dehydrochlorination  
DMSO    dimethyl sulfoxide 
DNA    deoxyribo nucleic acid  
EC50    median effect concentration  
EXTOXNET   extension toxicology network 
FAME     fatty acid methyl ester 
FISH    fluorescent in situ hybridization 
G    Gini cefficient  
GC-ECD   gas chromatograph with electron capture detection 
GC-MS    gas chromatograph with mass spectrometer 
gfp    green fluorescent protein-encoding gene 
HazDat   hazardous substance database 
HCH    hexachlorocyclohexane 
HCN    health council of the Netherlands 
HDC    hydro dechlorination 
HDSB    hazardous substance data bank 
HHL    N-hexanoyl-L-homoserine lactone 
HQ    hydroquinone  
IARC    international agency for research on cancer 
IKSR    internationalen kommission zum schutz des Rheins 
IPCC    intergovernmental panel on climate change 
IPCS    international programme on chemical safety 
Km    half-maximal velocity substrate concentration 
Kow    octanol : water partition coefficient 
LB    Luria Bertani 
LC50    50% lethal concentration 
LD50    50% lethal dose  
LH-PCR    length-heterogeneity polymerase chain reaction 
MELC    methane enriched liquid consortium 
MESC    methane enriched soil consortium 
MMO    methane monooxygenase 
NA    natural attenuation 
N-AHSL   N-acyl homoserine lactone 
NCBI     national centre for biotechnology information 
NOEL    no observed effect concentration 
OD     optical density 
OdDHL   N-3-oxododecanoyl-L-homoserine lactone  
OHHL     N-3-oxohexanoyl-L-homoserine lactone  
OHL    N-octanoyl-L-homoserine lactone  
OTU    operational taxonomic unit 
PCB    polychlorinated biphenyl 
PCCH     pentachlorocyclohexane 
PCR      polymerase chain reaction 
PLFA     phospholipid fatty acid  
pMMO    particulate methane monooxygenase 
POP    persistent organic pollutant 
POPRC   persistent organic pollutants review committee 
QS    quorum sensing 
R    richness 
REACH    registration, evaluation and authorisation of chemicals 
rRNA     ribosomal ribo nucleic acid 
RuMP     ribulose monophosphate 
SIP     stable isotope probing 
sMMO    soluble methane monooxygenase 
SPE    solid phase extraction 
SSCP     single strand conformation polymorphism 
TCB     trichlorobenzene 
TCCH     tetrachlorocyclohexene 
TEM    transmission electron microscopy 
TGGE     temperature gradient gel electrophoresis  
T-RFLP    terminal restriction fragment length polymorphism 
UNEP     United Nations environment programme 
USEPA    United Nations environmental protection agency 
UV    ultra violet 
WHC    water holding capacity 
WHO    world health organization 
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CHAPTER 1 
 
INTRODUCTION 
1.1 The problem of lindane pollution  
1.1.1 Introduction 
Pesticides have benefited modern society by improving the quantity and quality of the world’s 
food production. The use of pesticides to control insects, weeds, and disease-inducing 
agents, enables food production to support the world population of over 6 billion people. 
While the first recorded use of chemicals to control pests dates back to 2500 BC, it is only in 
the last 50 years that chemical control has been widely used (Day et al., 1997). The earliest 
pesticides were either inorganic products or derived from plants. The modern era of chemical 
pest control started during World War II, when the much maligned DDT played a major role 
in the health and welfare of soldiers who used it to control body lice and mosquitoes which 
transmitted major illnesses. Further developments of pesticides followed. Due to their 
relatively low cost, ease of use and effectiveness, they became the primary means of pest 
control. Protection of crops, production, animals and humans over extended periods became 
possible with corresponding increases in food production and improved standards of living 
(Day et al., 1997).  
However, many pesticides are persistent organic pollutants (POPs). POPs are defined as 
chemical substances that persist in the environment, bioaccumulate through the food web, 
and pose a risk of causing adverse effects to human health and the environment.  
As a consequence, increased use of these chemicals has caused considerable 
environmental pollution and human health problems (Hayes, 1986; Kurzel and Certrulo, 
1981). Contamination of soil, sediment, ground waters and surface waters by pesticides is 
nowadays acknowledged world-wide as an important environmental issue.  
1.1.2 Lindane use 
Lindane refers to the γ-isomer of hexachlorocyclohexane, in short γ-HCH. This 
organochlorine chemical was first synthesized in 1825, although it was only in 1940 that the 
Dutch scientist Dr. Teunis van der Linden discovered its insecticidal properties (Hardie, 
1964). Commercial production of lindane started in 1945. The insecticide is synthesized by 
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chlorination of benzene in the presence of ultraviolet light (IARC, 1973). Actually,  this 
process results in technical grade HCH, which is a mixture of different isomers: α-HCH (60-
70%), β-HCH (5-12%), γ-HCH (10-15%) and δ-HCH (6-10%) (Kutz et al., 1991). The isomers 
differ in the position of the chlorine atoms. Figure 1.1 depicts the structure of the most 
common HCH isomers. Commercial lindane (>99% γ-HCH) is purified from technical grade 
HCH by multiple extractions with methanol. Although γ-HCH is the only HCH isomer with 
insecticidal properties, technical grade HCH has often been applied as an insecticide since 
the purification process increases the costs of γ-HCH.  
 
 
Figure 1.1 Structures of the α-, β-,γ- and δ-HCH isomers. Spheres represent chlorine atoms. 
Isomers differ according to the number of axial (ax) positioned chlorine atoms (3 for γ-HCH, 2 
for α-HCH, 1 for δ-HCH and 0 for β-HCH) 
 
Since the ‘50s, both technical and commercial lindane have been commercialized under 
different product names e.g. Lindaterra, Lindagranox, Lovigram, Gallogama, Lintox, BoreKil, 
Kwell, Ben-Hex, etc.. Because of its broad range of action, lindane has known numerous 
applications. The insecticide has been used on crops, in warehouses, as a public health 
measure to control insect-borne diseases and, together with fungicides, as a seed treatment 
agent. Lindane has also been used in a variety of domestic and agricultural applications such 
as dips, sprays and dusts for livestock and domestic pets. The forestry industry also used 
lindane to control pests on cut logs (Donald et al., 1997). Other uses of lindane include 
lotions, creams and shampoos for the control of lice and mites (scabies) in humans (Bintein 
and Devillers, 1996; EXTOXNET, 1996). The global use of lindane and technical HCH was 
estimated by Voldner and Li (1995) to be as high as 720 000 en 550 000 tonnes per year. Li 
Chapter 1 
 5 
revised the values for technical HCH in 1999 to no less than 11 000 000 tonnes per year (Li, 
1999). Breivik et al. (1999) reiviewed the annual consumption of HCH in Europe for the 
period from the 1970s to the 1990s (Figure 1.2).  
 
Figure 1.2 Annual consumption of γ-HCH, α-HCH and other HCH isomers (mainly β and δ) 
in Europe in tonnes per year. The uncertainty is related to the restricted availability of data in 
the overall HCH estimate (Breivik et al., 1999) 
 
The growing concern about the detrimental health and environmental effects of lindane 
resulted in a ban or a restriction of the use of the insecticide in a number of countries (Bintein 
and Devillers, 1996). Most Western countries started this restriction already in the ‘70s. In the 
‘80s several developing countries followed this example. Generally, there were two 
significant drops in global production and usage of lindane. First, in 1983, when China 
banned the use of lindane and second, in 1990, when the former Soviet Union forbade the 
use of lindane, and India stopped using lindane on agricultural crops. In 2003 there was a 
ban or restriction of technical HCH in 34 countries. Furthermore, technical HCH was made 
illegal for import in 98 countries. Lindane has been specifically banned or restricted in 40 
countries, and made illegal for import in 65 countries, but it is often permitted for special uses 
by exemption (Orme and Kegley, 2006). Even more recently, in 2005,  the UNEP (United 
Nations Environmental Programme) decided that global action is needed to halt the pollution 
caused worldwide by lindane and put lindane in Annex A of the Stockholm Convention on 
Persistent Organic Pollutants, also known as the “black list” which contains chemicals that 
are subject to complete elimination (Hanson, 2005). 
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1.1.3 Lindane (and other HCH isomers) in the environment 
As a result of the extensive use of technical HCH and lindane over the past decades, lindane 
and its waste isomers are widely distributed in various environmental compartments. The 
various transportation and transformation processes that are involved in the distribution of a 
pollutant in the environment are schematized in Figure 1.3. 
 
 
Figure 1.3 Once in the environment, pollutants are subject to various transportation and 
transformation processes (modified from HCN, 1996) 
 
Although the HCH isomers only differ in the orientation of their chlorine atoms, relatively 
large differences exist in their physical-chemical properties (Table 1.1). This implies different 
transport and persistence characteristics. The following paragraph intends to describe the 
release of lindane and other HCHs in the different environmental compartments. However, 
this is not an exhaustive list, since in literature, data on concentrations and the persistence of 
HCHs in the various environmental compartments remain controversial. This is most likely 
due to the wide concentration ranges that can be found and the complex interactions that 
influence both biotic and abiotic removal.  
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Table 1.1  Physical and chemical properties of lindane and other HCH isomers 
Name γ-HCH α-HCH β-HCH δ-HCH 
Molecular weight 290.83 290.83 290.83 290.83 
Colour Whitea Brownish to 
whiteb 
No data  No data 
Physical state Crystalline 
solidc 
Monoclinic 
prismsd 
Crystalline 
solidc 
Fine platese 
Melting point  (°C) 112.5e 159-160e 314-315e 141-142e 
Boiling point (°C) 323.4            
at 101.3 kPae  
288                 
at 101.3  kPad 
60                   
at 67 Pae 
60                   
at 48 Pae 
Density (g [cm3]-1) 1.89              
at 19°Cf 
1.87                
at 20°Ce 
1.89                
at 19°Ce 
No data 
Odour Slightly mustyg Phosgene-likeg No data  No data 
Solubility     
          in water 10 mg  l-1h 10 mg l-1h 5 mg l-1h 10 mg l-1h 
          in ethanol 64 g kg-1h 18 g kg-1h 11 g kg-1h 244 g kg-1h 
          in ether 208 g kg-1h 62 g kg-1h 18 g kg-1h 354 g kg-1h 
          in benzene 289 g kg-1h No data 19 g kg-1h 414 g kg-1h 
Log Kow  3.72
i 3.8i 3.78i 4.14i
 
 
Vapour pressure 5.6 10-3 Pa     
at 20°Cb 
6.0 10-3 Pa      
at  25°Cb 
4.8 10-5 Pa       
at 20°Cb 
4.7 10-3 Pa       
at 25°Cb 
Henry’s law constant 
(atm m3 mol-1) 
1.4 10-5j 1.06 10-5j 7.43 10-7k 2.1 10-7l 
a(Osol, 1980) b(HDSB, 2003) c(IARC, 1979) d(Weast, 1979) e(Lide, 1991) f(Weiss, 1986) 
g(Merck, 2001) h(Clayton and Clayton 1981) i(Hansch et al., 1995)  j(USEPA) k(Ripping, 1972)  
l(Pankow et al., 1984) 
 
1.1.3.1 HCH in the atmosphere 
The major sources of HCH isomers in the atmosphere are fugitive dust particles from wind 
erosion of contaminated soil, volatilization from treated agricultural soil and from plant foliage 
sprayed with lindane. In addition, HCHs may be emitted into the atmosphere during the 
manufacturing and reformulation process. Degradation by reaction with photolytically 
generated hydroxyl radicals, on the other hand, is an important process that removes lindane 
and other HCHs from the atmosphere (Unsworth et al., 1999). HCHs can also be removed 
from the atmosphere by rain (wet deposition) and dry deposition (Atkins and Eggleton, 1971). 
HCHs can remain in the air for long periods of time and travel great distances depending on 
Introduction 
 8 
the environmental conditions. In the atmosphere, residence times for HCHs of 2 to 4 months 
have been reported (Brown, 1978). These extended residence times may cause a long-
range transportation of HCHs. For example, the volatilization of lindane (or technical HCH) 
after its application in tropical or sub-tropical countries and subsequent transportation by air 
masses, is known to have resulted in the deposition of HCHs as far as on the Arctic 
(Takeoka et al., 1991). Mainly γ- and α-HCH are found in the atmosphere, due to the higher 
volatility compared to β- and δ-HCH (Table 1.1, Henry’s law constants). Mean global 
concentrations of 580 pg (m3)-1γ-HCH and 1021 pg (m3)-1α-HCH in air have been reported by 
Walker et al. (1999) in a summarizing review of a series of studies from 1980 to 1996. Peak 
concentrations as high as 10 000 pg (m3)-1 were found over the Bay of Bengal and the 
Arabian Sea (Cotham and Bidleman, 1991). 
1.1.3.2 HCH in water 
From Table 1.1, it is clear that HCHs are relatively soluble in water, at least compared to 
most other organochlorine compounds (e.g. DDT, aldrin, endrin, dieldrin, endosulfan have a 
solubility of <1 mg l-1). Through leaching HCHs can reach the groundwater and 
contamination of surface water may occur as a result of surface run-off (as dissolved 
chemicals are absorbed to particles) and atmospheric depositions. The low solubility of β-
HCH and the high sorption constant of δ-HCH (Table 1.1) cause the more frequent detection 
of the γ- and α-HCH in water bodies. Biodegradation of γ- and α-HCH in aquatic systems is 
considered the most dominant process in the removal mechanism of HCHs from water. The 
estimated degradation half-lives these HCHs in rivers, lakes and groundwater are 3-30 days, 
30-300 days, and >300 days, respectively (Zoetemann et al., 1980). Reported concentrations 
range from 0.2 ng l-1 to 400 ng l-1 and from 0.4 to 100 ng l-1 respectively (Gregor and 
Gummer, 1989; WHO, 2005).  
1.1.3.3 HCH in sediment 
While in the water column, HCHs may be adsorbed to sediment or other suspended 
materials, which is evidenced by the relatively high Kow values (Table 1.1).  The adsorption 
and desorption rate of HCHs to sediment is related to the physical characteristics of the 
sediment as well as to its organic carbon content. According to the USEPA’s database of 
sediment samples collected throughout the United States between 1978 and 1987, γ-HCH 
was detected in 0.5% of about 600 sediment samples at a median concentration of ≤ 2.0µg 
kg-1 (Staples et al. 1985; Kuntz and Warry 1983). The half-life of lindane in sediment has 
been estimated at 90 days (Bintein and Devillers, 1996). Other HCH isomers have also 
frequently been detected in sediment samples (HazDat, 2005).  
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1.1.3.4 HCH in soil 
Lindane and other HCH isomers enter the soil compartment by direct application of the 
insecticide, by disposal of contaminated waste or by wet or dry deposition from the 
atmosphere. Once in the soil, HCHs are adsorbed to the soil particles, volatilized to the 
atmosphere, taken up by crop plants or leached into groundwater. HCHs adsorb strongly to 
organic matter (High KOW values, Table 1.1) and are therefore relatively immobile in the soil. 
However, in soils with especially low organic matter content or subject to high rainfall, lindane 
and other HCH isomers may pose a risk of groundwater contamination (Wauchope et al., 
1992). Although both aerobic and anaerobic degradation of HCHs have been reported, they 
remain highly persistent in most soils. Depending on the conditions, field half-life values of a 
few days up to 3 years have been reported. Concentrations of the different HCH isomers 
vary from trace levels (<0.1 mg kg-1) (Albright et al. 1974) to < 1g kg-1 (WHO, 2005). 
 
Apart from diffuse pollution sources due to the application of lindane, a major problem is 
caused by point sources from remaining stockpiles of unused lindane left behind all over the 
world. Furthermore, since the production of one ton of lindane results in ca 8–12 tonnes of 
HCH-residuals (waste isomers), one may assume that millions of tonnes of this HCH-waste 
are still to be found all over the world. Concentrations of HCHs in soil in the vicinity of these 
kind of stockpiles can reach peak concentrations in the range of grams per kg soil or mg per 
litre water (Vijgen, 2005). 
1.1.4 Toxicological profile  
Since lindane and other HCH isomers can be found in all environmental compartments, all 
organisms can come into contact with these pollutants. The effects of exposure depend on 
exposure dosage, exposure duration, physiology of the organism, etc.  
1.1.4.1 Effects on humans 
Acute toxicity effects can occur after ingestion of a certain amount of lindane. Symptoms of 
acute toxicity in humans include headache, dizziness, seizures, diarrhoea, sickness and 
irritation of skin, nose, throat and lungs (Smith, 1991). Long-term exposure can cause 
chronic toxicity effects. In humans, chronic toxicity manifests itself as effects on the 
gastrointestinal tract, cardiovascular and musculoskeletal systems. Furthermore HCHs can 
cause reproductive and endocrine effects by affecting the hormone production and ovaria 
and testes. Although there is uncertainty about its mutanogenicity and carcinogenicity, both 
USEPA and IARC consider lindane and other HCHs as possible human carcinogens. 
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1.1.4.2 Effects on other organisms 
Table 1.2 summarizes the toxicity of lindane on a number of organisms in different 
environmental compartments.  
 
Table 1.2 Toxic effects of lindane on several organisms (EXTOXNET, 1996; WHO, 2005) 
Organism Toxic effect Value Classification 
Bacteria, algae, 
protozoa 
NOELa 1 mg l-1 Slightly toxic 
Fungi NOEL 1-30 mg l-1 Variable, slightly toxic 
Bee LD50b 0.56 µg bee-1 Highly toxic 
Fish, aquatic 
invertebrates 
LC50c 2-90 µg l-1 Highly to very highly toxic 
Small rodents LD50 60-500 mg kg-1 BWd Moderately toxic 
Birds LD50 100->2000 mg kg-1 BW Moderately to virtually nontoxic 
a
 NOEL: No observed effect level: Concentration at which no noxious effects are observed 
b 
LD50: Lethal dosage: Application dosage that causes a 50% mortality of a group of organisms  
c
 LC50: Lethal concentration: Concentration in the medium that causes 50% mortality of the organisms 
placed in that medium (in this case after 96h) 
d
 BW: Body weight 
 
 
The acute toxicity of isomers of HCH decreases in the order γ < α < δ < β. However, the 
toxicity of repeated doses decreases in the order β < α < γ < δ. The long-term toxicity of the 
different isomers is directly related to their adipose tissue storage and inversely related to 
their rate of metabolism (Hayes and Laws, 1991). 
1.1.4.3 Bioconcentration 
An important toxicity aspect of HCHs, related to their high Kow values, is the bioconcentration 
to high levels following uptake from surface waters by a number of aquatic organisms. For 
example, bioconcentration factors (BCFs) in zebra-fish were 1100 for α-HCH, 1460 for β-
HCH, 850 for γ-HCH, and 1770 for δ-HCH (Butte et al. 1991). 
Uptake from soils and bioconcentration by plants and terrestrial organisms appear to be 
limited. In tests with radiolabeled γ-HCH, grain, maize, and rice plants accumulated 
respectively 0.95, 0.11, and 0.04 % of the amount of bound γ-HCH residues following 14–20 
days growth in a sandy loam soil. Bioconcentration increased by 4–10 times when the plants 
were grown in test soils containing both bound and extractable residues of γ-HCH (Verma 
and Pillai 1991). Uptake of γ-HCH by earthworms from soil has also been reported. Following 
exposure to 5 mg kg-1 of the compound for up to 8 weeks, the test organisms 
bioconcentrated γ-HCH by a factor of 2.5 (Viswanathan et al. 1988). 
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Lindane and the other isomers of HCH do not appear to undergo biomagnification in 
terrestrial food chains to a great extent, although there is a moderate potential for transfer to 
animal tissue as a result of soil ingestion or ingestion of contaminated foliage (Wild and 
Jones 1992). For example, Clark et al. (1974) found that γ-HCH levels in the adipose tissue 
of cattle were 10 times higher than in the feed.  
1.2 Monitoring lindane soil pollution 
†
  
1.2.1 The importance of soil microbiology  
Only a decade ago, it was generally assumed that one gram of top soil contained a few 
hundred to maximum a few thousand different bacteria, fungi, protozoa, etc. This assumption 
was based primarily on visual (microscopic) observations and on the cultivation of 
microorganisms. The recent advance in molecular techniques has shown, however, that soil 
as such contains many organisms which cannot (yet) be grown and cultured. In fact, the soil 
matrix contains an abundance of genetic propagules, each of them with its own perfection 
and drive to exist and multiply. These organised bits of information, communicating with each 
other and with the environment around them, are called ‘living entities’ or operational 
taxonomic units (OTUs). Torsvik et al. (1990) reported approximately 4000 different genome 
equivalents per gram of soil, which suggests that there are perhaps 1000 or even more 
species per gram soil.  
Almost every chemical transformation taking place in soil involves active contributions from 
soil microorganisms. These transformations occur through numerous redox-reactions 
catalysed by an unknown number of enzymatic activities, triggered by soil microbes. In 
particular, they play an active role in soil fertility as a result of their involvement in the cycle of 
nutrients. Soil microorganisms are responsible for the decomposition of organic matter 
entering the soil (for example plant litter) and hence, also for the recycling of soil nutrients. 
Certain soil microorganisms such as mycorrhizal fungi specifically increase the availability of 
mineral nutrients such as phosphorus to plants. Nitrogen fixing bacteria can transform 
nitrogen gas present in the soil atmosphere into soluble nitrogenous compounds which plant 
roots can utilise for growth. Moreover, the soil microbiota provide a variety of services to 
society such as the degradation of various undesired organic chemicals in the biosphere 
(xenobiotics, methane, carbon monoxide). As such, the soil microbiota is of crucial 
                                                 
†
 Redrafted after Verstraete, W. and Mertens, B. (2004) The key role of soil microbes. In Doelman, P. 
and Eijsackers, H. (eds.), Vital Soil -Function, Value and Properties. Elsevier, Amsterdam (The 
Netherlands), pp. 127-157. 
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importance in soil ecosystems, affecting the higher soil fauna and flora and human beings. In 
the past century, industrialization and the intense modernization of agriculture have had 
many recognizable benefits. Unfortunately, this civilisation has also caused many 
environmental problems such as soil pollution and deterioration. In this context, the study of 
soil microbiology is of strategic importance.   
1.2.2 Monitoring soil health 
1.2.2.1 Microorganisms as indicators of soil health 
As stated by Doelman (1992) the microbiota is in principle the best and most sensitive mirror 
of soil quality, due to its function, ubiquity, size and numbers. The advantage of using 
microorganisms as indicators for the monitoring of soil health lies in their ability to respond 
and rapidly adapt to changes in environmental conditions. This allows microbial analyses to 
be discriminating in soil health assessment compared to physical or chemical measurement. 
The way microbial populations and activities change, can therefore be used as an integrative 
indicator of soil health (Kennedy and Papendick, 1995; Pankhurst et al., 1995). Based on the 
concept of environmental indicators, as described by Christensen et al. (1992), a microbial 
indicator in the present context can be defined as follows (Neiendam Nielsen and Winding, 
2002): 
“A microbial indicator is a microbial parameter that represents properties of the environment 
or impacts on the environment, which can be interpreted beyond the information that the 
measured or observed parameter represents by itself” 
1.2.2.2 Monitoring soil health in the presence of contaminants 
Polluted soils have become a public health problem and the demand for site-specific risk 
assessment of soil pollution is increasing. In the traditional risk assessment of soil, chemical 
analyses are used in a model to calculate potential ecological risks. This method, however, 
does not consider the biological availability of the pollutant. Bioavailability may be defined as 
the fraction of the total amount of a chemical present in soil that, within a given time span, is 
either available or can be made available for uptake by (micro)organisms or plants. The 
leading theory on the uptake of chemicals by soil organisms is the Equilibrium Theory, which 
was formulated and widely adopted around 1990 (Jager, 2003). This theory states that 
organisms take up chemicals from the freely-dissolved phase in the pore water and not 
directly from soils directly (Figure 1.4). A chemical will tend to distribute itself between the 
soil, water and organism phases until it reaches a thermodynamic equilibrium. 
 
Chapter 1 
 13 
 
Figure 1.4 Scheme depicting the process underlying the equilibrium partitioning concept 
(Jager, 2003) 
 
Several studies have confirmed that bioavailability is a major factor in the toxicity of 
environmental samples (Umbreit et al., 1998) and that the soil matrix is an important factor in 
determining a contaminant’s bioavailability. Regulatory agencies usually assume 100% 
bioavailability of the amount of chemical recovered by exhaustive extraction of the soil when 
conducting the assessment of pesticides. However, awareness is growing that this 
assumption is usually incorrect and can substantially over-estimate the environmental risk 
(Reid et al., 2000). The current procedures of exhaustive and rigorous extraction, determine 
the ‘non-extractable’ or ‘bound residue’ fractions. These may not provide information which is 
pertinent to evaluating the risks posed by those compounds in the environment.  
Because microorganisms respond to the bioavailable fraction of a chemical compound in 
soil, they can be practical indicator tools. Monitoring strategies for (the bioavailable fraction 
of) persistent organic pollutants (POPs) using microorganisms are manifold:  
• Certain key species (biomarkers) that are extremely sensitive or resistant to xenobiotic 
chemicals may be useful as indicators of soil POP pollution (Depledge, 1993).  
• Burlage et al. (1990) and Layton et al. (1998) described bioluminescence (light produced 
within an organism induced by the presence of the pollutant) for the monitoring of 
naphthalene degradation and the detection of polychlorinated biphenyls (PCBs) 
respectively. 
• The measurement of plasmid-containing bacteria or numbers of plasmids in the soil can 
be used as a general indicator of environmental contaminants, since the frequency of 
plasmid-containing soil bacteria has been shown to be higher in polluted soils (Breen et 
al., 1992).  
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• The measurement of the incidence or expression of catabolic genes is yet another 
possibility, as the presence of a certain pollutant in the soil causes an increased 
expression of the respective catabolic genes (Sarand et al., 1999). 
• The structure and diversity of whole microbial communities are often a reflection of the 
environmental quality. Pollution may exert a selection pressure, which induces a change 
in the microbial community structure (Seghers et al., 2003a, 2003c).  
 
The rationale for the use of microbial processes as soil quality indicators is their central role 
in cycling of C and N and other elements in the whole of the biosphere, and their sensitivity 
to changes (Nannipieri et al., 1990). This work took the challenge to define an essential and 
sensitive soil function as a monitoring tool for lindane pollution. Soil functions that are based 
on a large variety of populations able to perform the same process are known to be stable 
under a wide variety of environmental conditions (Griffiths et al. 2001). Since less functional 
diversity is translated in more sensitivity, a soil function that can only be performed by a 
limited number of microbial populations, must be a more sensitive indicator tool for soil 
health. Such a sensitive soil function, which moreover has become a more important part in 
the carbon cycle in the past decades, is methane oxidation.  
1.2.3 Methane oxidizing bacteria as monitoring tool 
1.2.3.1 Methane oxidation: an essential soil function 
Despite its low atmospheric mixing ratio and its short atmospheric residence time, methane 
(CH4) is considered as the most potent greenhouse gas after carbon dioxide (IPCC, 2001). 
This is due to its higher effectiveness (20-30 times) at absorbing long-wave radiation in 
comparison to CO2, and due also to the involvement of CH4 in chemical reactions leading to 
the formation of ozone (Crutzen, 1995). Apart from removal by reactions with hydroxyl 
radicals in the troposphere and stratosphere, the most important methane sink is methane 
oxidation in soil. Because CH4 concentration in the atmosphere has more than doubled in the 
post-industrial era, many research efforts have been spent to identify sources and sinks of 
methane. Methane flux measurements have demonstrated that soils are the most important 
biological sources and sinks of atmospheric methane: wetland soils produce on average 115 
Tg methane yr-1, while aerobic soils are estimated to represent a methane sink of around 30 
Tg methane yr-1 (IPCC, 1994). The balance between production of methane by 
methanogenic bacteria under anoxic conditions and the consumption of methane by 
methane oxidizing bacteria under oxic conditions determines whether a particular soil is a net 
source or a sink of atmospheric methane. Submerged wetland soils (e.g. swamps, rice 
paddies) are regarded as the most important source of atmospheric methane. The 
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contribution of these ecosystems to annual global methane emission has been estimated at 
55% (Le Mer and Roger, 2001). Non-flooded upland soils (e.g. forests, grassland, arable) are 
regarded as the only biological sink of atmospheric methane and are responsible for 6% of 
the global methane consumption (Le Mer and Roger, 2001). It is therefore evident that 
methane oxidation in soils is an essential ecological process that plays a crucial role in the 
global methane budget, and hence in our present and future climate. 
1.2.3.2 Methanotrophic bacteria 
GENERAL CHARACTERISITICS 
Methanotrophic bacteria, also called methanotrophs, are a subset of the group of the 
methylotrophs (obligate aerobic Gram-negative bacteria that use one-carbon compounds as 
sources of carbon and energy) and are characterized by their ability to utilize methane as a 
sole source of carbon and energy. Methane oxidation in aerobic methanotrophs is initiated by 
the use of methane monooxygenase enzymes (MMOs). These enzymes catalyze the 
oxidation of methane to methanol (Anthony, 1986). Two forms of MMOs exist: a soluble 
cytoplasmic enzyme complex (sMMO) and a membrane bound, particulate enzyme (pMMO). 
The sMMO is found in type II methanotrophs (see further) only and is expressed during 
growth in copper deficient media. It has broad substrate specificity and can cooxidize a range 
of alkanes, alkenes and aromatic compounds. The pMMO is found in all methanotrophs and 
copper is a required element for the synthesis of the enzyme. It has narrow substrate 
specificity but can cooxidize a number of short-chain alkanes, alkenes and ammonium. 
Methane oxidation with pMMO leads to higher growth yields than with sMMO (Burrows et al., 
1984). In the second step of the oxidation process, formaldehyde is formed, the intermediate 
for further assimilation. Figure 1.4 illustrates the pathway of methane oxidation. 
 
CLASSIFICATION 
 Phylogenetic classification  
A first phylogenetic classification system was introduced by Whittenburry and colleagues 
(1970) who isolated and characterized more than 100 methane utilizing bacteria that were 
divided into five groups based on morphology, type of resting stages, forms, the fine 
structure of intracytoplasmic membranes and some physiological characteristics. The genera 
proposed by Whittenbury et al. (1970) are still accepted: Methylomonas, Methylobacter, 
Methylococcus, Methylocystis and Methylosinus. Later, the genera Methylomicrobium, 
Methylospheara and Methylocaldum were added to this list. More recently, this classification 
was revised and the methane oxidizing bacteria were divided in two groups, the type I and 
type II methanotrophs, based on the study of the 16S rRNA (Tsuji et al., 1990). 
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Figure 1.5 Methane oxidation pathway of methanotrophic bacteria (Hanson and Hanson, 
1996) 
 
Type I methanotrophs belong to the γ-proteobacteria and are represented by the genera 
Methylococcus, Methylospheara, Methylocaldum and Methylomonas. Formaldehyde, 
produced from methane oxidation, is assimilated via the ribulose monophosphate (RuMP) 
pathway (Figure 1.5). Their membranes mainly contain fatty acids composed of 16 carbon 
atoms and they possess a large amount of intracytoplasmic membranes. Most type I 
methanotrophs are incapable of nitrogen fixation (Tsuji et al., 1990). 
Type II methanotrophs belong to the α-proteobacteria and include the Methylocystis and 
Methylosinus. The serine pathway is used for formaldehyde assimilation (Figure 1.5). They 
have intracytoplasmatic membranes around the periphery of the cell and their membranes 
contain predominantly 18-carbon fatty acids. These type II methanotrophs are able to fix 
nitrogen (Tsuji et al., 1990).  
Type I methanotrophs grow more rapidly than type II methanotrophs if mineral nitrogen and 
copper are available. The competition between the two types is also influenced by the 
amount of available methane. Type I methanotrophs dominate under relatively low methane 
concentrations and high oxygen concentrations. Type II methanotrophs prevail in the inverse 
situation (Graham et al., 1993). However, both types have been detected in various kinds of 
soils, including forests, rice paddies, landfill and agricultural soils (Jensen et al., 1998; Wise 
et al., 1999; Eller and Frenzel, 2001; Reay et al., 2001). 
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 Phenotypic classification  
Phenotypically, methanotrophic bacteria are classified according to their methane oxidation 
kinetics: methane can be consumed with high capacity and low affinity kinetics and low 
capacity and high affinity kinetics. The high capacity / low affinity methanotrophs are found 
in most methane producing soils (e.g. wetlands and landfills) (Reay, 2003). It mainly 
concerns type I en II methanotrophs that have been adapted to high methane 
concentrations. Km values are in the micromolar range (Bodelier and Laanbroek, 2004). Low 
capacity / high affinity methane oxidation occurs in soils that receive methane only through 
diffusion from the atmosphere (e.g. forest soil) (Reay, 2003). These soils usually only contain 
methane concentrations in the nanomolar range and Km values are very low (nanomolar 
range) (Bodelier and Laanbroek, 2004). Although some low affinity methanotrophs have 
been cultured, very little is known about high affinity methane oxidizing bacteria. It has been 
suggested that high affinity methane oxidation is carried out by hitherto unknown 
methanotrophic species. An alternative hypothesis states that high affinity methane oxidation 
is carried out by known methanotrophs that show unknown physiological characteristics after 
prolonged exposure to low methane concentrations.  
 
SIMILARITY BETWEEN METHANOTROPHS AND AMMONIA OXIDIZERS 
Ammonia oxidizing bacteria are chemoautotrophs that oxidize ammonia to nitrite to obtain 
energy for carbon oxide fixation. They belong to two phylogenetic groups of the 
proteobacteria. The genus Nitrosococcus is part of the γ-proteobacteria, whereas the genera 
Nitrosomonas and Nitrosospira belong to the β-proteobacteria. Ammonia oxidizers are 
widespread in the environment. Both ammonia oxidizers and methanotrophs oxidize 
ammonia and methane as well as several other substrates (Haber et al., 1984; Arciero et al., 
1989; Tsien et al., 1989). Most of these reactions are catalyzed by MMO and ammonium 
oxygenase (AMO) (Arciero et al., 1989; Oldenhuis et al., 1989). AMO, which initiates the 
oxidation of ammonia in ammonia oxidizers, and pMMO share several properties. 
Furthermore, the genes encoding for AMO ad pMMO contain several conserved regions 
suggesting that these genes may be evolutionary related. These facts have led to the 
hypothesis that methanotrophs may play a role in ammonia oxidation in some specific 
environments and that ammonia oxidizers may also oxidize methane under appropriate 
environmental conditions (Roy and Knowles, 1994; Holmes et al., 1995). 
1.2.3.3 Methane oxidation: a sensitive soil function  
SOIL CHARACTERISTICS CONTROLLING METHANE OXIDATION 
A linear increase of the methane oxidation between 4°C and 25°C was observed in a study 
of two boreal soils (Whalen and Reeburgh, 1996). An optimal temperature of 25°C was also 
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found in a study on methane oxidation in peat soils. Most methanotrophs in pure cultures are 
mesophiles, although some methanotrophs are capable of growth at temperatures of 50°C 
(Hanson et al., 1991; Bowman et al., 1995) and psychrophylic methanotrophs have been 
described as well (Omel'chenko et al., 1992). 
It was shown that the optimal pH for methane oxidation and growth of methanotrophs in soils 
usually coincides with the optimal pH for growth in vitro (Amaral and Knowles, 1998). A low 
soil pH inhibits methane oxidation (Hutsch et al., 1994). So far, no methanotrophs are known 
that are able to grow at a pH lower than 5.   
A negative linear correlation between soil methane oxidation and soil moisture content has 
been observed. Optimal moisture content is, however, highly dependent on the studied 
ecosystem. In forest soils for example, the optimum water content is 75% of the field 
capacity, whereas in bog soils this optimum is already reached at 50% of the field capacity 
(Whalen and Reeburgh, 1996). 
 
SENSITIVITY TOWARDS MINERAL FERTILIZERS AND PESTICIDES 
 Mineral fertilizers 
Mineral nitrogen fertilizer is one of the key factors inhibiting methane oxidation. This inhibition 
was first reported by Mossier et al. (1991) and was further intensely studied by many authors 
(Hutsch et al., 1993; Crill et al., 1994; Tlustos et al., 1998; Hutsch, 2001; Seghers et al., 
2003b). An important distinction should be made between the acute and chronic impacts of 
fertilization. Acutely, the fertilizer may directly interfere with the methanotrophic enzyme 
system resulting in an inhibition of the methane oxidation. Chronically, repeated fertilizer 
applications may shift the composition of the microbial community which results in an 
inhibited methane oxidation (Adamsen and King, 1993). An increase of ammonium oxidizing 
bacteria that possibly occupied the niche of certain methanotrophic bacteria was shown by 
Hermansson and Lindgren (2001). Seghers et al. (2003b) showed in their study that long-
term addition of mineral fertilizer resulted in a slower methane oxidation which was linked to 
an altered community structure of the methanotrophic bacteria.  
 
 Pesticides 
Topp et al. (1993) were the first to show that pesticides could negatively affect soil methane 
oxidation. The herbicide bromoxynil and the insecticide methomyl inhibited methane 
oxidation of soil slurries. Other studies showed that the pesticides 2,4-D (Arif et al., 1996), 
lenacil, sulcotrione, oxadixyl (Boeckx and Van Cleemput, 1996) and carbofuran 
(Kumaraswamy et al., 1997b) also inhibit methane oxidation. More recently, another five 
pesticides (dimethoat, isoproturon, propiconalzole, and fenpropimorph) were equally shown 
to exert similar negative effects (Prieme and Ekelund, 2001). As for the insecticide lindane, 
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one study reports on the inhibitory effect of an application of commercial HCH at a 
concentration of 10 mg kg-1 soil, based on the most probable number estimates of 
methanotrophic bacteria (Kumaraswamy et al., 1997a). These aforementioned studies only 
evaluated the short term effects of the application of pesticides. A study by Seghers et al. 
(2003a) revealed that the long-term use of the herbicides atrazine and metolachlor resulted 
in an altered methanotrophic community structure, although the abundance and activity of 
the methanotrophs remained unaffected. 
1.2.4 Monitoring methods 
Monitoring methods can basically be divided in two main groups of approaches: traditional 
physiological and biochemical methods (culture dependent) on the one hand and molecular 
methods (culture independent) on the other hand. Traditional methods have the shortcoming 
that they depend on an analysis of phenotypic expression (for example respiration, 
catabolism) or on the ability to cultivate microorganisms in the laboratory. However many 
microorganisms are not culturable (Amann et al., 1995, Table 1.3) and phenotypic gene 
expression can be very low under test conditions (Torsvik et al., 1996).   
 
Table 1.3 Culturability determined as a percentage of culturable bacteria in comparison with 
total cell counts (Amann et al., 1995) 
Habitat  Culturable (%) 
Seawater 0.001- 0.1 
Fresh water 0.25 
Mesotrphic lake 0.1-1 
Tapwater 0.1-3 
Activated sludge 1-15 
Sediments 0.25 
Soils 0.3 
 
Molecular methods, i.e. nucleic acid technology, overcome these drawbacks. Indeed, a 
community’s composition is most significantly represented by the complexity of information in 
nucleic acid molecules (Pickup, 1991; Stackebrandt et al., 1993; Amann et al., 1995; Holben 
and Harris, 1995). However, it must be stressed that, because each technique has its 
specific advantages and disadvantages, it is important to combine several techniques, each 
specialized in a different aspect, in order to obtain a coherent overview. 
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1.2.4.1 Techniques to study soil microbial communities 
CULTURE DEPENDENT TECHNIQUES 
Traditional plating of soil suspensions on different substrate specific media followed by 
counting morphological types provides a first estimation of the soil bacterial diversity. 
However, all culture dependent techniques are selective and specifically designed to detect 
microorganisms with particular growth forms or biochemical properties. As mentioned before 
these techniques are restricted as only a small fraction of the soil microbial community is 
culturable (Amann et al., 1995). 
More information on the metabolic diversity of microbial communities is obtained through 
Community Level Physiological Profiling (CLPP), which is based on measuring oxidative 
catabolism of different substrates as potential sole C source (Garland and Mills, 1991). This 
measurement is done by using a multi-well plate (BIOLOGTM), which tests 95 different 
substrates simultaneously and as such assesses the physiological diversity in the soil. 
Differences in CLPP profiling can be interpreted as differences between the most active 
members of the community.  Again, the most important disadvantage of the technique is that 
only the fast growing cultivable fraction is selected.  
 
CULTURE INDEPENDENT TECHNIQUES 
 Fatty acids analysis 
Phospholipid Fatty Acid (PLFA) and Fatty Acid Methyl Ester (FAME) analysis are based on 
the principle that microorganisms produce signature fatty acids that can be detected and 
quantified. These fatty acids are specific components of the cell membrane, exclusively 
present in viable cells. This makes the analysis a good indicator of recent microbial activity 
(Zelles, 1999). 
 
 Molecular DNA/RNA  based analysis 
The rRNA molecules have since long been recognized for their utility as molecular 
chronometers (Kent and Triplett, 2002). These molecules occur in all organisms and possess 
a high degree of structural and functional conservation. The large rRNA molecules contain 
many domains with independent rates or sequence change (related to their structural and 
functional conservation). Examination of these changes over time allows phylogenetic 
relationships to be measured. A number of methods have been developed that exploit this 
sequence divergence among taxa to examine microbial community structure. Polymerase 
chain reactions (PCR) are often used to amplify phylogenetic markers from DNA extracted 
from the microbial community. The phylogenetic diversity of soil microorganisms represents 
the genetic resources, i.e. the actual and potential functions of the soil ecosystem (Neiendam 
Nielsen and Winding, 2002). For bacterial genetic diversity, 16S ribosomal RNA genes are 
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most often studied, because these genes occur in all bacteria and, moreover, show variation 
in base composition among species, which provides phylogenetic information (Woese, 
1987).  
One method for examining the diversity of 16S rRNA gene sequences in microbial soil is 
genetic fingerprinting which provides a profile that describes the genetic diversity within a 
microbial community. These profiles are tools to detect shifts of communities subjected to 
temporal fluctuations or environmental perturbations. Amplified ribosomal chain reaction 
(ARDRA) generates a fingerprint after restriction of PCR amplified DNA. The methodology is 
based on differences in base pare composition which result in different restriction fragments 
(Widmer et al., 1998). Terminal restriction fragment length polymorphism (T-RFLP) is related 
to ARDRA, but this technique uses a fluorescent labelled primer during PCR (Liu et al., 
1997). SSCP (Single Strand Conformation Polymorphism) is another fingerprinting 
technique, which is based on the specific folding of rRNA molecules. The fingerprint is in this 
case based on the variable rate of migration of the molecules through an acrylamide gel 
(Schwieger and Tebbe, 1998). The most cited technique for genetic fingerprinting of 
microbial communities, however, is denaturing gradient gel electrophoresis (DGGE) or the 
related temperature gradient gel electrophoresis (TGGE) (Muyzer et al., 1993). These 
techniques allow a separation of DNA fragments of the same length but with different base 
pair composition. This separation is based on the decreased electrophoretic mobility of a 
partially melted double stranded DNA molecule in polyacrylamide gels containing a linear 
gradient of DNA denaturants (DGGE) or a linear temperature gradient. These techniques 
have been shown to provide a fast screening of multiple samples and to provide information 
on dominant species and changes within a community (Torsvik et al., 1996). Limitations of 
DGGE/TGGE are due to the length of the DNA fragments that can be used, which is limited 
to approximately 500 bp. In addition, small variations are not always detectable and only the 
species that represent at least 1% of the population are visible on the gel. Co-migration of 
different DNA fragments may compromise the identification of individual bands. Despite 
these limitations, DGGE/TGGE analyses have been used successfully in the study of 
complex microbial communities during the past years (El Fantroussi et al., 1999; Kowalchuk 
et al., 1997; Seghers et al., 2003b, 2003c). 
 
QUANTIFYING SOIL MICROBIAL DIVERSITY 
There is a great interest in the relation between soil microbial diversity and function in the 
soil, which is part of a more general concern to conserve biodiversity and its recognized role 
in maintaining a functional biosphere. The concept of diversity has two facets: richness or the 
number of species, and evenness or equality in the abundances of these species. 
Mathematical representations of diversity can be given by the calculation of diversity indices. 
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Although originally used in the study of macroorganisms, these approaches are also 
applicable in the study of microbial communities. A range of indices have been used to 
quantify diversity of microbial communities (Hill, 2003). In particular the ubiquitous Shannon 
index, the evenness indices derived from it, and Simpson’s dominance index have been 
used very often. However, several authors have criticized the use of such diversity indices 
(Hurlbert, 1971; Peet, 1974, 1975) because of ambiguous meanings and interpretations 
attached to them.  
A different approach to assess diversity is the use of Lorenz curves. Max Lorenz (1905) 
developed these curves as a graphical representation of income distribution. It portrays 
observed income distributions and compares these to a state of perfect income equality. For 
applications other than economical, Taille (1979) showed that this type of curves are good 
estimators of species evenness.   
A Lorenz curve is obtained by ranking the abundances of the species from high to low. Table 
1.4 shows an example for 3 different communities, A, B and C, all containing 4 different 
species (species 1 to 4).  
 
Table 1.4 Communities A, B and C containing 4 species with different abundances. 
Community C has a perfectly equal distribution, community A is the least equally distributed 
 Abundance of species 
Species Community A Community B Community C 
1 10 10 2 
2 4 8 2 
3 3 8 2 
4 1 4 2 
 
The cumulative proportion of species (for the example 1/4, 2/4, 3/4 and 4/4) is used as the  
X-axis and the Y-axis represents the cumulative proportion of abundances (for the example, 
for community A 10/18, 14/18, 17/18 and 18/18). This yields a concave curve (Figure 1.6). 
The evenness of a community with profile A is lower than the evenness of a community with 
profile B if profile A lies above profile B. Profile C corresponds to the perfect evenness 
situation.  
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Figure 1.6 Lorenz curves of different 
populations A, B and C. The number of 
species and abundances of the populations 
is indicated in the table. Population C is a 
perfectly even distributed population (all 
species have an abundance of 2) 
population; population A is the least equally 
distributed population. For curve A the Gini 
coefficient is twice the shaded area 
 
 
Lorenz curves can be characterized with Gini coefficients. The Gini coefficient, a number 
between 0 and 1, is the numerical value of equality and is calculated as twice the area above 
the Lorenz curve, using the following formula:  
G = 1 -  [(N+1)/N] –  [(2/µN2)*ΣNi=1 ixi] 
 (N = number of species; xi = abundance of species I; µ = mean abundance) 
 
The use of Lorenz curves or Gini coefficients in microbial diversity analysis has been 
reported in one study by Harch et al. (1997). They investigated changes to soil communities 
through changes in carbon-source utilisation. It was shown that Gini coefficients are highly 
correlated with other diversity indices (e.g. Shannon: r=0.967). The approach of Lorenz-Gini 
is however preferred because of its graphical interpretation. 
1.3 Removal of lindane (and other HCH isomers) from soil 
Different approaches for removal (elimination) of lindane and its waste isomers exist. The 
choice depends on the one hand on the degree of urgency but, on the other hand on the type 
of contamination (in water, sediment or soil) and its concentration (ranging from the order of 
ng per l water or kg soil to almost pure product). The following chapter focuses on the 
removal of HCHs from soil. 
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1.3.1 Physical-chemical removal techniques 
Several physical-chemical techniques for the removal of lindane and its waste isomers exist. 
A simple and obvious method would be combustion, but the need for very high temperatures 
and the additional need to strictly control reaction conditions in order to avoid the formation of 
undesirable toxic polychlorinated dioxins, make this technique very expensive  (Vikelsoe and 
Johansen, 2000). Some other physical-chemical non-combustion technologies for the 
removal of HCHs are listed in Table 1.4. 
 
Table 1.4 Physical-chemical non-combustion technologies for HCH removal from soil 
(USEPA, 2005) 
Technology Principle Ex / In situ  
Mechano-chemical 
dehalogenation 
Mechanical energy is used to initiate chemical 
reactions. Intense mixing in a mill brings reactants into 
close contact. Grinding reduces particle size and 
increases surface area for reaction. New reactive 
surfaces are exposed and the introduction of 
dislocations increases surface reactivity. At contact 
between two grinding balls during a collision event, a 
highly localised triboplasma is formed giving energy for 
chemical reactions to occur. Milling also creates 
radicals, which can react with neighbouring compounds 
ex situ 
Gas-phase chemical 
reduction 
Gas-phase chemical reduction of organic compounds 
by hydrogen at 850°C or higher. Chemical reduction to 
methane and hydrogen chloride. Efficiency is enhanced 
by the presence of water, which acts as a heat transfer 
agent and a source of hydrogen 
ex situ  
In situ thermal 
destruction 
Heat and vacuum are applied to subsurface soils. 
Thermal conduction accounts for the majority of heat 
flow from the heaters (~800° C). Volatile and semi-
volatile contaminants in the soil are vaporized and 
treated by a number of mechanisms: (1) evaporation 
into the subsurface air stream induced by application of 
vacuum, (2) steam distillation into the water vapor 
stream, (3) boiling, (4) oxidation, and (5) pyrolysis. The 
vaporized water, contaminants, and natural organic 
compounds are drawn by the vacuum in a counter-
current direction to the heat flow into the vacuum 
source at the thermal wells or blankets 
in situ 
Base catalyzed 
decomposition 
Heat treatment to 300°C in the presence of a reagent 
mixture consisting of a high boiling point hydrocarbon, 
sodium hydroxide and a proprietary catalyst. Highly 
reactive atomic hydrogen cleaves the chemical. The 
residues produced are carbon and sodium salts of 
anions liberated during the complete decomposition 
reactions, which are separated by gravity or 
centrifugation 
ex situ  
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Although very effective, these kinds of physical-chemical removal techniques are often very 
costly. Moreover, soil clean-up is often restricted to an ex situ treatment, which increases 
costs even more. These techniques are therefore economically only justified when dealing 
with very urgent and highly concentrated polluted sites. 
1.3.2 Bioremediation 
Bioremediation is the process by which living organisms degrade hazardous organic 
contaminants. Microbial metabolism is accepted as a safer and efficient tool for the removal 
of many such organic pollutants. The relatively inexpensive technology of bioremediation for 
reclaiming chemically contaminated land has therefore been steadily gaining acceptance 
since the 1980’s. Different bioremediation approaches have been successfully applied for the 
removal of soils contaminated with a variety of xenobiotic compounds (Newcombe and 
Crowley, 1999; Top et al., 1999; Cunningham and Philip, 2000; Juhasz et al., 2000; Runes et 
al., 2001; Manzano et al., 2003). Bioremediation may be applied after excavation of polluted 
site material and transport to a controlled environment (ex situ) or, under relatively natural 
conditions in the field (in situ). Different bioremediation approaches for soil clean-up exist, 
including natural attenuation and enhanced natural attenuation (biostimulation or 
bioaugmentation). 
1.3.2.1 Natural attenuation 
The USEPA defines natural attenuation (NA) as the whole of processes of biodegradation, 
diffusion, dilution, sorption, volatilization and/or chemical and biological stabilization of 
contaminants, which effectively reduces toxicity, mobility or volume to levels that are 
protective of human health and the environment. These processes influence the persistence 
of soil contaminants, as is shown in Table 1.5 for persistent organic pollutants (POPs). 
 
BIODEGRADATION OF LINDANE (AND OTHER HCH ISOMERS) 
In this work biodegradation is defined as the biological breakdown of complex organic 
compounds. Complete (bio)degradation to inorganic compounds is referred to as 
mineralization. The term transformation is used to define the metabolism of organic 
compounds in general.  
Despite its persistence, HCH biodegradation has been reported in various environments. 
Isolation of lindane degrading microorganisms by enrichment culture has confirmed the 
ability of specific strains to degrade lindane and other HCH isomers either aerobically or 
anaerobically. Some of these strains are able to grow on HCH as a sole source of carbon 
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and energy. The following paragraphs provide a (non exhaustive) overview of the different 
processes leading to the biodegradation of lindane and its waste HCH isomers.  
 
Table 1.5 Natural attenuation processes that influence the persistence of POPs in soil 
(modified from Peijnenburg, 2004) 
NA processes in soil Effect on POP persistence Comment 
Sorption +++ Related to high Kow
  values 
Diffusion + Related low solubility 
Dilution + Related low solubility 
Volatilization - Even volatile POPs will volatilise only 
in limited amounts due to strong 
sorption to soil 
Microbial 
transformation 
+ → ++++ Major process (if present)  that 
determines fate of POPs 
Chemical/Biological 
stabilization 
+++ Related to humification and ageing 
Uptake by plants - Related to high lipophilicity 
Uptake by soil fauna ++ Related to high bioconcentration 
factors 
++++ : very general and strong; +++ : general and strong; ++ : regularly; + seldom/hardly; - : not 
 
Table 1.5 illustrates the putative determinative role of microbial transformation in the process 
of NA. The following paragraph elaborates on the role of microorganisms in the removal 
(biodegradation) of lindane and its waste isomers from soil.  
 
 Anaerobic biodegradation  
Initially it was thought that biodegradation of HCH only occurred under anaerobic conditions. 
Dechlorination of the 4 common HCH isomers was observed under anoxic conditions in soils 
and soil slurries (Jagnow et al., 1977; MacRae et al., 1984); field studies with saturated soils 
(Chessels et al., 1988), pure cultures (Jagnow et al., 1977) and in in situ groundwater plumes 
(Langenhoff et al., 2002). Complete mineralization under anaerobic conditions has not been 
reported so far.  
The first anaerobically lindane degrading isolate was Clostridium sphenoides UQM780 
(MacRae et al., 1969). Later, several other degrading microorganisms were described, e.g. 
other Clostridium sp. strains, some Bacillus sp., Enterocateriaceae, marine microorganisms, 
cyanobacteria, sulphate reducing bacteria and several other non-identified anaerobic 
microorganisms (Boyle et al., 1999; Jagnow et al., 1977; Kuritz and Wolk, 1995; Middeldorp 
et al., 1996). Results on the degradation of the different HCH-isomers are very 
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heterogeneous, mainly due to the type of microorganism used and the adaptation degree to 
the pollutants (Moreno and Buitron, 2004). In a study by Haider and Jagnow (1975), γ-HCH 
was degraded up to 90% after 5 d, while α- and β-HCH were shown to be recalcitrant both in 
methanogenic and sulphate-reducing conditions (Bachmann et al., 1988).The degradation of 
all four HCH isomers by mesophylic anaerobic sludges was reported by Buser and Muller 
(1995) and Quintero et al. (2005). Middeldorp et al. (1996) attained the degradation of α-, β-, 
γ- and δ-HCH  by anaerobic sludge from a wastewater treatment plant. In the pathway of 
anaerobic degradation of HCHs, tetrachlorocyclohexene (TCCH) is identified as an 
intermediate, although it is postulated that the primary intermediate was 
pentachlorocyclohexane (PCCH), which is too unstable to be detected. The complete 
pathway is shown in Figure 1.7. 
 
Figure 1.7 Anaerobic degradation pathway of HCH (Middeldorp et al., 1996) 
 
Recently Doesburg et al. (2005) reported the use of β-HCH as an alternative electron 
acceptor for the Stickland reaction by a Dehalobacter species in coculture with a 
Sedimentibacter sp., thus coupling the dechlorination of HCH to the generation of ATP. The 
culture grows with H2 as electron donor and β-HCH as electron acceptor. This process is 
referred to as dehalorespiration (De Weerd et al. 1990) and previously seemed to be 
confined to the dechlorination of chlorinated ethenes and chloroaromatic compounds while 
chlorinated alkanes were found to be converted solely via cometabolic processes (El 
Fantroussi et al., 1998).  
 
 Aerobic biodegradation 
Complete mineralization of HCHs has only been observed under oxic conditions. Microbial 
aerobic degradation of the 4 HCH isomers has been observed frequently in both mixed soil 
cultures (Bachmann et al., 1988; Doelman et al., 1985; Sahu et al., 1993) and pure cultures 
(Matsumura et al., 1976; Senoo and Wada, 1989; Thomas et al., 1996; Bhuyan et al., 1993, 
Sahu et al., 1990; Johri et al., 1998). The best studied pathway for anaerobic degradation of 
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lindane and other HCH isomers is the one found in Sphingomonas paucimobilis UT26. 
Sphingomonas paucimobilis UT26 is a nalidixic acid-resistant mutant of Pseudomonas 
(reclassified Sphingomonas) paucimobilis SS86, which was initially isolated from an upland 
soil in Japan (Imai et al., 1989; Senoo and Wada, 1989). UT26 is capable of aerobically 
degrading α-, γ- and δ-HCH and using γ-HCH as a sole source of carbon (Nagasawa et al., 
1993). The degradation pathway shown in Figure 1.8 involves several enzymes encoded by 
linA, linB, linC, linD, linE, linF, linR and linX, leading to eventual mineralization via 
maleylacetate and β-ketoadipate, common metabolites in the microbial pathways of aromatic 
compounds. The genes, gene products and their reactions have all been studied in detail 
(Imai et al., 1991; Nagata et al., 1993, 1994; Miyauchi et al., 1998, 1999; Endo et al., 2005). 
Table 1.6 summarizes the genes and the respective reactions the gene products catalyze.  
 
Table 1.6 Enzymes and their functions and encoding genes involved in the degradation of 
lindane and other HCHs 
Gene Enzyme Function 
linA LinA Dehydrochlorinase 
linB LinB Halidohydrolase 
linC LinC Dehydrogenase 
linD LinD Reductive dehalogenase 
linE LinE Dioxygenase 
linF LinF Maleylacetate reductase 
linX LinX Dehydrogenase 
 
LinA, linB, linD and linE encode enzymes that catalyze multiple reactions, while the gene 
product of linC (and the related linX) only catalyzes one reaction. Although LinC and LinX 
catalyze the same reaction, namely the conversion of 2,5-DDOL to 2,5-dichlorohydroquinone 
(2,5-DCHQ) via a NAD+-dependent dehydrogenase reaction (Nagata et al., 1994), LinX 
activity is much lower and the amino acid sequence identity between the two proteins is only 
33.1%. The linA, linB, and linC genes for the upstream pathway are dispersed on the UT26 
genome and are constitutively expressed (Nagata et al., 1999). On the other hand, the linD 
and linE genes form an operon and their expression is induced by a transcriptional regulator 
LinR, in the presence of HQ-type compounds, such as CHQ, HQ, and 2,5-DCHQ (Miyauchi 
et al., 2002). The involvement of linF was just recently described and its regulation is still 
under investigation (Endo et al., 2005).  
Other HCH-degrading strains have been isolated. Sphingomonas paucimobilis B90 was 
isolated from a rice soil in India and was the first microorganism reported to degrade all 4 
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HCH isomers (Johri et al., 1998; Kumari et al., 2002). Genes linA, linB and linC found in 
Sphingomonas paucimobilis B90 were homologous to those in Sphingomonas paucimobilis 
UT26.  Another α- and γ-HCH-degrading species isolated from a soil in France, 
Rhodanobacter lindaniclasticus (Nalin et al., 1999) was also found to express two genes with 
homology to linA and linB of Sphingomonas paucimobilis UT26 (Thomas et al., 1996). More 
recently, several HCH-degrading Sphingomonas strains were isolated from soils in Northern 
Spain (Böltner et al., 2005), in which HCH degradation was also found to be regulated by lin 
genes homologous to those found in Sphingomonas paucimobilis UT26. 
 
 Biodegradation by fungi 
Pure cultures of the lignin-degrading fungi Phanerochaete chrysosporium and Trametes 
hirsutus have been shown to degrade lindane (Bumpus et al., 1985; Kennedy et al., 1990; 
Mougin et al., 1997; Singh and Kuhad, 1999). The proposed mechanism for degradation was 
similar to that of lignin degradation, i.e. multiple non-specific oxidative reactions resulting 
from generation of carbon-centered free-radicals (Bumpus et al., 1985). The ability of several 
white rot fungi (Pleurotus sajorcaju, Pleurotus florida and Pleurotus eryngii) to degrade 
lindane was reported by Arisoy (1998).  
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FACTORS AFFECTING THE BIODEGRADATION OF LINDANE (AND OTHER HCH ISOMERS) 
Many variables affect the rate of biodegradation in soil which may vary from location to 
location for a given set of environmental conditions. These variables can be split up in three 
different groups: microbiota related, substrate related and soil related factors (Figure 1.9). 
 
 
Figure 1.9 Variables that affect biodegradation (modified from Doelman and Breedveld, 
1999) 
 
 Redox potential 
Since HCH biodegradation was initially thought to be an anaerobic process (MacRae et al., 
1967; Siddaramappa and Sethunathan, 1975; Jagnow et al., 1977; MacRae et al., 1984; 
Chessels et al., 1988), anoxic conditions were suspected to increase HCH removal rates. 
Chessels et al. (1988) reported a correlation between soil moisture content and the 
degradation of HCHs. Oxic conditions may however exist at the water-air interphase 
(Siddaramappa and Sethunathan, 1975), therefore the assessment of the redox potential is 
important since it is now known that aerobic biodegradation also occurs. Doelman et al. 
(1990) reported the degradation of α-HCH under oxic conditions, while Bachmann et al. 
(1988) studied the degradation of α-HCH under oxic, denitrifying, sulphate-reducing and 
methanogenic conditions in soil slurries. In the latter study it was shown that degradation was 
most rapid under oxic conditions, although significant reduction was also observed under 
methanogenic conditions. Denitrifying and sulphate-reducing conditions did not establish 
significant degradation of α-HCH. Middeldorp (1996) also reported the degradation of α-HCH 
under methanogenic conditions, but also showed the degradation of β-, γ- and δ-HCH under 
these conditions, providing evidence of the removal of these isomers under anoxic 
conditions. MacRae (1984), on the other hand, found that all four isomers could also be 
degraded aerobically. Evidence of aerobic γ-HCH removal was also provided by Bhuyan et 
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al. (1992) and Yule et al. (1967). β-HCH is generally accepted to be the most recalcitrant 
HCH isomer (Bachmann et al., 1988; Doelman et al., 1990), and several studies have 
suggested that significant β-HCH degradation does not occur under oxic conditions 
(Siddaramappa and Sethunathan, 1975; Van Eekert et al., 1998). However, MacRae (1984) 
reported 14% β-HCH removal from a soil slurry under oxic conditions and 11% removal has 
been shown by Phillips et al. (2000) in oxic soil microcosms. More recently, several bacteria 
of the genus Sphingomonas have been reported to be able to aerobically degrade β-HCH 
(Suar et al., 2004; Böltner et al., 2005). Moreover, complete mineralization of HCHs is 
generally only reported under oxic conditions (Bachmann et al., 1988; Huntjens et al., 1988; 
Sahu et al., 1990; Nagasawa et al., 1993).  
 
 Bioavailabiltiy 
The same factors that affect solubility and sorption of HCHs influence their movement within 
the soil matrix, thereby affecting their bioavailability and biodegradation. Although organic 
matter increases the adsorption of organic contaminants to soil and as such reduces their 
bioavailability (El Beit et al., 1981), it also might increase microbial activity and thus enhance 
biodegradation rates. Other factors that were shown to increase adsorption of HCHs in soil 
are clay content and iron and magnesium minerals (El Beit et al., 1981). On the other hand, 
Chessels et al. (1988) indicated that higher silt content results in higher moisture retention, 
which in turn increases bioavailability by inhibiting sorption. Figure 1.10 shows how Rijnaarts 
et al. (1990) illustrated that desorption was the limiting factor for α-HCH degradation.  
 
 
Figure 1.10 The α-HCH degradation and desorption rate (r0) at various α-HCH 
concentrations (Rijnaarts et al., 1990) 
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 Temperature and pH 
Optimum pH and temperature ranges were studied for several HCH-degrading species. For 
a Pandoraea species (Okeke et al., 2002) optimal degrading conditions in soil were 
determined to be pH 9 and 25-30°C.  Clostridium rectum had an optimum at a pH of 7-8 and 
a temperature 37-38°C. No bacteria have been found to degrade HCH at extreme 
temperature conditions (<5°C or >40°C). It has however been shown in some studies that the 
influence of temperature is not as significant as that of other soil conditions such as redox 
conditions and moisture content (Doelman et al., 1988a, b). 
 
 Contaminant concentration 
Biodegradation rates in soil generally follow first-order kinetics and are concentration 
dependent. As a consequence, HCH removal rates might be expected to slow down as the 
HCH concentrations decrease (El Beit et al., 1981).  
1.3.2.2 Enhanced natural attenuation 
When human intervention occurs in order to stimulate biodegradation. one speaks of 
enhanced natural attenuation. Various degrees of interventions may be implemented. Certain 
compounds can be added to the soil in order to improve environmental conditions that 
stimulate biodegradation. This is referred to as biostimulation. The actual addition of specific 
degrading microorganisms is called bioaugmentation.  
 
BIOSTIMULATION 
One approach of bioremediation is the optimization of the environmental conditions 
discussed previously, to stimulate growth and biodegradation of HCHs by indigenous 
microorganisms. Supplemental nutrients and organic amendments may be added to enrich 
the habitat for degrading organisms. Inorganic macronutrient sources of nitrogen, 
phosphorus, magnesium or potassium may be added to stimulate degradation. For example, 
MacRae (1984) showed a stimulated removal of α-, β- and δ-HCH by the amendment of 
urea. Potassium chloride and potassium sulphate were also shown to enhance γ-HCH in cell 
suspensions of Clostridium sp. (Sethunathan et al., 1969). Peptone, yeast extract are often 
required in the degradation of HCH by cultures that are unable to metabolize HCHs without 
another source of carbon in the media (Ohisa et al., 1980; MacRae et al., 1984; Maule et al., 
1987).  Other carbon sources might enhance degradation in soil where carbon is lacking, but 
will inhibit HCH removal when added in excess (Castro and Yoshida, 1974; Siddaramappa 
and Sethunathan, 1975; Sahu et al., 1993). Plant-derived organic amendments are often 
used in bioremediation because of the availability of large quantities of raw material and 
because of low cost. They are selected on the basis of desirable C:N:P ratios to be used as 
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nutrient source, but they also improve aeration and water retention in the soil (Castro and 
Yoshida, 1974; Siddaramappa and Sethunathan, 1975; Bhuyan et al., 1993; Manonmani et 
al., 2000; Phillips et al., 2000). 
 
BIOAUGMENTATION 
Another approach of bioremediation of xenobiotic chemicals is bioaugmentation, i.e. the 
inoculation of specialized degrading microorganisms, in order to introduce competent 
bacteria and minimize the lag period before biodegradation begins. Inoculation of soil with a 
history of contamination, that already contains acclimated microorganisms, might result in 
enhanced biodegradation. Another possibility is the inoculation of pure degrading strains, 
that have been isolated from another source or that have been genetically engineered 
(GEMs).  
 
 Problems  
Once applied, the success of a bioaugmentation procedure depends on the establishment of 
microorganisms and on the expression of the necessary degradative genes (Daubaras and 
Chakrabarty, 1992; Providenti et al., 1993). In general, population sizes of bacteria decline 
more or less rapidly following introduction into a natural soil, and growth of introduced 
populations in microbiologically undisturbed soils is a rare phenomenon. This 
growth/survival-inhibitory effect of soil has been called microbiostasis (Ho and Ko, 1985). It is 
attributed to the scarcity of available nutrient sources and the hostility of the soil environment 
to incoming microorganisms due to both abiotic and biotic factors. Abiotic soil factors such as 
soil texture, pH, temperature and moisture may impose stresses of various natures (van 
Elsas et al., 1991; Evans et al., 1993). They can also act indirectly by affecting the activity of 
the indigenous population (Paul and Clark, 1988; Berry and Hagedorn, 1991; van Elsas et 
al., 1991). Biotic factors include the predation by protozoa (Chevalier and de la Noue, 1985; 
Gilson et al., 1990; Radehaus, 1992; Providenti et al., 1993; Fry and Mehlhorn, 1994), a 
limited starvation resistance (Acea et al., 1988), and the lack of suitable niches for extended 
cell survival (van Elsas and Heijnen, 1990). Another biological factor is the competition 
between the inoculant and the indigenous populations for available substrate and space 
(Postma et al., 1990).  
 
 Strain selection 
An important factor that may determine the success of bioaugmentation is the identification 
and isolation of appropriate microbial strains, and their subsequent survival and activity, once 
released into the target habitat. Until recently, strain selection has been based on the single 
key criterion of degradation ability, with no consideration of the potential ability of strains to 
proliferate and be active in sites to which they are applied. Microbial strains for 
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bioaugmentation are most often isolated by selective enrichment (Beijerinck, 1901), in which 
strains from polluted samples are enriched to grow in culture, using the target contaminant 
as the sole source of carbon, nitrogen or energy. The procedure results in the selection of 
strains that express the required degradation ability. However, such enriched populations are 
not necessarily representative of indigenous communities in the target habitat. During the 
enrichment procedure no selection is made for strains that can be competitive and effective 
in the target environment, characterized by fluctuating environmental conditions (e.g. 
moisture, nutrients, redox, pH and osmotic factors), competition with indigenous microbial 
populations and other stresses (Recorbet et al., 1992; England et al., 1993). 
In order to increase bioaugmentation success rates, the initial selection step should be based 
on a priori knowledge of the ubiquity, population dynamics and spatial and temporal 
distribution of microbial communities in sampled habitats. The recent advances in molecular 
technology have made it possible to identify in situ populations that perform specific 
processes of interest. Molecular techniques such as denaturing gradient gel electrophoresis 
(DGGE) (Muyzer et al., 1993), terminal restriction fragment length polymorphism (tRFLP) 
(Liu et al., 1997), and length-heterogeneity polymerase chain reaction (LH-PCR) (Suzuki et 
al., 1998) enable the assessment of the composition and structure of microbial communities 
in the environment.  
Several studies have shown how a systematic selection process for competitive bacterial 
strains might be used to improve bioaugmentation. In an extensive field study by Goddard et 
al. (2001), 690 isolates of fluorescent pseudomonads from a single site were analysed to 
determine the genetic composition using RFLP rRNA analysis, and dynamics of the 
population over several seasons. It was found that 26 ribotypes were detected more 
frequently and that one isolate, ribotype A, was ubiquitous in all samples analyzed. Ribotype 
A was subsequently genetically tagged and inoculated in field soil and found to persist 
significantly better than randomly selected ribotypes. These results demonstrated that 
genetically similar strains can have different survival competencies when introduced in the 
environment. In a similar study, species abundance in the target habitat (rhizosphere) and 
the ability to degrade a contaminant (naphthalene) were used to select strains for long-term 
phytoremediation applications (Kuiper et al., 2001). The authors demonstrated a 100-fold 
increase in strain survival after two enrichment cycles within the Lolium multiflorum 
rhizosphere, in addition to naphthalene degradation. In another series of studies, a 
systematic selection/isolation programme was undertaken to select inoculants to treat spent 
metal working fluids in bioreactors (van der Gast et al., 2002; van der Gast et al., 2003a; van 
der Gast et al., 2003b; van der Gast et al., 2004), also based on significant criteria that 
reflected key features of the microbial habitat. A consortium of four isolates was generated 
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that proved to be 85% more effective than undefined inoculants from sewage. The 
consortium performance was more consistent and predictable than that of uncharacterized 
microbial communities. 
However, tailoring inoculants for every site and application is not practicable and the 
approach of enrichment and subsequent isolation remains essential in order to derive 
‘superior strains’ and will therefore continue to be an essential step in obtaining exploitable 
strains (Singer et al., 2005). 
 
 Encapsulation 
When applying an inoculant to a harsh environment such as soil, an attractive option is 
encapsulation since this can provide a protective niche and even temporary nutrition for the 
introduced microorganism (Van Veen et al., 1997). The capsules can establish “hot spots” in 
the soil where inoculant cell densities are high. These hot spots may act as catalytic sites 
where the biodegradation process takes place.  
It has been suggested that encapsulation provides a stable microenvironment for the 
entrapped cells and as such protects the cells from environmental stresses. In a study by 
Trevors et al. (1993) encapsulated cells in alginate remained stable after drying/rewetting in 
soil in contrast to free cells that were reduced with two log units CFU g-1soil. This stability 
was explained by the reduced osmotic shock, as no instantaneous removal or influx of water 
occurs in the capsules (Kaerney et al., 1990). Also, a protective effect of encapsulation 
during freeze/thaw cycles (Leung et al., 1994) and resistance to pH and temperature 
fluctuations (Adlercreutz et al., 1985) have been demonstrated.  
The physical restriction to protozoa provided by soil aggregates can protect 
microorganisms from predation (Heijnen et al., 1988; England et al., 1993). Therefore, 
due to the similarity between a soil aggregate and a capsule matrix, it is likely that protection 
form predation is one of the factors that play a role in increased survival of encapsulated 
cells. In a study on the protection of a Psuedomonas species against bacteriophage activity, 
increased cell survival of encapsulated cells in soil compared to free cells was demonstrated 
(Smit et al., 1996). 
Encapsulation further appears to protect cells from toxic levels of compounds that 
normally result in inhibitory effects in free cells (Bettmann and Rehm, 1984; Westmeier and 
Rehm, 1985; Curtain, 1986; Barros et al., 1987). Bettman and Rehm, in their study on the 
degradation of the toxic phenol by free and encapsulated cells, postulated two mechanisms 
for the observed increased degradation in encapsulate cells: a) cell growth into microcolonies 
inside the capsules may protect the cells or b) the colonies around the outside edge of the 
capsules form a phenol diffusion barrier that protects cells inside the capsule (Bettmann and 
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Rehm, 1984). Toxicity reduction may also be due to adsorption of the toxic compound to the 
carrier, reducing overall toxicity levels (Mörsen and Rehm, 1987). This protective effect could 
allow degradation of concentrations of substrate which could be lethal to free cells.  
An increased metabolic activity of encapsulated cells compared to free cells has been 
reported in several studies. For example, encapsulated Saccaromyces cerevisiae produced 
from 50% to 80% more ethanol (Doran and Bailey, 1986; Galazzo and Bailey, 1990); 
Botryociccus braunii produced 20-25% more hydrocarbons (Bailliez et al., 1985) and 
complete fermentation was observed by encapsulated Saccaromyces bayanus compared to 
only 66% fermentation by free cells (Barros et al., 1987). In another study by Smith et al. 
(1993) on the transformation of propene to 1,2-epoxypropane by Mycobacterium sp. E3, it 
was however postulated that the presence of alginate and calcium, rather that the 
encapsulation matrix itself, was responsible for the increase in 1,2-poxypropane production. 
Although an increased metabolic activity with encapsulated cells has been observed in many 
studies, the precise mechanisms responsible for this effect are not known. 
Also increased plasmid stability has been observed with encapsulated recombinant cells 
for example with encapsualted E.coli cells containing the pTG201 plasmid (Nasri et al., 
1987a, 1987b). High stability of pTG201 and pTG206 was also observed for 200 generations 
of encapsulated E. coli cells (Berry et al., 1988) and Sayadi et al. (1987) observed high 
plasmid stability with the same cells over 140 generations at temperatures of 31, 34 and 
37°C with no selection pressure. The precise mechanisms that confer plasmid stability in 
encapsulated cells are however not yet understood. Absence of competition between 
plasmid-carrying and plasmid-free cells within the matrix or selective wash-out pressure in 
bioreactors have been put forward as possible explanations (Kumar and Schugerl, 1990). 
Plasmid stability is a feature which can influence the effectiveness of microbial 
bioremediation of contaminated soils, since many genes encoding degradative enzymes are 
carried on plasmids. 
 
An optimal carrier should provide favourable conditions for survival as well as functioning of 
the inoculant cells and permit accurate release of the bacteria into the target site. The carrier 
should further be non-toxic and non-polluting. Additionally, substrates or carbon compounds 
can be added to the capsule to confer an advantage to the embedded inoculant (Trevors et 
al., 1992). Both natural and synthetic polymers have been used for microbial encapsulation 
(agar, agarose, alginate, gelatine and κ-carrageenan as natural polymers and 
polyacrylamide, polystryrene, polyurethane as synthetic polymers) (Kolot, 1981), although 
biodegradable matrices are recommended for use in soil.  
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In this respect alginate, produced from brown algae and κ-carrageenan, produced by red 
algae, have been popular for applications in soil (van Elsas et al., 1992; Trevors et al., 1993). 
The use of κ-carrageenan is, however, subject to limitations due to the needed elevated 
temperatures necessary to provide appropriate viscosity. These high temperatures may be 
stressful to some bacterial species (Klein and Vorlop, 1984). These carriers have been used 
in their pure form or with amendments to enhance their effectiveness. Clay (Fravel et al., 
1985) and skim milk powder (Kaerney et al., 1990) have been investigated to provide a 
protective and/or nutrient source. Clays can influence microbial activity by modifying the 
physicochemical characteristics of the microbial habitats (Stotzky, 1986). Clay-adsorbed cell 
systems have shown increased oxygen consumption, indicating increased biological activity 
(Marcipar et al., 1979).  A problem, however, with addition of clays, is the simultaneous 
provision of charged surfaces which can bind heavy metals and concentrate them in 
concentrations that are lethal to the encapsulated cells (Fry and Mehlhorn, 1994; Wessolek 
and Fahrenhorst, 1994). Addition of skim milk can provide a nutrient source which may 
increase activity, growth and survival of the encapsulated microorganisms (Axtell and 
Gzman, 1987; Fages, 1990; van Elsas et al., 1992).  
 
A particular successful encapsulation method using open ended silicone tubes was applied 
for the degradation of 3-chloroaniline in an activated sludge bioreactor (Boon et al., 2002a). 
This immobilization in a nutritive matrix efficiently maintained a 3-chloroaniline degrading 
inoculant within the activated sludge community. Ten percent of the degradation activity was 
estimated to be due to the cells in the tubes, while the continuous slow release of active cells 
from the tubes was responsible for about 90% of the degradation. 
1.4 Biocatalytic dechlorination with bioPd(0) 
1.4.1 Catalytic activity of palladium 
Palladium belongs to the platinum group metals, together with platinum and rhodium, which 
are used worldwide on an increasing scale, e.g. as a result of their adoption in automotive 
catalytic converters to reduce gaseous emissions in vehicle exhausts (Hoffman, 1988). The 
palladium catalyst is widely used for synthesis of specialty chemicals because many 
reactions can take place by the catalyst at a lower temperature and pressure with a minimal 
quantity and minimal side reaction. On the other hand, palladium catalysts can be used for 
dehalogenation purposes. Recent studies have indicated that a variety of halogenated 
hydrocarbons may be subject to reductive dehalogenation by dissolved H2 in aqueous 
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systems in the presence of metallic palladium acting as a catalyst. Schreier and Reinhard 
(1995) observed the rapid transformation of perchloroethylene, trichloroethane, 1,2-
dichloroethene and vinyl chloride in batch systems using small quantities of palladium 
supported by alumina or carbon. Reductive dehalogenation by H2 on palladium also 
appeared to be effective in reducing 1,2-dibromo-3-chloropropane (Siantar et al., 1996) and 
chlorinated aromatic compounds (Schüth and Reinhard, 1998). Electrolysis cells featuring 
palladium cathodes have also been shown to be effective in reducing halogenated 
hydrocarbons, including 1,1,2-trichloro-1,2,2- trifluoroethane (Cabot et al., 1998) as well as 
2,4-D and other chloroaromatic pesticides (Tsyganok et al., 1999). Palladium catalysts have 
also been demonstrated to be effective for reductive dechlorination of polychlorinated 
biphenyls (PCBs) (Grittini et al., 1995). The use of Pd as catalyst for the dechlorination of 
lindane has been reported by Schüth and Reinhard (1998) and Zinovyev et al. (2004). The 
reaction was shown to give benzene at room temperature and 50 °C respectively. 
1.4.2 Microbiological reduction of metals 
Microbiological bioreduction of precious metals involves binding of metal ions to highly 
reactive bacterial cell surfaces and subsequent ion reduction (Karthikeyan and Beveridge, 
2002). Both dissimilatory Fe(III)-reducing bacteria and Archaea have the ability to reduce and 
precipitate gold (Kashefi et al ., 2001) and silver has been shown to react in a similar way 
(Beveridge and Murray, 1976; Korenevskii et al., 1999). Recovery of precious metals could 
be of economic benefit, especially in the case of palladium, because palladium supply is very 
limited and therefore prices are much higher than those of other industrial metals. Lloyd and 
co-workers (1998) demonstrated that cells of Desulfovibrio desulphuricans were able to 
remove Pd(II) from anaerobic cell suspensions with either pyruvate, formate or hydrogen as 
electron donors.  
Some bacterial cell surfaces are highly reactive towards binding of metal ions (Beveridge, 
1989) and preformed nanominerals (Glasauer et al., 2001). In Gram negative bacteria, this 
reactivity arises from the presence of a wide array of ionizable groups, such as carboxylates 
and phosphates, present in the lipopolysaccharide matrix of the cell wall as demonstrated for 
Escherichia coli (Beveridge and Koval, 1981).  
1.4.3 Bio-palladium  
Shewanella oneidensis is one of the most versatile of all known metal reducing species 
(Heidelberg et al., 2002) and is especially known for its ability to precipitate metal 
nanoparticles which are either formed de novo by bioreduction or adsorbed from the 
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surrounding medium (Beveridge, 1989; Glasauer et al., 2001; De Windt et al., 2003). In the 
case of catalysts like palladium, nano-sized particles represent a large specific surface area 
which increases the reactivity of the catalyst. De Windt et al. (2005) reported on the 
biosorption and subsequent biodreduction of soluble Pd(II) by Shewanella oneidensis MR-1, 
using several electron donors (Figure 1.11). 
 
Figure 1.11 TEM images of bio-palladium associated with Shewanella oneidensis MR-1 
cells. Left: Whole mount of Shewanella bacteria with black nano-sized palladium particles 
dotted at their surface; Right: Thin sections were made to indicate the location of nano-
palladium particles on the cell. One microbial cell measures about 2 µm in diameter and the 
bio-Pd series between 1 and 10 nm (De Windt et al., 2005). 
 
This so-called ‘bio-palladium’ (bioPd[0]) was shown to reductively dehalogenate 
polychlorinated biphenyl congeners at higher rates than commercial Pd(0) powder. The 
findings of the latter study indicated that bioPd(0) could be a versatile catalyst for the 
reductive dechlorination of several other recalcitrant environmental pollutants.  
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1.5 Aim of the present study 
Lindane, once the most applied insecticide worldwide, is still considered as a serious threat 
to the environment, due to its persistence in soil and water and to its potential to 
bioaccumulate in the food chain. Other ubiquitous HCH-isomers, formed as waste products 
during the production of lindane, also pose a major environmental threat. 
Because of the widespread pollution by lindane (and other HCH-isomers), there is a need for 
risk assessment tools to monitor its environmental impact. Monitoring of polluted sites is as 
yet often restricted to the quantification of the contaminant by means of chemical analyses. 
In soil the use of microorganisms as indicator tools in monitoring procedures offers many 
opportunities because of their ability to respond and rapidly adapt to changes in 
environmental conditions. 
A first objective of this research was to look for an essential and sensitive 
microbiologically mediated soil function, which can indicate the presence and 
availability of HCHs in the soil. 
Further, removal of lindane from the environmental compartments has attained the highest 
priority. A possible approach is bioremediation, the process by which living organisms 
degrade the contaminant. A technology often used in bioremediation is bioaugmentation, in 
which specialized microorganisms are introduced into the environment in order to metabolize 
the targeted compound.  Despite its long-term use in bioremediation, bioaugmentation of 
contaminated sites with microbial cells continues to be a source of controversy within 
environmental microbiology. This largely results from its notoriously unreliable performance 
record.  
Hence, the second objective of this study was to develop a promising 
bioaugmentation technology for the aerobic biodegradation of lindane by surveying 
microbiological inoculants and by designing a suitable inoculation procedure for their 
introduction into the environment. 
To tackle potential bottlenecks of HCH biodegradation, such as low degradation rates and 
stereoselectivity, a final part of this research assessed the use of an alternative lindane 
removal technique. Since bio-palladium (bioPd[0]) - i.e. bioreductively deposited Pd(0) nano-
particles on Shewanella oneidensis – could be a versatile catalyst for the reductive 
dechlorination of several recalcitrant environmental pollutants, the final objective of this 
study was to assess the biocatalytic activity of bioPd(0) towards dechlorination of 
lindane and, furthermore, to design a reactor technology for the practical 
implementation of this technique. 
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1.6 Overview of the different chapters 
Chapter 2 discusses the use of soil methane oxidizing bacteria as microbial indicators in the 
monitoring of HCH pollution. The effects of HCH on the important soil function of methane 
oxidation and on the microbial communities performing this function are assessed. Long-term 
effects are estimated in historically polluted soils and short-term experiments are performed 
with methane enriched microbial consortia. PCR-DGGE analysis is used to examine the 
community structure of type I methanotrophic bacteria and a novel procedure for processing 
the PCR-DGGE data using Lorenz curves is introduced. 
Chapter 3 characterizes the occurrence of HCH degraders in contaminated soils and 
evaluates whether enrichment of HCH degraders occurred in situ at contaminated sites. It 
also determines which rRNA gene ribotypes are enriched in laboratory cultures and are 
subsequently isolated.  
Chapter 4 presents the use of a slow-release encapsulation technique using open ended 
silicon tubes to improve the success of bioaugmentation with a lindane degrading inoculant. 
The degradation of lindane by Sphingomonas sp. γ1-7 after inoculation of encapsulated cells 
was evaluated relative to freely suspended cells in liquid and soil slurry microcosms and in 
soil column experiments. 
Chapter 5 searches for the factors that determine the sustained degradation of lindane by 
the slow-release bioaugmentation approach in open ended tubes. Nutrient availability, initial 
cell density, effect of the tube material and strain dependence are investigated. 
Chapter 6 proposes an alternative lindane removal technique. The catalytic activity of 
biopalladium (bioPd[0]) towards dechlorination of lindane and other HCH isomers is 
assessed and subsequently the implementation in a membrane reactor technology for the 
treatment of lindane polluted water is investigated. 
Chapter 7 provides a general discussion of the results obtained and comments on future 
perspectives in the domain of this study.  
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CHAPTER 2 
 
ACTIVITY AND STRUCTURE OF 
METHANOTROPHS AS INDICATORS OF HCH 
POLLUTION IN SOIL ‡ 
Abstract 
The applicability of methane oxidation, an important soil function performed by 
methanotrophic bacteria, was assessed as a microbial indicator for the monitoring of HCH 
pollution. The effect of HCH on both the activity and the structure of the methanotrophic 
community were assessed, using methane oxidation assays and PCR-DGGE respectively. 
Methane oxidation assays with historically polluted soils revealed that on the long-term 
methane oxidation was inhibited by HCH pollution. PCR-DGGE and diversity analysis based 
on Lorenz curves showed that the type I methanotrophic community was less evenly 
distributed in historically HCH polluted soils compared to less polluted reference soils. Short-
term experiments with methane enriched consortia further demonstrated that only γ and δ 
isomers inhibited methane oxidation. Type I methanotrophs of methane enriched microbial 
consortia that received γ- or δ-HCH evolved towards higher species richness. Apparently, for 
historically HCH polluted soils, a narrow community remained after long-term exposure while 
in case of short-term exposures, methane enriched consortia were converted into less active, 
but richer communities when they were stressed by the presence of γ- or δ-HCH. This work 
demonstrates that methane oxidation activity and structural analysis of type I methanotrophic 
communities can be valuable tools in risk assessment studies and the monitoring of HCH 
pollution.  
 
 
 
 
 
                                                 
‡
 Redrafted after 
Mertens, B., Boon, N. and Verstraete, W. (2005) Stereospecific effect of 
hexachlorocyclohexane on activity and structure of methanotrophic communities. Environ. 
Microbiol. 7: 660–669. 
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Introduction 
Because of the widespread pollution of lindane and other HCH-isomers, there is a need for 
risk assessment tools to monitor the environmental impact imposed by this contaminant. 
Nowadays, monitoring of polluted sites is often restricted to the quantification of the 
contaminant by means of chemical analysis. Specifically in soil however, the use of 
microorganisms as indicator tools in monitoring procedures offers many advantages because 
of their ability to respond and rapidly adapt to changes in environmental conditions 
(Neiendam Nielsen and Winding, 2002). Methane oxidation in soil is an essential ecological 
process because it is an important way to remove CH4, which is a strong greenhouse gas. 
Both high and low affinity biological oxidation of methane can occur in soils (Bender and 
Conrad, 1992, 1993). High affinity methane oxidation occurs at atmospheric methane 
concentrations (about 1.8 µl l-1), whereas low affinity methane oxidation takes place at higher 
methane concentrations. Methanotrophic bacteria that perform low affinity methane oxidation 
have been isolated and characterized while the microbial populations responsible for high 
affinity methane oxidation remain to be characterized (King et al., 1990; Whalen et al., 1990; 
Bender and Conrad, 1992, 1993; Jones and Nedwell, 1993; Topp and Pattey, 1997). Both 
natural and anthropogenic factors influence methane oxidation activity (Topp, 1993; Boeckx 
et al., 1997; Hutsch, 1998; Mohanty et al., 2000). More particularly, the use of certain 
pesticides was found to inhibit methane oxidation in agricultural soils (Wardle and Parkinson, 
1992; Topp, 1993; Arif et al., 1996). Kumaraswamy and co-workers (1997a) found that this is 
also the case for the insecticide lindane. 
Phylogenetic studies of 16S rRNA gene sequences revealed that there are two types of 
methanotrophic bacteria (Tsuji et al., 1990), type I and type II methanotrophs, belonging to 
the γ-proteobacteria and α-proteobacteria respectively. Seghers et al. (2003c), showed in 
their work that among the various investigated bacterial groups, the community structure of 
type I methanotrophic bacteria is highly sensitive to the use of the pesticides atrazine and 
metolachlor. 
The use of PCR-DGGE (denaturing gradient gel electrophoresis) analysis is a widely applied 
method to monitor temporal and spatial changes of microbial communities (Hill, 2000). In 
general, the relative intensity of each band and its position in the DGGE banding profiles 
represent the relative abundance of a particular species in a population (Muyzer et al., 1993). 
As such, species richness and species evenness can be calculated and used in diversity 
analysis (Ibekwe et al., 2001; Boon et al., 2001; Demba Diallo et al., 2004). Lorenz curves 
are used in economic science to describe the equality of distribution within a population. 
These curves have been shown to be good estimators of species evenness (Taillie, 1979). 
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When combined with an indication of species richness, these tools could be used to assess 
species diversity. 
In search for a microbial indicator function for the purpose of risk assessment and monitoring 
of HCH polluted sites, and because of the importance of methane oxidation in ecotoxicology 
studies of the side effects of pesticides (Arif et al., 1996), the present study investigates the 
effects of HCH pollution on methane oxidation in soils. Long-term effects are estimated by 
assessing the methane oxidation capacity in historically HCH polluted soils. Since HCH 
pollution concerns different isomers, short-term experiments with methane enriched microbial 
consortia further examine the stereospecificity of the effect. In addition, PCR-DGGE analysis 
is used to examine the influence of HCH pollution on the community structure of type I 
methanotrophic bacteria, a group known to be sensitive towards several pesticides. The 
PCR-DGGE data are processed for diversity analysis based on Lorenz curves. 
Materials and methods 
SOILS 
Historically (since mid ‘70s) HCH polluted soils were sampled (June 2003) from a site near 
Bilbao (Spain). Four soil samples (A, B, C and D) were chemically analyzed by Gaiker, 
Centro Tecnológico (Zamudio, Bilbao, Spain) for the different HCH isomers (Table 2.1). Soil 
A, B, C and D had a pH of 5.4, 7.2, 5.3 and 3.2 respectively. Organic matter content for these 
soils was 21 35, 69 and 67% respectively. Non-polluted sandy loam soil used for the 
assessment of the short term effect of HCH was sampled (August 2003) from an 
experimental field (set up field in 1982) located near Melle (Belgium) (Seghers et al., 2003b). 
This soil had a pH of 5.7 and contained 1.82% organic carbon. Since its set up, the field 
received no herbicide applications and weeds were removed mechanically. A composite soil 
sample (each prepared from 10 randomly collected cores) was taken from the surface (0–10 
cm) with a soil auger. All soils were stored at 4 °C before further handling.  
 
Table 2.1 HCH analysis of soil samples from a historically polluted site near Bilbao (Spain) 
 mg (kg dry weight)-1 
Soil sample α-HCH β-HCH γ-HCH δ-HCH ε-HCH Total HCH 
Soil A < 0.01 0.01 < 0.01 0.02 < 0.01 < 0.06 
Soil B 3.94 2.69 1.06 5.63 2.69 16.0 
Soil C 984 669 801 10581 637 13673 
Soil D 6706 769 6494 46500 1525 61606 
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METHANE ENRICHED LIQUID CONSORTIUM (MELC) 
Methane enrichment was based on earlier work (Seghers et al., 2003a). Non-polluted soil, of 
which the moisture content was adjusted to 75% of the water holding capacity (WHC, 
determined by the method of Schlichting and Blume (1966)), was incubated with methane by 
placing 300 g of the soils in a 1 l Schott bottle that was closed air tight. Methane was 
subsequently added to the bottle (8% of headspace volume). When all methane was 
oxidized, 10 g of the soil was placed in a sterile 250 ml air tight Schott bottle containing 90 ml 
of sterile mineral liquid medium. The composition of this medium per litre was: 0.3 g K2HPO4, 
0.3 g KH2PO4, 0.1 g NaNO3, 0.1 g yeast extract, 10 ml of a trace element solution containing 
per liter 10 g nitriloacetic acid, KOH up to solution of nitriloacetic acid, 14.45 g MgSO4.7H2O, 
3.33 g Ca(NO3)2, 9.25 mg (NH4)6Mo7O24.4H2O, 99 mg FeSO4.7H2O and 50 ml of a trace 
elements solution (containing per 400 ml 1 g EDTA, 4.4 g ZnSO4.7H2O, 2 g FeSO4.7H2O, 
620 mg of MnSO4.H2O, 119 mg of CuSO4.5H2O, 99.4 mg Co(NO3)2.6H2O, 70.8 mg 
Na2B4O7.10H2O). Methane was added to this bottle (5% of headspace volume) after which 
the bottle was shaken (115 rpm, 28 °C). When all methane was consumed, the soil was 
allowed to settle and subsequently 10 ml of the supernatant was transferred to a new sterile 
1 l Schott bottle containing 400 ml of the same mineral medium and shaken (115 rpm, 28 °C) 
until total methane oxidation was obtained. This transfer was repeated two more times. The 
methane enriched liquid consortium (MELC) was used for further short-term experiments of 
the effect of HCH. The procedure for analysis of methane has been described previously 
(Top et al., 1999; Seghers et al., 2003a). 
 
METHANE ENRICHED SOIL CONSORTIUM (MESC) 
Non-polluted soil, of which the moisture content was adjusted to 75% of WHC, was 
incubated with methane by placing 300 g of this soil in a 1 l Schott bottle that was closed air 
tight. Methane was subsequently added to the bottle (8% of headspace volume) and 
subsequently incubated in the dark at room temperature. When all methane was consumed, 
the bottle was flushed with air. This methane enrichment was repeated two more times. The 
methane enriched soil consortium (MESC) was used for further short-term experiments of 
the effect of HCH. 
 
METHANE OXIDATION ASSAYS 
The methodology of the methane oxidation assays is based on previous work (Top et al., 
1999; Seghers et al., 2003a). A first set of methane oxidation assays were performed with 
historically HCH polluted soils. Of the four HCH polluted soil samples (A, B, C and D), 20 g 
was placed in 125 ml penicillin bottles with teflon stoppers and aluminium caps (n=3). 
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Moisture content was adjusted to 75% of the WHC. Subsequently, methane was added to 
the bottles (5% of headspace volume). In a second set of methane oxidation assays, HCH (in 
solid form, analytical grade γ-HCH was purchased from Sigma-Aldrich Chemie, Steinheim, 
Germany; α-, β-, δ-HCH from Fluka AG Chemische Fabrik Buchs, Switzerland) was added to 
20 ml of MELC, which was placed in a 125 ml penicillin bottle with a teflon stopper and 
aluminum cap (n=3). Methane was injected (5% of headspace volume). A third set of 
methane oxidation assays were performed with the MESC. HCH was added to 20 mg of 
MESC, which was placed in a 125 ml penicillin bottle with a teflon stopper and aluminium cap 
(n=3). MELC samples were added with up to 10 mg l-1 HCH while MESC samples received 
up to 1000 mg kg-1. This was done because of high bioavailability in the MELC and low 
bioavailability in MESC. All bottles containing soil were incubated in dark at room 
temperature (± 21 °C). Bottles containing MELC were shaken (115 rpm, 28 °C). The 
percentage of methane in the headspace was monitored over a period of 14 d (historically 
polluted soil samples) or 7 d (MELC and MESC). The procedure for analysis of methane has 
been described previously (Top et al., 1999; Seghers et al., 2003a).  
 
DNA EXTRACTION AND PCR AMPLIFICATION 
DNA was extracted in duplicate from the historically polluted soil samples (A, B, C and D) by 
use of the FastDNA® SPIN kit for soil (Bio101, Vista CA, USA) according to the 
manufacturer’s instructions. DNA from MELC samples was extracted in duplicate on day 0 
(before addition of HCHs) and on day 7 (after addition of HCHs and after methane oxidation 
assays) using the Wizard® Genomic DNA Purification Kit (Promega, Madison WI, USA) 
according to the manufacturer’s instructions. From MESC samples DNA was extracted in 
duplicate on day 0 (before addition of HCHs) and on day 7 (after addition of HCHs and after 
methane oxidation assays), using the FastDNA® SPIN kit for soil. DNA was stored at -20 °C. 
16S rRNA genes were amplified by nested PCR (Boon et al., 2002b). For DNA obtained from 
the historically polluted soils and MESC samples, group-specific primers targeting type I 
(MB10 γ-primers (Tsien et al., 1990)) were used in the first amplification stage. During the 
second PCR round, the obtained fragments were re-amplified by using the bacterial primers 
P338f and P518r (Muyzer et al., 1993). This method did not amplify DNA obtained from the 
MELC. Since it was not needed to directly compare PCR-DGGE profiles of MELC with those 
of MESC or the historically polluted soil samples, it was decided to amplify MELC DNA by 
use of bacterial primers P63f and P518r (Muyzer et al., 1993) in the first amplification stage 
and group-specific primers targeting type I (MB10 γ-primers (Tsien et al., 1990)) in the 
second PCR round. PCR reactions and temperature programs were performed as described 
earlier (Boon et al., 2002b).  
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DGGE ANALYSIS  
DGGE analysis was performed using a DCode System (Bio-Rad, Hercules, CA, USA) as 
described previously (Boon et al., 2002b). In brief, PCR amplification samples were loaded 
onto 8% (wt/vol) polyacrylamide gels in 1 X TAE (20 mM Tris, 10 mM acetate, 0.5 mM EDTA 
[pH 7.4]). The polyacrylamide gels for PCR products of DNA of historically polluted soils and 
MESC samples were made with a denaturing gradient ranging from 45 to 60%. PCR 
products of DNA of methane enriched soil consortia were loaded on polyacrylamide gels of a 
denaturing gradient ranging from 40 to 60%.The electrophoresis was run overnight for 16 h 
at 60 °C, 38 V. After electrophoresis, the gels were soaked for 30 min in SYBR green I 
nucleic acid gel stain (1:10000 dilution; FMC BioProducts, Rockland, ME, USA). The stained 
gel was immediately photographed on an UV transillumination table with a video camera 
module (Vilbert Lourmat, Marne-la Vallé, France). Reference lanes were included for 
normalization. Processing of the gel was performed with Bionumerics software (Applied 
Maths, Kortrijk, Belgium) using default values. 
 
IDENTIFICATION OF BANDS IN DGGE PATTERNS  
For the Identification of bands of interest from DGGE patterns, MB10gamma PCR products 
were cloned by using the TOPO 2.1 cloning kit (Invitrogen, Carlsbad, CA, USA) according to 
the manufacturer’s instructions. Forty clones were picked up and vector inserts were 
subsequently reamplified by PCR with vector-specific M13 primers. A reamplification with the 
bacterial primers (Muyzer et al., 1993) made the clones suitable to be screened with DGGE. 
Clones that co-migrated with distinct bands of the original DGGE were selected and 
sequenced by ITT Biotech (Bielefeld, Germany). Bands 3 and 4 could be sequenced this 
way. Bands 1 and 2 failed the cloning procedure. To identify these bands they were cut out 
from the DGGE gel and placed into 20 µl of sterile water. To verify their purity, bands were 
reamplified with primers (P338f and P518r) and analyzed by DGGE. PCR products were 
purified with a Wizard Genomic DNA purification kit (Promega, Madison, WI, USA) and 
subsequently sent for sequencing by ITT Biotech (Bielefeld, Germany). The partial 
sequences of approximately 320 bp (clones) and 180 bp (cut out bands) were aligned to 16S 
rRNA gene sequences obtained from the National Center for Biotechnology Information 
(NCBI) database by using BLAST, version 2.0, search program. The sequence data have 
been submitted to the GenBank database under accession numbers AY833565 (band 1), 
AY833566 (band 2), AY833567 (band 3) and AY833568 (band 4). 
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DIVERSITY ANALYSIS 
Microbial community diversity analysis was based on the method of Lorenz (Lorenz, 1905). A 
Lorenz curve is obtained as follows: abundances of the species are ranked from high to low. 
The cumulative proportion of species is used as X-axis and the Y-axis is presented by the 
cumulative proportion of abundances. This yields a concave curve (Figure 2.1).  
 
Figure 2.1 Lorenz curves of different populations A, B and C. The number of species and 
abundances of the populations is indicated in the table. For curve A the Gini coefficient is 
twice the shaded area 
 
The evenness of a community with profile A is lower than the evenness of a community with 
profile B if profile A lies above profile B. Profile C corresponds to the perfect evenness 
situation (Figure 2.1). The Gini coefficient is the numerical value of equality and is calculated 
as twice the area above the Lorenz curve (Figure 2.1), using the following formula: 
 
 
G = 1 -  [(N+1)/N] –  [(2/µN2)*ΣNi=1 ixi] 
 
 
with N = number of species; xi = abundance of species i; µ = mean abundance 
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The Gini coefficient is a number between 0 and 1, with 1 representing total evenness. For 
Lorenz curves applied to DGGE data the abscissas are the cumulative proportions of bands 
and the ordinates the cumulative proportions of the peak heights of the densiometric curves. 
Species richness was indicated by the number of bands in the DGGE gel. These approaches 
of species evenness and richness were used to assess microbial diversity.  
Results 
LONG-TERM EFFECT OF HCH ON ACTIVITY AND STRUCTURE OF METHANOTROPHIC 
COMMUNITIES 
A first part of the experimental work investigated long-term effects of HCH on the activity and 
structure of the methanotrophic community in historically HCH polluted soils. Methane 
oxidation was compared for historically polluted soil samples with different concentrations of 
HCH (Table 2.1). Heavily polluted soils (C and D) did not show any significant (P<0.05) 
methane oxidation during a period of two weeks, while lowly polluted soils (A and B) 
consumed all methane in 3 and 5 days respectively (Figure 2.2). 
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Figure 2.2 Effect of historical HCH pollution on methane oxidation in the soil. Soil A, B, C 
and D represent soil samples with <0.06, 16.0, 13673 and 61606 mg (kg dry weight)-1 of 
mainly δ-HCH respectively. Data points represent the average of three replicates and the 
error bars represent the standard deviation 
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Nested PCR-DGGE analysis of the four soil samples targeted type I methanotrophs which 
was successful for all soil DNA samples. Band profiles of lowly polluted soils (A and B) were 
more complex than band profiles of heavily polluted soils (C and D) (Figure 2.3). 
 
 
 
 
 
 
 
 
 
 
Figure 2.3 PCR-DGGE analysis of 16S rRNA gene 
fragments of soil DNA (soil A, B, C and D) amplified 
with group specific primers targeting type I 
methanotrophic bacteria. The gel was normalized 
using reference lanes (not shown). 
 
Lorenz curves indicating the species evenness of type I methanotrophic communities were 
drawn based on the data obtained with PCR-DGGE analysis. These curves (Figure 2.4) 
showed that profiles of lowly polluted soils (A and B) were positioned similarly, which was 
also the case for the profiles of heavily polluted soils (C and D). The heavily polluted soils 
showed a less evenly distributed community compared to the lowly polluted soil, since the 
Lorenz curves of the former were more concave. From the Lorenz curves, Gini coefficients 
were calculated, representing a numerical value for the species evenness (Table 2.2). The 
lowly polluted soils were twice as evenly distributed as the heavily polluted soils. To compare 
species richness among the different soils, R values representing the number of bands in the 
DGGE profile were indicated together with the Lorenz curves (Figure 2.4).These R values did 
not differ much among the different soil samples.   
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Figure 2.4 Lorenz curves based 
on PCR-DGGE analysis of type I 
methanotrophs of historically 
HCH contaminated soils A, B, C 
and D. R indicates the mean 
value ± standard deviation of the 
total number of bands 
 
 
Table 2.2 Gini coefficients of the methanotrophic community (type I) of HCH polluted soils A, 
B, C and D. The data represent the mean of two replicates (with standard deviation) 
Soil sample Gini coefficient 
Soil A 0.80 ± 0.05 
Soil B 0.82 ± 0.03 
Soil C 0.40 ± 0.05 
Soil D 0.44 ± 0.04 
 
 
STEREOSPECIFIC EFFECT OF HCH ISOMERS ON ACTIVITY AND STRUCTURE OF 
METHANOTROPHIC COMMUNITIES 
Short term experiments were set up to investigate stereospecificity of the effect of different 
HCH isomers (α-, β-, γ- and δ-HCH). The first approach was to add HCH isomers to a 
methane enriched liquid consortium (MELC). Figure 2.5 A shows a significant difference 
(P<0.001) in methane removal already after 1 day, in case of addition of γ-HCH or δ-HCH 
(10 mg l-1) to a MELC. The effect of δ-HCH was even more pronounced than of γ-HCH. The 
isomers α- and β-HCH did not show a significant (P<0.05) inhibitory effect. The results of the 
methane oxidation assay in which different concentrations of γ-HCH were added to the 
MELC are presented in Figure 2.5 B. After 1 day, differences with the control samples were 
significant for all concentrations (P<0.05). From Figure 2.5 B it is clear that the inhibitory 
effect increased with increasing concentration of γ-HCH. 
 
Cumulative proportion of bands
0.0 0.2 0.4 0.6 0.8 1.0
C
u
m
u
la
ti
v
e
 p
ro
p
o
rt
io
n
 o
f 
p
e
a
k
 h
e
ig
h
ts
0.0
0.2
0.4
0.6
0.8
1.0
Soil A (R= 10.5 +/- 0.7)
Soil B (R= 10.5 +/- 2.1)
Soil C (R= 11.0 +/- 1.4)
Soil D (R= 9.0 +/- 1.4)
 
T
im
e
 (
d
)
0
2
4
6
% of initial methane concentration
0
2
0
4
0
6
0
8
0
1
0
0
c
o
n
tr
o
l
α
-H
C
H
β
-H
C
H
γ-
H
C
H
δ
-H
C
H
T
im
e
 (
d
)
0
2
4
6
% of initial methane concentration
0
2
0
4
0
6
0
8
0
1
0
0
c
o
n
tr
o
l
γ-
H
C
H
 (
2
5
0
 m
g
 k
g
-1
)
γ-
H
C
H
 (
5
0
0
 m
g
 k
g
-1
)
γ-
H
C
H
 (
1
0
0
0
 m
g
 k
g
-1
)
T
im
e
 (
d
)
0
2
4
6
% of initial methane concentration
0
2
0
4
0
6
0
8
0
1
0
0
c
o
n
tr
o
l
α
-H
C
H
β
-H
C
H
γ-
H
C
H
δ
-H
C
H
T
im
e
 (
d
)
0
2
4
6
% of initial methane concentration
0
2
0
4
0
6
0
8
0
1
0
0
c
o
n
tr
o
l
γ-
H
C
H
 (
2
.5
 m
g
 l
-1
)
γ-
H
C
H
 (
5
 m
g
 l
-1
)
γ-
H
C
H
 (
1
0
 m
g
 l
-1
)
A
 
B
 
C
 
D
 
 
F
ig
u
re
 
2
.5
 
E
ff
e
c
t 
o
f 
A
 
d
if
fe
re
n
t 
is
o
m
e
rs
 
α
-H
C
H
, 
β
-
H
C
H
, 
γ
-H
C
H
 a
n
d
 δ
-H
C
H
 o
n
 
m
e
th
a
n
e
 
o
x
id
a
ti
o
n
 
o
f 
a
 
M
E
L
C
; 
o
f 
B
 
d
if
fe
re
n
t 
c
o
n
c
e
n
tr
a
ti
o
n
s
 
o
f 
γ
-H
C
H
 
(2
.5
, 
5
, 
1
0
 
m
g
 
l-1
) 
o
n
 
m
e
th
a
n
e
 
o
x
id
a
ti
o
n
 
o
f 
a
 
M
E
L
C
; 
o
f 
C
 d
if
fe
re
n
t 
is
o
m
e
rs
 
α
-H
C
H
, 
β
-H
C
H
, 
γ
-H
C
H
 
a
n
d
 
δ
-H
C
H
 
o
n
 
m
e
th
a
n
e
 
o
x
id
a
ti
o
n
 o
f 
a
 M
E
S
C
; 
a
n
d
 o
f 
D
 d
if
fe
re
n
t 
c
o
n
c
e
n
tr
a
ti
o
n
s
 o
f 
γ
-H
C
H
 
(2
5
0
, 
5
0
0
, 
1
0
0
0
 
m
g
 
k
g
-1
) 
o
n
 
m
e
th
a
n
e
 
o
x
id
a
ti
o
n
 
o
f 
a
 M
E
S
C
. 
C
o
n
tr
o
l 
s
a
m
p
le
s
 
c
o
n
ta
in
e
d
 
n
o
 
H
C
H
. 
D
a
ta
 
p
o
in
ts
 r
e
p
re
s
e
n
t 
th
e
 a
v
e
ra
g
e
 
o
f 
th
re
e
 
re
p
lic
a
te
s
 
a
n
d
 
th
e
 
e
rr
o
r 
b
a
rs
 
(w
h
e
n
 
v
is
ib
le
) 
re
p
re
s
e
n
t 
th
e
 
s
ta
n
d
a
rd
 
d
e
v
ia
ti
o
n
 
A novel method for the monitoring of HCH polluted soils 
 
 56 
Nested PCR-DGGE analysis targeting type I methanotrophs was done for MELC samples 
taken before addition of HCHs (Figure 2.6- day 0) and again for HCH amended MELC 
samples (α-, β-, γ- or δ-HCH at 10 mg l-1) taken after methane oxidation assays (Figure 2.6 - 
day 7). Nested PCR targeting type I methanotrophs was successful for all DNA samples. 
From day 0 to day 7 the number of bands in the band patterns of methanotrophs type I 
decreased for control samples and samples where α- or β-HCH was added. After 7 days only 
a few dominant bands were visible (Figure 2.6- bands 1 and 2). In contrast, band patterns of 
samples where γ- or δ-HCH was added showed that some of the dominant bands 
disappeared or became less intense (Figure2.6 - band 2) while other bands appeared 
(Figure 2.6 - bands 3 and 4). Sequence analyses of bands 1 and 2 respectively showed the 
highest similarity to an uncultured Methylococcaceae bacterium [AY063507] (91%) and an 
uncultured type I methanotroph [AF177307] (95%). Bands 3 and 4 were also sequenced and 
showed the highest similarity to the uncultured γ-proteobacterium [AJ518787] (97%) and the 
uncultured γ-proteobacterium [AY622233] (97%) respectively. Although for bands 3 and 4 no 
strong similarity was found with type I methanotrophic bacteria, the high similarity with γ-
proteobacteria (to which type I methanotrophs belong) indicates that these bands can 
represent uncultured methanotrophic species. 
The obtained PCR-DGGE data were further used to draw Lorenz curves. Figure 2.7 
compares Lorenz curves on day 7 of the methanotrophs type I of the MELCs amended with 
α-, β-, γ- or δ-HCH and control samples. These curves were all positioned similar, indicating 
similar species evenness. This similarity in species evenness was confirmed by the Gini 
coefficients that were calculated based on the Lorenz curves for the different treatments 
(Table 2.3). However, R values indicating species richness (Figure 2.7) were clearly higher 
for γ- or δ-HCH amended samples than for the other samples.  
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Figure 2.6 PCR-DGGE analysis of 16S rRNA gene 
fragments amplified with group specific primers 
targeting type I methanotrophic bacteria of MELC DNA 
(day 0 represents DGGE analysis before addition of 
HCH isomers (α, β, γ, δ), day 7 is after submission to 
the methane oxidation test for samples amended with 
different HCH isomers). The control samples (C) did 
not receive any HCH. The gel was normalized using 
reference lanes (not shown)  
 
 
 
 
 
 
 
Figure 2.7 Lorenz curves based 
on PCR-DGGE analysis of 
methanotrophs type I of MELC 
samples amended with α-, β-, γ- 
and δ-HCH (day 7). Controls 
received no HCH. R indicates the 
mean value ± standard deviation 
of the total number of bands 
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Table 2.3 Gini coefficients of the type I methanotrophic community of MELCs and MESCs 
(day 7) for samples amended with different HCH isomers (α, β, γ, δ).The control samples did 
not receive any HCH. The data represent the mean of two replicates (with standard 
deviation) 
 Gini coefficient 
Sample MELC MESC 
Control 0.63 ± 0.02 0.59 ± 0.01 
α-HCH 0.62 ± 0.02 0.64 ± 0.07 
β-HCH 0.55 ± 0.03 0.64 ± 0.03 
γ-HCH 0.55 ± 0.03 0.58 ± 0.04 
δ-HCH 0.47 ± 0.04 0.59 ± 0.02 
 
 
In a second approach, HCH isomers (α-, β-, γ- and δ-HCH) were added to methane enriched 
soil consortia (MESC). In the control samples and samples where α- or β-HCH (1000 mg kg1) 
was added all methane was consumed in 3 days (Figure 2.5 C). There were no significant 
(P<0.05) differences in methane consumption between these samples. However, in samples 
where γ- or δ-HCH was added (1000 mg kg-1), methane was only consumed after 5 days 
(Figure 2.5 C). Differences with the control samples were significant after the first day 
(P<0.05), while no significant difference (P<0.05) in methane removal was observed between 
γ-HCH added and δ-HCH added samples. Figure 2.5 D shows methane oxidation in MESCs 
amended with different amounts γ-HCH. Significant effects (P<0.05) of γ-HCH on methane 
consumption were observed for 500 and 1000 mg kg-1after 1 day and for 250 mg kg-1 after 2 
days.  
Nested PCR-DGGE analyzed type I methanotrophs of MESC samples taken before addition 
of HCHs and again of HCH amended MESC samples (α-, β-, γ- or δ-HCH at 1000 mg kg-1) 
taken after methane oxidation assays. Nested PCR targeting type I methanotrophs was 
successful for all DNA samples. DGGE band patterns of the methanotrophs type I did not 
differ among treatments (data not shown), nor were there any differences in the patterns at 
day 0 and day 7 (data not shown).  
Lorenz curves based on the PCR-DGGE analysis of the MESC type I methanotrophs on day 
7 were similar for samples of all treatments (data not shown). This can also be seen from the 
similar Gini coefficients in Table 2.3. R values for species richness (data not shown), neither 
differed much. 
Chapter 2 
 59 
Discussion 
This work demonstrated stereospecific inhibition of methane oxidation in microbial systems 
by HCH isomers. Historically HCH polluted soils (containing about 75% δ-HCH) indicated 
long-term inhibition of methane oxidation. This shows that adaptation to δ-HCH pollution will 
not occur very easily. Short-term experiments showed the stereospecific inhibition by γ- and 
δ-HCH on methane oxidation in methane enriched consortia (in soil: MESC and in liquid: 
MELC). Methane oxidation assays with MELC showed an even stronger inhibition of δ-HCH 
compared to γ-HCH. Inhibition of methane oxidation by γ-HCH has been described earlier by 
Kumaraswamy et al. (1997a), however stereospecificity of different HCH isomers was not 
investigated. Stereospecific toxicity effects have also been reported by Rosa et al. (1996). 
They reported toxicity of γ- and δ-HCH towards mammals, with the δ-isomer exerting a 
stronger effect than the γ-isomer. In addition, HCH also has been reported to inhibit 
nitrification in soils (Ray et al., 1980). It is well known that ammonia oxidizing bacteria and 
methane oxidizing bacteria are very similar in the ways they oxidize methane and ammonia 
and that enzymes involved in these reactions, i.e. methane monooxygenase (MMO) and 
ammonia monooxygenase (AMO), share several properties (Hanson and Hanson, 1996). In 
most cases the specific inhibition of ammonium oxidizing bacteria occurs at the level of the 
AMO (Juliette et al., 1993; Stein and Arp, 1998). These facts lead to the formulation of the 
hypothesis that the toxicity of HCH might be related to these enzymes.  
It could be argued that toxicity is brought about by the microbial conversion of HCH into toxic 
degradation products rather than by the HCH isomers themselves. However, if this would be 
the case, the inhibitory effect would be more pronounced for the more easily biodegradable 
isomers. Since relative biodegradation rates are as follows (Bachmann et al., 1988): γ-HCH > 
α-HCH > δ-HCH ≈ β-HCH, inhibition would be mainly caused by γ- and α-HCH and less by δ- 
or β-HCH. In contrast, results in this research showed a strong inhibitory effect of the γ and δ 
isomer of HCH. Moreover, the matrices used (MELCs and MESCs) for assessment of the 
inhibitory effects on methane oxidation by addition of HCH did not have a history of HCH 
contamination and were specifically enriched for methanotrophs. It is therefore unlikely that 
species capable of degrading HCH were present in these matrices. 
When applied to MELC, the inhibitory effect of γ- and δ-HCH occurred faster and at lower 
concentrations then when it was applied to MESC. Moreover, when applied to MELC, it 
became clear that δ-HCH inhibited methane oxidation more strongly than γ-HCH. This 
difference was not detected with methane oxidation assays of HCH amended MESCs. In a 
soil matrix organic compounds may be easily adsorbed to soil particles (Sabljic, 1987; Bintein 
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and Deviller, 1994) whereas in liquid systems the added compounds are highly bioavailable. 
As a result the assays with MELC were faster and more sensitive than the MESC assays.  
The long-term effects of HCH on the structure and diversity of the type I methanotrophic 
community was in proportion with the pollution grade. On the long-term, HCH pollution 
lowered species evenness of the type I methanotrophic community. It could be assumed that 
in heavily polluted soils (soils C and D) species evenness was low since the toxic 
compounds caused the most resistant species to be more abundant than the sensitive 
species. Lowly polluted soils (soil A and B) showed high species evenness whereas species 
richness was not much affected. Because of the lower detection limit of DGGE analysis - 
species that make up less than 1% of the total bacterial community will not be represented 
as a band (Muyzer et al., 1993) - not all species present in the soil will be shown by the band 
profiles. This bias has a larger influence on species richness than it has on species 
evenness.  
On the short-term, species richness of the type I methanotrophic community in MELC 
appeared to increase upon addition of γ- and δ-HCH, whereas the structure of the type I 
methanotrophic community in MESC did not alter. These short-term experiments were 
performed with methane enriched microbial consortia. This enrichment caused relatively low 
species richness, presumably because the high competition between the species resulted in 
the domination of a few fast growing methanotrophs (Harder and Dijkhuizen, 1982). This was 
especially the case for MELCs. Indeed, Tiedje et al. (2001) suggested that competition in 
microbial communities of homogeneous systems (such as MELCs) is much higher compared 
to heterogeneous systems (such as MESCs). Upon addition of toxic HCH isomers to MELCs, 
species richness was likely to increase because mostly the dominant methanotrophs were 
affected and less dominant species became relatively more important. Because of the low 
number of bands before HCH addition, the increase of species richness was far more 
apparent than the changes in species evenness.  Similar changes have been observed for 
ammonium oxidizing bacteria (AOB) in activated sludge (Boon et al., 2003). After addition of 
3-chloroaniline, nitrification was completely inhibited and species richness of AOB increased 
significantly. In the MESCs, no changes in species evenness or species richness occurred. 
In this heterogeneous soil system, the term of 7 days was apparently too short to detect any 
structural community changes at DNA level. As mentioned before, adsorption of the 
compounds to soil particles and the lower competition in the MESCs compared to the 
MELCs, can explain these findings (Sabljic, 1987; Bintein and Deviller, 1994; Tiedje et al., 
2001).  
This work presented the Lorenz curve as an alternative diversity measurement for PCR-
DGGE data. Commonly used diversity indices as Shannon and Simpson are often criticized 
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because of the unstandardized, intuitive way of combining species richness and evenness 
(Magurran, 1988). The use of Lorenz curves provides a non ambiguous graphical 
presentation of species evenness which can be numerically measured with the Gini 
coefficient. Together with the number of bands as a value for species richness, this method 
describes diversity in a way that both species evenness and richness can be considered 
separately. It must however be taken into account that the correctness of the quantitativity of 
these Lorenz curves and Gini coefficients is determined by the quantitativity of the DGGE 
analysis itself, which can contain a bias (Muyzer et al., 1993, 1999).   
 
In conclusion, these results demonstrated the stereospecific inhibition of methane oxidation 
by γ- and δ-HCH. This effect was also reflected in the type I methanotrophic community 
structure. After long-term exposure, as in historically HCH polluted soils, a narrow community 
remained. In case of short-term exposures, the type I methanotrophic community was 
converted into a less active, but richer community. This work showed that in risk assessment 
and ecotoxicology studies of persistent organic pollutants as pesticides, type I 
methanotrophs represent a sensitive bacterial group. This type of microbial indicator function 
has been shown to have potential to be used in monitoring studies of HCH polluted sites. 
However, due to the stereospecific effects of γ- and δ-HCH on the activity and structure of 
methanotrophic communities, potential applications remain restricted to the latter isomers.  
Acknowledgments 
This work was funded by the Fifth Framework Programme of the European Community 
(LINDANE project, QLK3-CT-2002-01933). We gratefully thank A. Diaz of Gaiker for HCH-
analyses, P. Van Damme for her technical assistance, R. Rousseau for his help with diversity 
analysis and V. Denef, S. Seurinck and T. Vandewiele for their useful suggestions on the 
manuscript. 
  
 
 
 
 
 
 
 
 
 
A novel method for the monitoring of HCH polluted soils 
 
 62 
 
 
  
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
PART II 
BIOAUGMENTATION OF HCH 
CONTAMINATED SOIL 
 
 
 
 
 
 
Characterization of cultures enriched from HCH contaminated soils 
 64 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
Chapter 3 
 65 
CHAPTER 3 
 
CHARACTERIZATION OF CULTURES 
ENRICHED FROM HCH CONTAMINATED 
SOILS § 
Abstract 
Hexachlorocyclohexane (HCH)-degrading bacteria are believed to mediate natural 
attenuation of HCH contamination and have potential for bioaugmentation processes. This 
study addressed the occurrence of HCH degraders in several contaminated soils. Thirty five 
enrichment cultures grown on different HCH isomers yielded 16 cultures in which HCH was 
removed although β-HCH was persistent in enrichment cultures. HCH-degrading populations 
were clearly associated with HCH-contaminated soils. Nine HCH-degrading isolates could 
subsequently be isolated, which were all Sphingomonas spp.. All isolates degraded α- and γ-
HCH, while degradation of β- and δ-HCH was highly strain dependent. However, none of the 
isolates grew on HCH as a sole organic substrate in pure culture. Denaturing gradient gel 
electrophoresis (DGGE) analyses evaluated whether enrichment of HCH degraders occurred 
in situ at contaminated sites. Most soils were characterized by diverse bacterial communities, 
although one soil contained a predominant ribotype, possibly selected by the HCH 
contamination. However, the latter population was not selected in the enrichment culture 
from that soil. Furthermore, DGGE analyses indicated that the isolates represented 
predominant populations in the enrichment cultures, but additional predominant populations, 
including some Pseudomonas spp., could not be isolated.  
 
 
 
 
 
                                                 
§ Redrafted after 
Mohn, W.W., Mertens, B., Neufeld, J.D., Verstraete, W. and de Lorenzo, V. (2006) 
Distribution and phylogeny of hexachlorocyclohexane-degrading bacteria in soils from Spain. 
Environ. Microbiol. 8: 60-68. 
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Introduction  
Despite its persistence, HCH biodegradation has been reported in various environments, 
including aerobic and anaerobic soils, and bioremediation is a potential solution to the 
challenge of cleaning up HCH-contaminated sites. HCH-degrading microorganisms such as 
fungi, cyanobacteria, anaerobic and aerobic bacteria including members of the genera 
Sphingomonas, Rhodanobacter and Pandoraea have been widely described (for a review 
see (Phillips et al., 2005)).  
HCH-degraders are typically grown in the laboratory on complex media, and it is 
questionable whether most HCH degraders use HCH as a sole organic substrate for 
heterotrophic growth. Alternatively, it is possible that organisms use HCH simultaneously 
with other growth substrates or that HCH degradation is primarily a detoxication mechanism. 
Finally, it is unclear whether isolation procedures yield the various HCH degraders that can 
be enriched. It is possible that certain organisms have important roles in HCH degradation in 
soil and in mixed cultures but are incapable of growth under currently used conditions for 
axenic cultures. Thus, we do not know whether the organisms that have been studied to date 
are representative of HCH degraders in contaminated soils.  
The objectives of this study were to characterize the occurrence of HCH degraders in 
contaminated soils and to evaluate whether enrichment of HCH degraders occurred in situ at 
contaminated sites. It was further the aim to determine which rRNA gene ribotypes are 
enriched in laboratory cultures and subsequently isolated.  
Materials and methods  
SOIL SAMPLES 
Soil samples were obtained from three HCH-contaminated sites near Bilbao in northern 
Spain (Ansio, Porugalete and Artxanda). Samples were taken with an Endelman coring 
device or a stainless steel shovel, both surface-sterilized with alcohol, from specified depths 
(Table 3.1). Samples S1-S4 were from Ansio, S5 from Portugalete and S10-S16 from 
Artxanda. In the field, samples were divided for microbiological analyses and soil analyses. 
Samples for microbiological analyses were transported to the laboratory in sterile plastic 
bottles on ice and homogenized thoroughly, with subsamples for DNA extraction frozen at -
80 °C and subsamples for inoculating enrichment cultures stored at 4 °C. Samples for soil 
analyses (Table 3.1) were transported to GAIKER, Centro Technologico, a certified 
commercial laboratory, and analysed using standard methods. Organic matter was 
determined by combustion. 
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CULTURES  
All cultures were grown on PAS mineral salts (Bedard et al., 1986) with an initial pH of 7.0 
and incubated at 30 °C. Liquid cultures were incubated on a rotary shaker (200 rpm). Solid 
medium contained 15 g of purified agar (USB) per litre and was in standard Petri dishes. 
HCH was added to solid medium in 5 ml overlays containing 300 mg of HCH per litre. HCH 
isomers were from Dr Ehrenstorfer, GmbH with the following purities: α, 99.5%; β, 98%; δ, 
99%; γ, 99%. HCH was added to solid or liquid media from stock solutions of 20 g of HCH 
per litre of filter-sterilized DMSO, with the exception of enrichment cultures, to which HCH 
was added directly as crystals (to avoid DMSO as a possible substrate). Uninoculated control 
enrichment cultures proved that the HCH reagents did not contain microorganisms capable 
of growth on HCH. Growth on HCH was evaluated by microscopy, based on the number of 
cells per field of view. Enrichment cultures were in 250 ml flasks containing 100 ml of PAS 
plus 100 mg of a specified HCH isomer per litre. Primary enrichment cultures were 
inoculated with 1.0 g of a specified soil. Secondary cultures were inoculated with 100 µl of 
the corresponding primary culture. After isolation, strains were grown on solid or liquid media 
with 10% LB broth (Ultrapure, USB) in addition to HCH. To measure HCH removal by 
isolates, cultures were grown in glass tubes on 1.5 ml of PAS medium (15 µl of inoculum) 
with 10% LB plus 100 mg l-1 of the indicated HCH isomer. Percent removal of HCH was 
determined relative to the amount remaining in uninoculated control cultures. Each test was 
performed at least twice.  
 
HCH ANALYSES 
Soil HCH concentrations were measured by GAIKER, Centro Technologico, a certified 
commercial laboratory, using a standard method. Briefly, that method involves soil extraction 
by sonication with hexane-acetone and analysis with a gas chromatograph with electron 
capture detector (GC-ECD) (method detection limits = 0.1 µg l-1). To measure HCH removal 
in cultures, the cultures were thoroughly mixed to suspend particles, and 0.50 ml samples 
were removed to microfuge tubes. Samples were extracted twice with 0.50 ml of ethyl 
acetate. Hexachlorobenzene (50 mg l-1) was added as an internal standard. Samples were 
analysed by gas chromatography-mass spectroscopy. HCH removal was monitored weekly 
in enrichment cultures, which were considered positive for HCH removal when they had less 
than 10% of the HCH concentration measured in simultaneously incubated, uninoculated 
control cultures.  
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DNA EXTRACTION 
DNA was extracted from soil samples and enrichment cultures using Bio 101 Soil DNA 
Extraction kits (Q-Biogene) according to the manufacturer’s instructions. Solids including 
cells were recovered from 10 ml samples of enrichment cultures by centrifugation at 3220 g 
for 20 min at 4 °C. Pellets were stored at -80°C until DNA extraction. DNA was extracted 
from pure cultures by boiling (10 min). All DNA was stored at -20°C. General polymerase 
chain reaction (PCR) primers targeting all bacteria (P388f–P518r) were used (Ovreas et al., 
1997). The final concentrations of the different components in the mastermix were: 0.2 mM of 
each primer, 200 mM of each deoxynucleoside triphosphate, 1.5 mM MgCl2, 1x thermophillic 
DNA polymerase 10x reaction buffer (MgCl2 free), 1.25 U/50 µl of Taq DNA polymerase 
(Promega, Madison, WI, USA), 400 ng µl-1 bovine serum albumin (Hoffman-La Roche, Basel, 
Switzerland) and DNase and RNase free filter sterilized water (Sigma-Aldrich Chemie, 
Dteinheim, Germany). To 48 µl of PCR mastermix, 2 µl of DNA template was added. After 
each PCR, the size of the amplification product was verified on a 1.2% agarose gel.  
 
DENATURING GRADIENT GEL ELECTROPHORESIS (DGGE) 
DGGE analysis was performed using a DCode System (Bio-Rad, Hercules, CA, USA) as 
described previously (Muyzer et al., 1993; El-Fantroussi et al., 1999). Briefly, the above 
amplicons were loaded (10 ml) onto 8% (w/v) polyacrylamide gels in 1x TAE [20 mM Tris, 10 
mM acetate, 0.5 mM EDTA (pH 7.4)]. The gels had a denaturing gradient ranging from 45% 
to 60%. Electrophoresis was for 16 h at 60 °C at 38 V. After electrophoresis, the gels were 
soaked for 20 min in SYBR green I nucleic acid gel stain (1:10 000 dilution; FMC 
BioProducts, Rockland, ME, USA). The stained gel was immediately photographed on an UV 
transillumination table with a video camera module (Vilbert Lourmat, Marne-la Vallé, France). 
DGGE bands selected for sequencing were excised from the gel and placed in 20 µl of sterile 
water. To verify their purity, these bands were reamplified (as above) and the amplicons 
analysed by DGGE. Amplicons were additionally purified with a Wizard Genomic DNA 
purification kit (Promega, Madison, WI, USA) and subsequently sequenced by ITT Biotech 
(Bielefeld, Germany). Partial sequences of approximately 132 bp (primer sequences 
removed) were aligned to 16S rRNA gene sequences obtained from the National Center for 
Biotechnology Information database by using BLAST (version 2.0).  
 
DNA SEQUENCE ANALYSIS 
In order to obtain full length 16S rRNA gene sequences from HCH degrading isolates, colony 
PCR was performed as described previously (Neufeld et al., 2004) but with primer set 27f-
1492r (Lane, 1991). The PCR amplicons were cloned using the TOPO-TA cloning kit 
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(Invitrogen). For each isolate, plasmids from three transformant colonies were extracted 
using a plasmid purification kit (Qiagen). Sequencing reactions and gels were prepared as 
previously described (Neufeld et al., 2004). All plasmids were sequenced once with primer 
907r (5’-CCG TCA ATT CMT TTG ACT TT) to verify that for each isolate, identical 
sequences were obtained from transformants. The complete 16S rRNA gene was sequenced 
from one plasmid for each isolate using plasmid specific primers, -21 M13f (5’- 
TGTAAAACGACGGCCAGT) and M13r (5’-CAGGAAACAGC TATGACC), and the gap was 
filled between the sequences using the sequence data from 907r. For multiple fold coverage 
and additional confidence, inserts were also sequenced with primers 27f and 1492r. Isolate 
full-length sequences were aligned in CLUSTALX (Thompson et al., 1997) with default 
settings. A neighbour joining phylogenetic tree was generated with 100 bootstraps using 
TREECON for Windows 1.3b (Van de Peer and De Wachter, 1994). All alignment positions 
were used without taking insertions and deletions into account while calculating Jukes–
Cantor distance. The ~130 bp DGGE band sequences and correspondingly cropped rRNA 
sequences from isolates and reference strains were aligned in CLUSTALX before generating 
an unrooted phylogenetic tree as described above but without bootstrapping. Sequences 
were deposited in Gen- Bank for all isolates (AY771794–AY771802), other enrichment bands 
(AY771804–AY771806), and for S1 soil band C (AY771803).  
Results and discussion 
SOIL SAMPLES  
The soil samples varied greatly in levels of HCH contamination and presence of the various 
HCH isomers (Table 3.1). The three contaminated sites differed in composition of HCH 
isomers. Samples from Ansio (S1-S4) had predominantly α-HCH. The sample from 
Portugalete S5 had relatively low total HCH concentrations, mainly α- and γ-HCH. The 
contaminated samples from Artxanda (S10-S16) mainly had high HCH concentrations, 
comprised of highly variable relative amounts of α-, γ-, δ- and ε-HCH.  
 
OCCURRENCE OF HCH DEGRADERS  
Of 35 enrichment cultures varying in soil inocula and in HCH isomers used as sole organic 
substrates, HCH was removed in 16 (Table 3.2). All of these 16 cultures were transferred to 
secondary cultures in which HCH was also removed, indicating growth of organisms on the 
corresponding HCH isomers. Enrichment results suggest that HCH degraders are rare in 
soils not contaminated with HCH and that contamination selects for HCH-degrading 
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populations in situ. None of the soils without substantial HCH (S10, S11) yielded an HCH-
degrading enrichment culture. 
 
Table 3.1 Characteristics of soil samples. S1-S4: Ansio site; S5: Portugalete site; S10-S16: 
Artxanda site 
Sample 
Depth 
(cm) 
α-HCH 
(µg/g)a 
β-HCH 
(µg/g)a 
γ-HCH 
(µg/g)a 
δ-HCH 
(µg/g)a 
ε-HCH 
(µg/g)a 
Total HCH 
(µg/g)a 
pH 
Organic 
Matter 
(%)b 
S1  10 – 20 15500 140 447 73.7 77.2 16200 7.8 3.5 
S2 35 – 45 158 108 0.87 0.5 8.72 276 7.9 4.4 
S3  25 – 35 5920 131 43.9 7.7 21.9 6130 7.8 7.4 
S4 90 – 100 3580 144 15.3 1.2 14.2 3750 5.9 4.0 
S5 0 – 10 4.36 4.19 0.08 0.05 0.27 8.95 8.4 3.3 
S10 3 – 15 X 0.01 X 0.02 X 0.03 5.4 21.2 
S11 0 – 10 X X X 0.01 X 0.01 8.1 9.1 
S12 0 – 8 0.17 0.01 0.03 0.04 0.06 0.40 7.6 31.8 
S13 0 – 10 6160 17.3 6110 5520 780 18600 2.9 89.4 
S14 0 – 10 1270 793 298 9750 1438 13500 3.6 96.4 
S15 0 – 10 1900 263 98.6 18300 1224 21800 4.4 18.6 
S16 0 – 10 17.7 7.81 1.01 18.0 8.7 53.3 7.2 31.9 
a : µg HCH / g dry soil  
b : % of dry weight 
X : < detection limit 
 
On the other hand, HCH-degrading enrichment cultures resulted from seven of nine HCH 
contaminated soils (Table 3.2). Further, the only two contaminated soils that did not yield 
HCH degraders were S13 and S14, which had extremely low pH values and high HCH 
concentrations (Table 3.1). If acidification of these soils was a result of HCH degradation, the 
process may have become self-limiting. Buffering of soil pH might be an important means to 
promote in situ HCH biodegradation. Interestingly, the only two enrichment cultures in which 
δ-HCH was removed were inoculated with Artxanda soil, which had high proportions of the δ-
isomer, relative to the other isomers. This suggests that the presence of δ-HCH selected for 
population(s) that can degrade δ-HCH. 
Enrichment success varied considerably with the different HCH isomers. The most persistent 
isomer was β-HCH, which was not degraded in any of six cultures (Table 3.2). This suggests 
that organisms capable of growth on β-HCH are rare or require growth factors not present in 
the mineral medium used. The β-isomer of HCH is typically more persistent than other 
isomers in natural environments as well (Tatsukawa et al., 1972), which is generally 
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attributed to the relative chemical stability of this isomer. Additionally, δ-HCH was relatively 
persistent in our enrichment cultures (Table 3.2), being degraded in only two of seven 
cultures. Results with α- and γ-HCH were very similar. A majority of soils yielded organisms 
that degraded both these isomers, and most of the soils that failed to yield α-HCH degraders 
also failed to yield γ-HCH degraders. These observations suggest that there are frequently 
occurring populations capable of growth on both α- and γ-HCH, but not on β- and δ-HCH 
under conditions in the enrichment cultures.  
 
Table 3.2 Outcome of enrichment cultures. X: enrichment not done with the specified soil 
and HCH isomer; -: enrichment not successful (no HCH removal from primary enrichment 
culture after 3 months incubation); +: enrichment successful (HCH removal in primary and 
secondary cultures) but no isolate obtained; otherwise, strain designations are given for 
isolates obtained from the specified culture 
HCHS USED FOR ENRICHMENT 
Soil 
α β γ δ 
S1 Ansio α1-2 − γ1-7 X 
S2 Ansio X X + X 
S3 Ansio X X + X 
S4 Ansio 
α4-2 
α4-5 
− + X 
S5 Portugalete + − + X 
S10 Artxanda − X − − 
S11 Artxanda − X − − 
S12 Artxanda + − 
γ12-7 
γ12-8 
γ12-10 
− 
S13 Artxanda − X − − 
S14 Artxanda − X − − 
S15 Artxanda + − + + 
S16 Artxanda 
α16-10 
α16-12 
− 
γ16-1 
γ16-7 
γ16-9 
+ 
 
 
ISOLATION OF HCH DEGRADERS 
Secondary enrichment cultures that degraded HCH were streaked on solid medium 
containing the corresponding HCH isomer, and very small (<1 mm diameter) colonies formed 
very slowly (>2 weeks). Putative HCH-degrading isolates were indicated by clearing of 
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precipitated HCH in zones around the colonies. Many of the isolates failed this test and were 
likely growing on the agar, organic contaminants in the agar or volatile organic matter in the 
air. Many colonies that cleared HCH failed to grow in subsequent transfers, suggesting that 
they had nutritional requirements provided by other organisms in the enrichment cultures. 
Multiple HCH-clearing isolates were obtained from enrichment cultures whenever possible, 
and when these isolates differed in cell or colony morphology, representatives of each 
discernible type were maintained. Additional efforts to isolate HCH degraders involved 
streaking enrichment cultures on solid medium with HCH plus 10% LB medium, but these 
strains never had HCH degradation activity. A total of nine HCH clearing isolates were 
obtained from 6 of the 16 enrichment cultures, and these were maintained and characterized. 
Notably, isolates were only obtained on α- and γ-HCH, and none were obtained from the two 
enrichment cultures that degraded δ-HCH. Organisms appear to have grown on δ-HCH in 
the enrichment cultures, but they did not grow as readily in pure culture as did organisms 
enriched on α- and γ-HCH. All of the isolates obtained are members of the genus 
Sphingomonas, on the basis of their 16S rRNA gene sequences (Figure 3.1). The sequences 
of five isolates from Artxanda soil all cluster together (>99% identical) and are closely related 
(>98% identical) to S. paucimobilis UT26. The sequences of three isolates obtained on α-
HCH from Ansio soil form a second cluster (>99% identical), and the sequence of the 
remaining isolate obtained on γ-HCH from Ansio soil was distinct from the other isolates.  
 
Figure 3.1 Neighbour joining tree of the full-length 16S rDNA sequences of nine HCH-
degrading isolates. In addition to S. paucimobilis strain UT26 (Accession number AF039168), 
sequences with the highest BLAST hit in Genbank for each of the isolates were included in 
the alignment. The tree was rooted with the 16S rDNA sequence of Rhodanobacter 
lindaniclasticus (L76222) strain 1021. Letter codes on the right indicate the clusters with 
identical 132 bp regions corresponding to the DGGE band sequences and match the band 
letter codes in Figure 3.2 
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Thus, despite efforts to obtain isolates with different cell or colony morphologies, the isolates 
had very little phylogenetic diversity. While distinct populations were enriched and isolated 
from the different sites, all of the isolates were members of the genus Sphingomonas, like 
the majority of HCH degraders identified in other studies (Senoo and Wada, 1989; Sahu et 
al., 1990). All of the nine isolates removed HCH while growing on a rich medium (10% LB 
broth). Therefore, HCH degradation by Sphingomonas spp. is unlikely to be repressed by 
sugars or other readily used substrates. Most of the isolates removed α-, β- and γ-HCH 
(Table 3.3).  
 
Table 3.3 Percent removal of HCH isomers by 9 bacterial isolates 
Strain α-HCH β-HCH γ-HCH δ-HCH 
α1-2 86 21 100 4 
α4-2 96 72 63 99 
α4-5 36 45 16 1 
γ1-7 82 87 100 66 
α16-10 95 9 84 2 
α16-12 49 33 37 2 
γ12-7 100 3 69* 3 
γ16-1 17 10 25 0 
γ16-9 15 33 13 1 
 
All but two isolates failed to degrade δ-HCH, but this resulted from inhibition of growth, rather 
than the inability to transform δ-HCH. Individual suspensions of four isolates (α 1-2, α 4-2, α 
4-5 and γ 1-7), previously grown on 10% LB plus α-HCH, were all able to completely remove 
50 mg l-1 δ-HCH in 24 h (not shown). The present study and other reports (Sahu et al., 1990; 
Johri et al., 1998; Siddique et al., 2002) suggest that it is typical for HCH-degrading 
Sphingomonas spp. to degrade multiple HCH isomers. The isolates in the present study 
differed substantially in their abilities to remove the four HCH isomers tested (Table 3.3). In 
almost all cases, the relative ability of each strain to remove α- and γ-HCH was similar. 
Whereas, removal of β-HCH was more variable, and three strains failed to substantially 
remove that isomer (removed less than 10%). Within both the phylogenetic clusters (Figure 
3.1), individual strains differed substantially in HCH degradation ability, indicating important 
catabolic differences between closely related organisms. Differences in the arrangements 
and copy numbers of lin genes (Dogra et al., 2004) may account for the observed variability 
of HCH degradation capacity within closely related strains. None of the isolates from the 
present study grew in the defined liquid medium with HCH as a sole organic substrate. 
Aerobic growth of a Sphingomonas sp. on γ-HCH as a sole organic substrate has been 
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demonstrated (Sahu et al., 1990). However, such use of HCH has not been rigorously 
demonstrated for most HCH degraders. The ability to enrich aerobic HCH degraders in the 
present and other studies strongly suggests that HCH is used as a source of reductant and 
carbon.  
 
DGGE ANALYSES OF SOILS, ENRICHMENT CULTURES AND ISOLATES   
Consistent trends were observed in the denaturing gradient gel electrophoresis (DGGE) 
fingerprints of the soils, enrichment cultures and isolates. In most cases, soil DNA 
fingerprints were faint smears (Figure 3.2), which suggests very diverse bacterial 
communities lacking predominant ribotypes. Soil S1 was an exception, as its fingerprint 
contained a single, very dense band (band C). This band was excised and sequenced (132 
bp), and its sequence was most similar to, but not identical to that of Sphingomonas sp. 
strains in cluster D (Figure 3.1). This band appears to represent a predominant population, 
possibly selected by the HCH contamination in the soil. Interestingly, this population was not 
selected in the enrichment culture from that soil.  
The fingerprints reflected selection for successively fewer populations in the sequential 
enrichment cultures. After incubation, each primary enrichment culture had a fingerprint with 
5–12 discreet bands, and each secondary enrichment culture had fewer bands than the 
corresponding primary culture (Figure 3.2). Consistent with enrichment, nearly all of the 
bands in the secondary cultures matched bands visible in the corresponding primary culture. 
Each isolate yielded a single DGGE band matching one of a few predominant bands in the 
corresponding secondary enrichment culture (bands B, D or E). Sequence analysis indicated 
that the bands from enrichment cultures were identical to the corresponding regions from the 
respective isolates. Thus, highly enriched populations were the ones ultimately isolated on 
solid medium.  
The DGGE fingerprints of the enrichment cultures and the phylogeny of the isolates obtained 
were clearly a function of both the sites where soil was sampled and the HCH isomers were 
used as substrates. The two soils from Ansio (S1, S4) enriched with α-HCH yielded highly 
similar fingerprints with many common bands (Figure 3.2), and the three isolates from these 
enrichment cultures had tightly clustering rRNA gene sequences (Figure 3.1). One of these 
soils (S1) enriched with γ-HCH yielded an entirely different fingerprint and an isolate with an 
rRNA gene sequence distinct from all the other isolates. Similarly, the two soils from 
Artxanda (S12, S16) enriched with γ-HCH yielded highly similar fingerprints with many 
common bands, which were distinct from the fingerprint of one of those soils (S16) enriched 
with α-HCH. All of the isolates from Artxanda soil had tightly clustering rRNA gene 
sequences. 
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Figure 3.2 Normalized DGGE gel for bacterial 16S rRNA gene fragments of original soil 
DNA, enrichment culture DNA and isolate DNA. Lanes are grouped according to the soil on 
which the enrichment was started.  S, indicates soil samples (e.g., S1).  Enrichment cultures 
are identified by HCH isomer, soil inoculum number and primary or secondary cultures (e.g., 
α1-1°).  Isolates are identified by HCH isomer for enrichment, soil inoculum number and 
number of isolate (e.g., α1-2).   Band letter codes at left match the cluster letter codes in 
Figure 3.1. Black triangles indicate bands that were excised and sequenced 
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Interestingly, predominant upper bands of the same mobility (A) were common to the 
cultures from Ansio and Artxanda soil. Sequence analysis indicated that these bands in the 
α1, α4 and γ16 enrichments were affiliated with the genus Pseudomonas and in the γ12 
enrichments with uncultured β-proteobacteria. An additional lower band (F) from the γ16 
enrichment was affiliated with the genus Methylobacterium. These bands may represent a 
population common to these soils that could be enriched but could not be isolated. The 
ribotypes not isolated may have been substantially less abundant (10-fold or more) than the 
ones isolated or may be incapable of growing on HCH (e.g. may grow on metabolites 
generated by another organism). 
 
The above results indicate that distant sites contain distinct bacterial populations capable of 
enrichment and isolation on HCH. Furthermore, these populations differ in relative efficiency 
of degradation. This suggests that microbial HCH degradation is limited to few species which 
moreover are quite restricted in terms of effective growth on this chemical. Selection of these 
efficient species could be important in bioaugmentation of HCH contaminated sites. The 
isolate Sphingomonas sp. γ1-7 shows to be promising for this purpose, since it had good 
degrading abilities regarding all HCH isomers. This study further showed that members of 
the genus Sphingomonas seem to be the HCH degraders most readily isolated from many 
soils. However, our results suggest that there are additional populations with an unidentified 
role in HCH-degrading consortia. 
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CHAPTER 4 
 
SLOW-RELEASE BIOAUGMENTATION FOR A 
SUSTAINED DEGRADATION OF LINDANE 
**
 
Abstract 
This study investigated the feasibility of a slow release inoculation approach as a 
bioaugmentation strategy for the degradation of lindane (γ-HCH). Slow release inoculation of 
Sphingomonas sp. γ1-7 was established in both liquid and soil slurry microcosms using open 
ended silicone tubes in which the bacteria are encapsulated in a protective nutrient rich 
matrix. The capacity of the encapsulated cells to degrade lindane under aerobic conditions 
was evaluated in comparison with inoculation of free living cells. Encapsulation of cells in 
tubes caused removal of lindane by adsorption to the silicone tubes, but also ensured 
prolonged biodegradation activity. Lindane degradation persisted 2.2 and 1.4 times longer, 
for liquid and soil slurry microcosms respectively, compared to inoculation with free cells. 
While inoculation of free living cells led to a loss in lindane degrading activity in limited time 
intervals, encapsulation in these tubes allowed for a more stable actively degrading 
community. The loss in degrading activity was linked to the loss of the linA gene, encoding γ-
HCH dehydrochlorinase (LinA) which is involved in the initial steps of the lindane degradation 
pathway. This work shows that a slow release inoculation approach using a catabolic strain 
encapsulated in open ended tubes is a promising bioaugmentation tool for contaminated 
sites, as it can enhance pollutant removal and can prolong the degrading activity in 
comparison with traditional inoculation strategies. 
 
 
 
 
                                                 
** Redrafted after 
Mertens, B., Boon, N. and Verstraete, W. (2006) Slow-release inoculation provides a 
sustained biodegradation of gamma-hexachlorocyclohexane. Appl. Environ. Microbiol. 72: 
622-627. 
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 Introduction 
A frequently used bioremediation technique for the removal of xenobiotic chemicals from 
soils is bioaugmentation, i.e. the inoculation of specialized degrading bacteria. However, in 
most cases the number of introduced cells decreases shortly after inoculation due to both 
abiotic and biotic stresses (Alexander, 1999). Abiotic factors controlling survival of introduced 
microorganisms include moisture content, temperature, pH, texture, oxygen and nutrient 
availability (van Elsas et al., 1986). Biological factors include the predation by protozoa, a 
limited starvation resistance (Acea et al., 1988), and the lack of suitable niches for extended 
cell survival (van Elsas and Heijnen, 1990).  
An approach to overcome some of the problems associated with microbial survival after 
inoculation is the formulation of inoculants in protective carriers, for example the 
immobilization of cells by encapsulation (Van Veen et al., 1997). The capsule matrix can 
buffer against environmental stress and pollutant toxicity (Bastos et al., 2001; Moslemy et al., 
2002) and protects the inoculant from predation and indigenous microorganisms (Smit et al., 
1996), while allowing diffusion of gases and liquids (Van Veen et al., 1997). Carrier materials 
to encapsulate cells for biodegradation include among others alginate, gelatine and κ-
carrageenan gel (van Elsas and Heijnen, 1990). A particular successful encapsulation 
method using open ended silicone tubes was applied for the degradation of 3-chloroaniline in 
an activated sludge bioreactor (Boon et al., 2002a). This immobilization in a nutritive matrix 
efficiently maintained a 3-chloroaniline degrading inoculant within the activated sludge 
community. Ten percent of the degradation activity was estimated to be due to the cells in 
the tubes, while the continuous slow release of active cells from the tubes was responsible 
for about 90% of the degradation. 
In this study we investigated the applicability of the encapsulation technique in open ended 
silicone tubes for the biodegradation of an important soil pollutant lindane. The lindane 
degrading strain Sphingomonas sp. γ1-7, isolated from a HCH polluted site as discussed in 
the previous chapter was chosen as inoculant. The degradation after inoculation of 
encapsulated cells was evaluated relative to freely suspended cells in liquid and soil slurry 
microcosms. Degradation activity of Sphingomonas sp. γ1-7 and the role of degradative lin 
genes, encoding the lindane degradation pathway, were assessed in order to elucidate 
differences in lindane removal by both inoculation procedures.  
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Materials and methods 
LINDANE 
Analytical grade lindane was purchased from Sigma-Aldrich Chemie (Steinheim, Germany). 
Lindane has a KOW of 3.8 and its solubility in water (20 °C) is 10 mg l
-1 (United Nations 
Environment Programme, UNEP). Due to this relatively low solubility, lindane 
concentrations above 10 mg l-1 cannot be monitored. It was therefore chosen to express 
lindane removal in percentages of added amounts of lindane. 
 
INOCULUM PREPARATION 
For use as free living cells, Sphingomonas sp. γ1-7 was grown for 40 h at 28 °C in 50 ml of a 
growth medium composed of mineral salts (Bedard and Knowles, 1989) and 10% Luria 
Bertani (LB) broth (Sambrook et al., 1989), containing 50 mg of lindane l-1. Afterwards, 1 ml 
of this culture was washed twice and resuspended in 1 ml saline (0.85% NaCl) (cell density 
was 1.6 108 CFU ml-1, determined by an OD610nm based standard curve). The inoculum of 
Sphingomonas sp. γ1-7 encapsulated in silicone tubes was prepared following a procedure 
previously described (Boon et al., 2002a). One ml of a 40 h grown culture (28 °C) of 
Sphingomonas sp. γ1-7 was washed twice with saline and resuspended in 1 ml saline (1.6 
108 CFU ml-1), and mixed with 2 ml of the same growth medium as described before, but this 
time containing 30 g agar l-1. Subsequently, while still fluid, the mixture was injected into a 
sterile silicone tube (product code 990.0040.007, bore size 4 mm, wall size 0.7 mm; Watson-
Marlow, Cornwall, England, Figure 4.1). When the mixture was solidified, the tube was cut 
into 8 pieces of 2 cm long. The silicone pieces remained open at both ends (Figure 4.1).  
 
 
 
Figure 4.1 Left silicone tubing to prepare open ended tubes Right open ended silicone tube 
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ADSORPTION AND DIFFUSION OF LINDANE TO/THROUGH SILICONE TUBES 
To assess adsorption of lindane to silicone tubes, an Erlenmeyer flask containing 25 ml of 
distilled H2O and a 5 cm long sterile silicone tube filled with agar suspension (the inoculum 
was replaced by sterile saline) was shaken (110 rpm, 28 °C) with an initial amount of 0.5 mg 
lindane (from a DMSO stock solution of 20 g l-1). When depleted, additional amounts of 
lindane were added until no further removal was observed. 
The diffusion of lindane through silicone tubes was assessed by continuously (during 5 days) 
pumping water saturated with lindane through an empty autoclaved silicone tube, placed in 
an Erlenmeyer flask with 150 ml of distilled H2O. The ends of the tube were placed outside 
the flask to avoid that the stock solution was in direct contact with the water. Lindane was 
measured in the water phase of the Erlenmeyer flask. 
 
BIODEGRADATION IN LIQUID MICROCOSMS 
Liquid microcosms for biodegradation experiments were set up (in duplicate) as follows: 
Erlenmeyer flasks containing 50 ml liquid medium were inoculated with either an inoculum of 
free living cells or an inoculum of encapsulated cells in tubes. Control flasks consisted of i) 
50 ml medium supplemented with 1 ml saline and ii) 50 ml medium supplemented with non-
inocluated tubes, containing 1 ml saline in 2 ml agar medium. To each set up 2.5 mg lindane 
was added (from a sterile DMSO stock solution of 20 g l-1). All set ups were subsequently 
incubated on a rotary shaker (110 rpm, 28 °C). Lindane was added regularly (doses of 2.5 
mg every 2 days, from a sterile DMSO stock solution of 20 g l-1). Duplicate samples were 
taken from each flask (4 samples in total per treatment). 
 
BIODEGRADATION IN SOIL SLURRY MICROCOSMS 
Similarly to the set up for liquid microcosms, soil slurry microcosms consisted of Erlenmeyer 
flasks (in duplicate) containing 50 g (dry weight) of soil (a non-polluted sandy loam soil from 
an experimental field located near Melle, Belgium (Seghers et al., 2003b)), supplemented 
with 50 ml medium to obtain a soil slurry. The composition of the soil slurry was based on the 
procedures described by Bachmann et al. (1988). Fifty percent water (wt/wt) was used 
instead of 30% water (wt/wt), to provided conditions for gentle mixing. The microcosms were 
inoculated with either an inoculum of free living cells or an inoculum of encapsulated cells in 
tubes. Control flasks consisted of i) 50 g soil with 50 ml medium supplemented with 1 ml 
saline and ii) 50 g soil with 50 ml medium supplemented with non-inoculated tubes, 
containing 1 ml saline in 2 ml agar medium. Initially 5 mg lindane was added from a sterile 
DMSO stock solution of 20 g l-1 (a higher initial amount of lindane was applied to soil slurry 
microcosms compared to liquid microcosms due to the expected adsorption of γ-HCH to soil 
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particles). All set-ups were subsequently incubated on a rotary shaker (110 rpm, 28 °C). 
Lindane was added regularly (doses of 2.5 mg, from a sterile DMSO stock solution of 20 g l-1, 
every 6 days; this longer time interval compared to the 2 day interval in liquid microcosms 
was chosen due to the expected slower degradation in soil slurry microcosms). Duplicate 
samples were taken from each flask (4 samples in total per treatment).  
 
LINDANE DEGRADATION BY ENCAPSULATION IN NON-OPEN ENDED TUBES 
To evaluate the encapsulation of cells in non-open ended silicone tubes for lindane 
degradation relative to open ended tubes, the following experiment was set up: an open 
ended inoculated silicone tube of 10 cm length was placed in a sterile Erlenmeyer flask with 
50 ml of sterile medium spiked with 5 mg lindane (from a sterile DMSO stock solution of 20 g 
l-1) (Figure 4.2 A). In a second sterile Erlenmeyer flask containing 50 ml of sterile medium 
spiked with 5 mg lindane (from a sterile DMSO stock solution of 20 g l-1) an inoculated 
silicone tube was placed with the ends of the tube outside the flask so that the inoculant was 
not in direct contact with the water (Figure 4.2 B). The length of the tube in contact with the 
medium was 10 cm (only the part in contact with the medium contained inoculated agar). 
Since in both set ups the length of the tubes in contact with the medium was the same, 
adsorption of lindane to the silicone tubes was considered to be identical. A control flask 
containing 50 ml sterile medium with a non-inoculated 10 cm tube was included. The flasks 
(in duplicate) were incubated at 28 °C and shaken at 110 rpm. Removal of lindane from the 
medium was measured. 
                
Figure 4.2 Set up to evaluate lindane degradation by open ended tubes relative to non-open 
ended tubes. A Open ended tube B non-open ended tube. In both cases the same tube 
length is in contact with the lindane spiked medium 
 
INFLUENCE OF PH 
To monitor the influence of a possible pH drop on the activity of the cells, an extra set-up with 
both a non-open ended tube (ends outside flask) and a open ended tube was prepared as 
described in the previous paragraph, this time with addition of the pH indicator bromocresol 
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purple (pH < 5.2 : yellow; pH > 6.8 : purple) to the agar inside the tube. In addition, growth of 
Sphingomonas sp. γ1-7 at pH 5 was assessed by adjusting the growth medium with a 1 N 
HCl solution. 
 
LINDANE DEGRADING ACTIVITY OF Sphingomonas sp. γ1-7 
 At regular time intervals, coinciding with the sampling for lindane analysis, 1 ml samples 
were taken from the liquid microcosms of the different set-ups inoculated with the strain in 
suspension and in tubes respectively. Of these samples, ten-fold dilution series were 
prepared of which 100 µl was plated on agar plates consisting of growth medium added with 
50 mg l-1 lindane (from a sterile DMSO stock solution of 20 g l-1). At this concentration, part of 
the lindane is insoluble and thus visible as a white precipitate. Cells that have grown on such 
a plate and which are able to degrade lindane therefore create a halo of lindane clearance 
around the colony (Figure 4.3). Cells grown on the plate but without the capacity to degrade 
lindane lack such a halo. This feature was therefore used to distinguish between actively 
lindane degrading and non-degrading colony forming units. 
Figure 4.3 Sphingomonas sp. γ1-7 forming a halo when grown on an agar plate containing 
lindane precipitate 
 
DNA EXTRACTION AND PCR AMPLIFICATION OF LINA 
Colonies with and without a halo, were picked from the plates and cultured in growth 
medium. After growth DNA was extracted using the Wizard® Genomic DNA Purification Kit 
(Promega, Madison WI, USA) according to the manufacturer’s instructions. LinA genes were 
subsequently amplified by PCR using the following primer set and temperature program: 
LinA F33 5’CGCGATTCAGGACCTCTACT3’ and LinA R418 
5’CCAGCGGGGTGAAATAGTTC3’ (Thomas et al., 1996); denaturation 94 ºC  for 2 min, 30 
cycles of 94 ºC  for 1 min, 55ºC  for 1 min, 72ºC for 1 min, final extension  72 ºC for  10 min, 
hold at 4 ºC (Böltner et al., 2005). Final concentrations in the PCR mastermix were: 0.5 mM 
of each primer, 200 mM of each deoxynucleoside triphosphate, 1.5 mM MgCl2, 10 ml 
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thermophillic DNA polymerase 10x reaction buffer, 2.5 U of Taq DNA polymerase (Promega), 
400 ng ml-1 of bovine serum albumin (Hoffman-La Roche, Basel, Switzerland) and Dnase- 
and Rnase-free filter sterilized water (Sigma-Aldrich Chemie) to a final volume of 100 µl. Both 
DNA extraction and PCR amplification were verified with agarose gel electrophoresis. 
 
LINDANE ANALYSIS 
Analysis of lindane from liquid matrices was performed by first extracting lindane from a 2 ml 
sample using C18 SPE columns (product code 12102025, Bond Elut®, Varian, Harbor City 
CA, USA) according to the manufacturer’s instructions. Subsequently samples were 
analysed by GC (CP-3800, Varian) with an electron capture detector. GC conditions were: 
injection temperature= 225 °C; detector temperature= 300 °C; initial column temperature= 
100 °C (hold 2 min), increase to 160 °C at a rate of 15 °C min-1, increase to 270 °C at a rate 
of 5 °C min-1; column pressure= 16 psi. The column used was a Factor FourTM low bleed 
capillary column (VF-5ms, 30m x 0,25 mm ID DF=0,25, Varian) (Method 8081A, USEPA). 
For analysis of lindane from soil slurry matrices, soil slurry samples were extracted with 
acetone:hexane (1:1) using the Soxhlet extraction method (Method 3540, USEPA). After 
clean-up with Florisil®-based packed SPE tubes (product code 57053, SupelcleanTM, 
Supelco, Sigma-Aldrich, Bornem, Belgium) (Method 3620, USEPA), samples were analysed 
by GC-ECD as described above. 
Results 
ADSORPTION AND DIFFUSION OF LINDANE TO/THROUGH SILICONE TUBES 
The amount of lindane that could be adsorbed to the silicone tubes used for encapsulation 
was estimated in a separate adsorption experiment. A known amount of sterile silicone 
tubes, filled with agar suspension without inoculum was incubated with lindane until maximal 
adsorption occurred. This revealed that sorption by agar-filled silicone tubes was 0.273 ± 
0.001 mg per cm of tube. Since 16 cm of tubes were used in each set up of the 
biodegradation experiments, removal of lindane by sorption to tubes accounted for 4.37 ± 
0.01 mg.  
To assess diffusion of lindane through the silicone tubes, a saturated lindane solution in 
water was continuously pumped through a silicone tube, placed in a recipient with pure water 
(with the tube’s ends outside the recipient). After 5 days of running saturated water through 
the tube, a concentration of 2.60 mg l-1 lindane in the recipient was measured; this indicates 
that diffusion of lindane through the silicone tubes took place.  
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BIODEGRADATION IN LIQUID MICROCOSMS 
Lindane removal was evaluated for both free living and encapsulated cells in liquid 
microcosms. The amount of lindane added during the first two time intervals (5 mg) was 
completely removed by both free living and encapsulated cells (Figure 4.4, time interval 0-4 d 
and 4-6 d).  
Figure 4.4 Lindane removal in liquid microcosms. Represented as % of added lindane 
removed during the time intervals displayed in the X-axes. Removal by free living cells: Free 
cells; removal by encapsulated cells tubes: Tubes; removal due to adsorption by non-
inoculated tubes: Control tubes; control without inoculum or tubes: Reference 
 
In case of encapsulated cells in tubes however, adsorption of lindane to the tubes most likely 
caused the majority of this lindane removal. Indeed, as depicted above, adsorption to 16 cm 
of tubes can account for 4.37 ± 0.01 mg, which amounts to 87.4% of the added dose. This 
can also be seen from Figure 4.4 where lindane removal by non-inoculated tubes is shown. 
The subsequently added amount of lindane was also successfully removed by both free 
living cells and cells in tubes (Figure 4.4, time interval 6-12 d). At this point however, removal 
by encapsulated cells could not merely have been caused by adsorption, since the amount of 
lindane added, exceeded the amount that could adsorb to the tubes. Indeed, Figure 4.4 
shows no further removal by non-inoculated tubes. After further addition of lindane (Figure 
4.4, from time interval 12-14 d on), free living cells failed to remove the added lindane. 
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Encapsulated cells on the other hand continued lindane removal over a period of 26 days 
during which 5 more consecutive additions of lindane occurred. In the reference flasks, in 
which the inoculum was replaced by saline, no lindane removal was observed.  
 
BIODEGRADATION IN SOIL SLURRY MICROCOSMS 
Removal of lindane by free living cells and encapsulated cells was assessed in soil slurry 
microcosms. Similar to the removal in liquid microcosms, the amount γ-HCH added during 
the first two time intervals (7.5 mg), was removed rapidly by both free living and 
encapsulated cells (Figure 4.5, time interval 0-13 d and 13-22 d). Again, adsorption of γ-HCH 
to the tubes needs to be taken into account (Figure 4.5). After the third addition of lindane 
however, adsorption to the silicone tubes no longer contributed to the lindane removal 
(Figure 4.5, time interval 22-30 d). The removal percentage of additional lindane doses 
(Figure 4.5, time interval 30-37 d and 37-41 d) by freely suspended cells dropped drastically 
(from 80% to 13% and further to 8%), while lindane removal by encapsulated cells remained 
substantial (55%) although it decreased to 25% in the final time interval.  
Figure 4.5 Lindane removal in soil slurry microcosms. Represented as % of added lindane 
removed during the time intervals displayed in the X-axes. Removal by free living cells: Free 
cells; removal by encapsulated cells tubes: Tubes; removal due to adsorption by non-
inoculated tubes: Control tubes; control without inoculum or tubes: Reference  
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LINDANE DEGRADATION BY ENCAPSULATION IN NON-OPEN ENDED TUBES 
The set up as presented in Figure 4.2 was used to evaluate lindane degradation by cells 
encapsulated in non-open ended tubes relative to open ended tubes. While the total amount 
of 5 mg lindane that was spiked to flasks with an inoculated open ended tube was completely 
removed after 2 days of incubation, non-open ended inoculated tubes were not able to 
completely degrade this amount (Figure 4.6).  
Figure 4.6 Lindane removal (expressed as percentage of initial amount) by open ended 
versus non-open ended tubes. 
 
In order to elucidate the stagnation of degradation inside the non-open ended tube, the pH 
indicator bromocresol purple (pH < 5.2 : yellow; pH > 6.8 : purple) was added to the agar 
inside the tube. After 3 days of incubation, the part of the tube in contact with the lindane 
containing medium colored yellow (Figure 4.7), indicating a pH drop inside the tube due to 
degradation of lindane. Subsequently, the strain was inoculated in growth medium at pH 5 to 
assess its growth potential in this lowered pH. No growth was observed (data not shown). 
The same pH indicator was added to an inoculated open ended tube. In this case, no yellow 
coloration occurred. 
 
 
 
Time (d)
0 2 4 6 8 10
86
88
90
92
94
96
98
100
Open ended tube
Non-open ended tube
%
 L
in
d
a
n
e
 r
e
m
o
v
e
d
Chapter 4 
 87 
 
 
 
 
 
Figure 4.7 Indication of pH drop inside a tube in contact with a 
lindane containing medium (yellow, i.e. pH < 5.2). The part of the 
tube not in contact with the medium retained its purple color (i.e. 
pH > 6.8)  
 
LINDANE DEGRADING ACTIVITY OF Sphingomonas sp. γ1-7 
At the start of the biodegradation experiment in liquid microcosms, cells inoculated as free 
living cells were more numerous in suspension than cells released from the inoculated tubes 
(Figure 4.9 A). At this point most cells that were inoculated in tubes were still encapsulated 
inside the tubes and few cells were released from the tubes. The first days of the experiment 
the percentage of actively degrading cells was significantly less (P < 0.01) for cells inoculated 
as free living cells compared to cells released from tubes (Figure 4.9 B). After day 12, the 
point at which no more lindane degradation was observed in the set ups inoculated with free 
living cells (Figure 4.4), cell density in microcosms inoculated with free living cells dropped 
(Figure 4.9 A) although all surviving cells were active (Figure 4.9 B). Microcosms inoculated 
with cells in tubes, preserved a relatively high cell density (Figure 4.9 A); moreover, the cells 
all remained active degraders (Figure 4.9 B).  
To verify the hypothesis that the loss of degrading activity (lack of a halo) was related to the 
absence of linA, the gene encoding the initial part of the HCH degrading pathway, colonies 
with and without a halo were picked from the plates, cultured and screened for the presence 
of linA. Amplification of linA gave positive results for strains originating from colonies with a 
halo, while no linA genes could be amplified for the colonies lacking a halo (Figure 4.8).  
 
 
 
 
 
Figure 4.8 Gel electrophoresis of amplification 
products of linA PCR on total DNA of different cultures. 
From left to right: ladder, colony with halo, colony 
without halo, UT26 (positive control), negative control 
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Figure 4.8 A Cell density (CFU ml-1) of Sphingomonas sp. γ1-7 in suspension when 
inoculated as free living (Free cells) or encapsulated cells (Released cells) B Degrading 
activity is presented as % of CFUs showing a halo 
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Discussion 
Lindane removal by bioaugmentation with a catabolic strain, Sphingomonas sp. γ1-7, was 
increased by encapsulation of the strain in open ended nutrient rich silicone tubes. Both in 
liquid microcosms and in soil slurry microcosms, encapsulation of cells in tubes ensured 
sustained biodegradation of lindane. In liquid microcosms inoculated with encapsulated cells, 
the ability to degrade lindane remained for more than twice the duration relative to 
inoculation with free living cells. Though adsorption to silicone tubes caused the removal of 
the initially spiked lindane, removal of additional lindane was attributed to biodegradation. 
Similar results were observed in soil slurry microcosms, although the effect of prolonged 
biodegradation of lindane was less pronounced (extension of 1.4 times the period of 
degradation activity), which is most probably related to a lower level of bioavailable lindane in 
the soil slurry relative to the aqueous solution (Bintein and Deviller, 1994).  
Previous research has shown that encapsulation often increases the rate of survival of the 
introduced microbial inoculant (Trevors et al., 1993; Leung et al., 1995; Providenti et al., 
1995). Results showed that initially Sphingomonas sp. γ1-7 was more numerous in 
suspension when inoculated as free living cells compared with cells inoculated in tubes. 
Interestingly, shortly after inoculation the percentage of actively degrading cells - as 
monitored by the occurrence of lindane clearance around the colonies - was only about 10% 
for cells inoculated as free living cells. At the time when lindane degradation was not 
observed any more in the set ups inoculated with free living cells, cell density in microcosms 
of the latter dropped significantly, although all remaining surviving cells were active. 
Microcosms inoculated with cells in tubes showed a more stable cell density, with cells that 
remained active degraders. It has been described earlier that the lindane degradation 
phenotype can be lost rather easily (Dogra et al., 2004). Furthermore, studies have revealed 
that lindane degradation stability is strain dependent and correlates to the presence or 
absence of degradative lin genes (Kumari et al., 2002). Since our results indicate that 
encapsulation preserves degradation activity of cells when compared to freely inoculated 
cells, it was hypothesized that encapsulation of the unstable lindane degrader 
Sphingomonas sp. γ1-7 better preserved its degradative lin genes. This hypothesis was 
supported by PCR amplification analysis that showed that the loss in degrading activity was 
related to the loss of the degradative gene linA. .  
Increased metabolic activity with encapsulated cells has been observed in several other 
studies (Gadkari, 1990; Galazzo and Bailey, 1990), although the precise mechanisms 
responsible for this effect are not known.  The main advantage of the use of encapsulation in 
open ended silicone tubes for the biodegradation of 3-chloroaniline was previously described 
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to be attributed to the continuous release of “nonstarved” cells resulting in a higher metabolic 
rate (Boon et al., 2002a). In this study, the nutritive environment inside the tube and the 
continuous presence of lindane, due to adsorption to the tubes, may contribute to an 
increased metabolic activity. In case of inoculation of the soil slurries, protection against 
predation could be an additional advantage of encapsulation (Acea et al., 1988). 
The particular success of encapsulation in open ended tubes was evaluated by a parallel 
inoculation with non-open ended tubes. While complete lindane removal was reached after 2 
days with inoculated open ended tubes, non-open ended tubes failed to completely degrade 
the same amount. Since adsorption effects were equal in both set ups, it could be concluded 
that slow release of highly active cells from open ended tubes were the principal cause of 
degradation, although encapsulated cells were also active. The latter activity is plausible 
since the tube contains a nutritive agar sustaining cell growth and since lindane can diffuse 
through the silicone tubes. However, any degradation product that cannot diffuse through the 
silicone tube will accumulate inside the tube, possibly causing toxic or inhibitory effects on 
the catabolic strain (Boxall and Sinclair, 2001). We showed that a pH drop occurred inside 
the non-open ended tube, possibly causing the failure in degradation, which is supported by 
the fact that Sphingomonas sp. γ1-7 could not be grown at pH 5. This problem did not arise 
when using the open ended tubes, since any degradation product can freely diffuse through 
the open ends. It could also be argued that diffusion of lindane through the silicone wall of 
closed tubes is the rate limiting step in lindane degradation, therefore causing reduced 
degradation compared to open ended tubes. However, the pH drop observed inside the 
tubes indicates that a substantial amount of lindane can diffuse through the silicone walls. It 
therefore appears that stagnation in degradation in closed ended tubes is due to a pH drop 
inside the tubes, which is apparently not occurring in open ended tubes. 
 
In conclusion, this study showed the sustained removal of lindane by inoculation of a lindane 
degrading strain Sphingomonas sp. γ1-7 encapsulated in open ended silicone tubes. Both in 
liquid and in soil slurry microcosms, the biodegradation capacity was prolonged by 
encapsulation of the cells as compared to inoculation of free cells. Encapsulation was shown 
to preserve the degrading activity of cells by increasing the stability of degradative genes. 
Since the tubes contain a nutritive agar which sustains cell growth while allowing contact with 
the pollutant, encapsulated cells have the opportunity to feed on the lindane in a nutrient rich 
environment and can subsequently release highly active cells. These findings suggest that 
encapsulation in open ended tubes is a promising tool for soil bioremediation, also for sites 
contaminated with compounds other than lindane. 
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CHAPTER 5 
 
FACTORS DETERMINING SUSTAINED 
DEGRADATION OF LINDANE BY A SLOW-
RELEASE BIOAUGMENTATION APPROACH †† 
Abstract 
A slow-release bioaugmentation technique using encapsulated cells of the lindane degrading 
Sphingomonas sp. γ1-7 was previously shown provide a more sustained degradation of 
lindane when compared to inoculation with free living cells. This study evaluated the 
sustained degradation of lindane by Sphingomonas sp. γ1-7 in open ended tubes over an 
extended period of time. It was shown that the slow-release approach by inoculation of 
encapsulated cells in open ended tubes provided stable lindane degradation for over 4 
months, whereas freely inoculated cells could not maintain degradation for longer than one 
month. Further, several factors that could possibly regulate this sustained lindane 
degradation by encapsulated Sphingomonas spp. were systematically assessed in liquid 
medium. The obtained results indicated that in relatively nutrient rich medium, nutrient 
conditions inside the tubes did not influence the rate of lindane degradation. Also, initial cell 
density inside the tubes only exerted a temporary positive effect on lindane degradation. The 
production of N-AHL quorum sensing molecules regulation was also assessed, but did most 
likely not occur. Physical protection from high lindane concentrations or toxic metabolites is 
likely the prevailing advantage provided by the encapsulation in tubes, although preliminary 
results also indicate the potential role of increased plasmid stability.  
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Introduction 
In the previous chapter, a particular successful encapsulation method for the 
bioaugmentation of lindane polluted matrices was described. Slow-release inoculation of a 
lindane degrading strain Sphingomonas sp. γ1-7 was established in both liquid and soil slurry 
microcosms, using open ended silicone tubes in which the bacteria were encapsulated in a 
protective nutrient rich matrix. Encapsulation of cells in tubes caused removal of lindane by 
adsorption to the silicone tubes, but also ensured prolonged biodegradation activity 
compared to inoculation with free cells. While inoculation of free living cells led to a loss in 
lindane degrading activity in limited time intervals, encapsulation in tubes allowed for a more 
stable actively degrading community. Moreover, this type of open ended encapsulation 
technique overcame the disadvantage of some carriers to accumulate toxic metabolites or 
intermediate compounds.  
Various studies have tried to elucidate the reasons behind an increased survival and activity 
of exogenous bacteria when they are encapsulated before introduction into the environment. 
The carrier may provide a buffer against pollutant toxicity (Moslemy et al., 2002) or protect 
the inoculant from indigenous microorganisms (Smit et al., 1996). Entrapping bacteria also 
can protect them from various environmental stresses, e.g. related to moisture content or pH 
(Adlecreutz et al., 1985; Kaerney et al., 1990). Several studies have further shown an 
increased metabolic activity of encapsulated cells compared to free cells (Gadkari, 1990; 
Galazzo and Bailey, 1990; Smith et al., 1993). Another possible factor that may play a role in 
the increased degrading performance of encapsulated cells, is the metabolic regulation by 
quorum sensing (QS). Several bacterial species have evolved this regulatory mechanism 
that links perception of bacterial cell density to gene expression (Fuqua et al., 1994). QS-
regulating bacteria perceive their population density by sensing the concentration of small 
signal molecules called autoinducers. Among Gram-negative bacteria, the most common 
autoinducers are N-acyl homoserine lactones (N-AHSL) (Fuqua et al., 2001; Greenberg, 
2000; Whitehead et al., 2001). N-AHSL-producing bacteria are highly diverse and fall within a 
large number of species among the α-, β- and γ-proteobacteria (Gray and Garey, 2001; 
Manefield and Turner, 2002), including several Sphingomonas spp. (d'Angelo-Picard et al., 
2005). 
This study aimed to evaluate several factors that possibly determine the sustained 
degradation of lindane by encapsulated Sphingomonas spp. in open ended tubes. The role 
of nutrient conditions and initial cell density inside the tubes, as well as the potential 
regulation by quorum sensing, were assessed in liquid microcosm tests. The influence of the 
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type of inoculant was assessed by encapsulation of different Sphingomonas sp. strains. The 
effect of the material used for the open ended tubes was equally investigated.  
Materials and methods 
LINDANE 
Analytical grade lindane (γ-HCH) was purchased from Sigma-Aldrich Chemie (Steinheim, 
Germany). 
 
BACTERIAL STRAINS AND GROWTH CONDITIONS 
Sphingomonas sp. strains γ1-7 and α1-2 were obtained from Centro Nacional de 
Biotecnología-CSIC (Madrid, Spain). The strains were grown at 28°C in a growth medium 
composed of mineral salts (Bedard and Knowles, 1989) and 10% (v/v) Luria Bertani (LB) 
broth (Sambrook et al., 1989) containing 50 mg of γ-HCH l-1. The cultured bacteria were 
subsequently washed in saline before inoculation. The liquid medium used in the microcosm 
test was the same as described above. The agar medium (at 30 g agar l-1) used to fill the 
tubes had the same composition as the liquid growth medium. Only when nutrient conditions 
inside the tubes needed to be varied, LB levels were adjusted to 5%, 10% and 20% (v/v). 
Escherichia coli JB523 (i.e. E. coli MT102 with plasmid pJBA130) (Andersen et al., 2001), 
used for the quorum sensing experiment, was grown in LB medium containing 20 mg l-1 
tetracycline (28°C).  
 
PREPARATION OF OPEN ENDED SILICONE TUBES 
For inoculation in open ended silicone tubes (see also Chapter 4), 0.6 ml of the 
Sphingomonas sp. γ1-7 was mixed with 3 ml of the agar medium and, while still fluid, the 
mixture was injected into a sterile silicone tube (product code 990.0040.007, bore size 4 mm, 
wall size 0.7 mm; Watson-Marlow, Cornwall, England). When the mixture was solidified,  the 
part of the tube containing the homogenous mixture was cut into 2 cm long pieces, remaining 
open at both ends, representing a total tube-length of 14 cm. It was calculated that these 7 
tubes eventually contained 0.295 ml of the original 0.6 ml. In case of comparison with 
degradation by freely suspended cells, this volume was used for inoculation of equal 
numbers of free cells. 
 
PREPARATION OF OPEN ENDED REED TUBES 
The collected reed stubbles (Sparganium sp., Figure 5.1) were washed with distilled water, 
air-dried and subsequently autoclaved. While still fluid, a mixture of 0.6 ml Sphingomonas sp. 
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γ1-7 and 3 ml agar medium was injected into a semi-open ended reed stubble (one open 
end, one end closed by a reed knot, in order to prevent the liquid from leaching out of the 
stubble). Subsequently, the reed stubble was cut into 2 cm long tubes, now open at both 
ends (Figure 5.1).  Homogenously filled tubes were collected for use; since exact dimensions 
of the reed stubbles were not known, it was assumed that, similar to silicone tubes, half of 
the original injected volume was represented by the collected open ended tubes. To compare 
with degradation by freely suspended cells, this volume was used for inoculation of equal 
numbers of free cells. 
 
Figure 5.1 Left autoclaved reed stubbles Right open ended reed tubes  
 
Sphingomonas sp. γ1-7 AT VARYING NUTRIENT CONDITIONS IN THE TUBES 
Nutrient conditions inside the open ended silicone tubes were varied by addition of different 
levels of the nutrient rich LB in the agar medium used to fill the tubes. Liquid microcosms for 
biodegradation experiments were set up (in duplicate) as follows: Erlenmeyer flasks 
containing 100 ml liquid medium were inoculated with Sphingomonas sp. γ1-7 (9.1 107 CFU 
per Erlenmeyer) encapsulated in open ended silicone tubes containing i) 5% (v/v) LB, iii) 
10% (v/v) LB and iv) 20% (v/v) LB. Control flasks consisted of i) 100 ml medium 
supplemented Sphingomonas sp. γ 1-7 (9.1 107 CFU per Erlenmeyer) as free living cells and 
ii) non-inocluated tubes, prepared by mixing 0.6 ml saline in 3 ml agar medium and cutting 
the homogenous 14 cm long part into 2 cm long pieces. To each set up 50 mg l-1 lindane 
(from a sterile DMSO stock solution of 20 g l-1) was added. All set ups were subsequently 
incubated on a rotary shaker (110 rpm, 28°C). When depleted, lindane was added in doses 
of 50 mg l-1.  
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Sphingomonas sp. γ1-7 AT VARYING INITIAL CELL DENSITY IN THE TUBES  
Liquid microcosms for biodegradation experiments were set up (in duplicate) as follows: 
Erlenmeyer flasks containing 100 ml liquid medium were inoculated with Sphingomonas sp. 
γ1-7 encapsulated in open ended silicone tubes at varying initial cell densities of  i) 6.4 107 
CFU tube-1 ii) 6.4 105 CFU tube-1 and iii) 6.4 103 CFU tube-1. Control flasks consisted of 100 
ml medium supplemented with non-inocluated tubes, prepared by mixing 0.5 ml saline in 2.5 
ml agar medium and cutting the homogenous 14 cm long part into 2 cm long pieces. The 
initial concentration in all Erlenmeyers was set at 50 mg l-1 lindane (from a sterile DMSO 
stock solution of 20 g l-1). All set-ups were subsequently incubated on a rotary shaker (110 
rpm, 28°C). When depleted, lindane was added in doses of 50 mg l-1.  
 
ENCAPSULATED VERSUS FREE LIVING Sphingomonas sp. α1-2  
Liquid microcosms for biodegradation experiments were set up (in duplicate) as follows: 
Erlenmeyer flasks containing 100 ml liquid medium were inoculated with i) Sphingomonas 
sp. α1-2   (5.0 107 CFU per Erlenmeyer) as free living cells, ii) Sphingomonas sp. α1-2   (5.0 
107 CFU per Erlenmeyer) encapsulated in open ended silicone tubes. A control flask 
consisted of 100 ml medium supplemented with non-inocluated tubes. The initial 
concentration in all Erlenmeyers was set at 50 mg l-1 lindane (from a sterile DMSO stock 
solution of 20 g l-1). All set ups were subsequently incubated on a rotary shaker (110 rpm, 
28°C). When depleted, lindane was added in doses of 50 mg l-1.  
 
ENCAPSULATED Sphingomonas sp. γ1-7 VERSUS ENCAPSULATED Sphingomonas sp. 
α1-2  
Liquid microcosms for biodegradation experiments were set up (in duplicate) as follows: 
Erlenmeyer flasks containing 100 ml liquid medium were inoculated with i) Sphingomonas 
sp. γ1-7 (9.1 107 CFU per Erlenmeyer) encapsulated in open ended silicone tubes, ii) 
Sphingomonas sp. α1-2   (4.5 107 CFU per Erlenmeyer) encapsulated in open ended silicone 
tubes. A control flask consisted of 100 ml medium supplemented with non-inocluated tubes. 
The initial concentration in all Erlenmeyers was set at 25 mg l-1 lindane (from a sterile DMSO 
stock solution of 20 g l-1). All set ups were subsequently incubated on a rotary shaker (110 
rpm, 28°C). When depleted, lindane was added in doses of 50 mg l-1.  
 
Sphingomonas sp. γ1-7 ENCAPSULATED IN REED TUBE MATERIAL 
Liquid microcosms for biodegradation experiments were set up (in duplicate) as follows: 
Erlenmeyer flasks containing 100 ml liquid medium were inoculated with i) Sphingomonas 
sp. γ1-7 (3.8 108 CFU per Erlenmeyer) as free living cells and ii) Sphingomonas sp. γ1-7 (3.8 
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108 CFU per Erlenmeyer) encapsulated in 5 open ended reed tubes. Control flasks consisted 
of 100 ml medium supplemented with 5 non-inoculated reed tubes. To each set up 50 mg l-1 
lindane (from a sterile DMSO stock solution of 20 g l-1) was added. All set ups were 
subsequently incubated on a rotary shaker (110 rpm, 28°C). When depleted, lindane was 
added in doses of 50 mg l-1.   
 
CALCULATION OF CUMULATIVE LINDANE DEGRADATION  
Cumulative lindane degradation was calculated by taking into account the amount of lindane 
adsorbed to the open ended tubes (silicone or reed). This was achieved by including a 
control set-up with non-inoculated tubes (silicone or reed) and determining the lindane 
removal in these set-ups. This was done for all experiments that included set-ups with tubes.   
The cumulative degradation was expressed as gram lindane degraded per litre, since the 
total volume in the Erlenmeyers could differ among the set-ups. When not expressing the 
degradation per litre, this would underestimate set-ups with a smaller volume since addition 
of lindane was concentration based (50 mg l-1). 
 
QUORUM SENSING EXPERIMENT 
To verify if Sphingomonas sp. γ1-7 is capable of quorum sensing regulation, the production 
of autoinducer molecules N-AHSL by this strain, when encapsulated in open ended silicone 
tubes, was assessed. E. coli JB523 (i.e. E. coli MT102 with plasmid pJBA130) is a bacterial 
strain harbouring a green fluorescent sensor that is able to detect several AHL molecules in 
the surroundings (Andersen et al., 2001). Therefore following liquid microcosm set-ups were 
prepared: i) 50 ml growth medium with 7 2 cm long open ended silicone tubes containing a 
mixture of Sphingomonas sp. γ1-7 and E. coli JB523 in agar ii) 50 ml growth medium with 7 2 
cm long open ended silicone tubes containing only E. coli JB523 in agar iii) 50 ml growth 
medium with seven 2 cm long open ended silicone tubes containing only Sphingomonas sp. 
γ1-7 in agar. Lindane was added to all set-ups at a concentration of 50 mg l-1. After 3 days 
the UV-fluorescence of the tubes was verified. 
 
ANALYTICAL METHODS 
Analysis of lindane from liquid matrices was performed by first extracting lindane from a 2 ml 
sample using C18 SPE columns (Strata 8B-S001-HBJ, Phenomenex®) according to the 
manufacturer’s instructions. Subsequently samples were analysed by GC (CP-3800, Varian) 
with an electron capture detector. GC conditions were: injection temperature= 225°C; 
detector temperature= 300°C; initial column temperature= 100°C (hold 2 min), increase to 
160°C at a rate of 15°C min-1, increase to 270°C at a rate of 5°C min-1; column pressure= 16 
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psi. The column used was a Factor FourTM low bleed capillary column (VF-5ms, 30m x 0,25 
mm ID DF=0,25, Varian®) (Method 8081A, EPA).  
Results 
INFLUENCE OF NUTRIENT CONDITIONS INSIDE THE OPEN ENDED SILICONE TUBES 
In order to elucidate the role of nutrients inside the tubes, an experiment was conducted with 
several liquid microcosms, inoculated with encapsulated Sphingomonas sp. γ1-7 in tubes 
containing varying levels of nutrients. These nutrient levels were established by adding 5%, 
10% or 20% of LB medium to the tubes. An additional liquid microcosm was set-up to 
monitor lindane degradation by the same Sphingomonas sp. γ1-7, but this time inoculated as 
free living cells. Since it has been shown before that lindane adsorbs to the silicone tubes 
(Chapter 4), part of the initial lindane removal will be due to this process. A control set-up, 
containing non-inoculated tubes, was used to determine the lindane removal due to 
degradation. Figure 5.2 represents the cumulative lindane removal due to degradation, for 
Sphingomonas sp. γ1-7 inoculated in open ended silicone tubes with varying nutrient levels 
and for Sphingomonas sp. γ1-7 inoculated as free living cells.  
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Figure 5.2 Cumulative lindane degradation (corrected for lindane adsorption to tubes) by 
Sphingomonas sp. γ1-7 in function of time (per litre remaining liquid in the microcosms), 
compared for inoculation with free cells and encapsulated cells in open ended silicone tubes 
at varying nutrient levels. Note that curves representing degradation by γ1-7 in tubes at 5%, 
10% and 20% strongly coincide   
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First, it is clear that the nutrient level inside the tubes did not influence the lindane 
degradation by the encapsulated Sphingomonas sp. γ1-7. In addition, lindane degradation by 
encapsulated Sphingomonas sp. γ1-7 in open ended silicone tubes could be maintained at a 
near constant rate (21 mg (l d)-1 on average) during a period of 4 months. Although lindane 
degradation by Sphingomonas sp. γ1-7 inoculated as free living cells was equally well 
performing in the first month of the experiment, the degradation rate slowed down 
significantly after this period (5 mg (l d)-1 on average). 
 
INFLUENCE OF VARYING INITIAL CELL DENSITY INSIDE THE OPEN ENDED SILICONE TUBES 
Lindane degradation was evaluated after inoculation with open ended silicone tubes 
containing Sphingomonas sp. γ1-7 at variable initial cell densities inside the tubes. Similar to 
the first experiment, a control set-up, containing non-inoculated tubes, was included to 
determine the lindane removal due to degradation. The cumulative lindane degradation 
appeared to be influenced only in the first days after inoculation (Figure 5.3). Although after 
two days the difference was not significant (P > 0.01), degradation rates in the period 
between day 2 and day 6 days were, on average, 20 mg (l d)-1, 15 mg (l d)-1 and 2 mg (l d)-1 
for initial cell densities of 6.43 107 CFU tube-1, 6.43 105 CFU tube-1 and 6.43 103 CFU tube-1, 
respectively. After this initial period, degradation rates for the different set-ups reached 
comparable values (35 mg (l d)-1, 35 mg (l d)-1 and 30 mg (l d)-1 respectively), which is shown 
by the parallel nature of the curves in Figure 5.3.  
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Figure 5.3 Cumulative lindane degradation (corrected for lindane adsorption to tubes) by 
Sphingomonas sp. γ1-7 in function of time (per litre remaining liquid in the microcosms), 
compared for inoculation with encapsulated cells in open ended silicone tubes at varying initial 
cell density 
Chapter 5 
 101 
QUORUM SENSING INSIDE THE OPEN ENDED SILICONE TUBES 
Quorum sensing activity of encapsulated Sphingomonas sp. γ1-7 cells was hypotized to be a 
potential factor in the sustained degradation by the encapsulation approach. To verify 
whether Sphingomonas sp. γ1-7, when encapsulated in open ended silicone tubes, produces 
the autoinducer molecule N-AHSL, a culture of Sphingomonas sp.  γ1-7 was mixed with a 
culture of E. coli JB523 before encapsulation in the tubes. This gfp marked specific E. coli 
would fluoresce when in the near presence of AHSL molecules. As a reference, E. coli 
JB523 was encapsulated without Sphingomonas sp. γ1-7. Three days after inoculation of the 
tubes in liquid microcosms with lindane, fluorescence of the tubes was compared (Figure 
5.4). However, no visual differences in the fluorescence intensity could be observed. 
 
 
Figure 5.4 Quorum sensing detection of Sphingomonas sp. γ1-7 inside open ended silicone 
tubes using gfp marked E. coli JB523. Mixture of Sphingomonas sp. γ1-7 and E. coli JB523: 
E. coli + γ1-7; Control tubes containing only E. coli JB523: E. coli; Control tubes containing 
only Sphingomonas sp. γ1-7: γ1-7. A scale of fluorescence (1-5) indicates the level of 
visually observed UV-fluorescence 
 
INFLUENCE OF INOCULANT ENCAPSULATED IN OPEN ENDED SILICONE TUBES 
The sustained degradation by the slow-release approach using open ended silicone tubes, 
as was shown for the inoculant Sphingomonas sp. γ1-7, was verified for another inoculant 
Sphingomonas sp. α1-2. Figure 5.5 A shows the cumulative lindane degradation after 
inoculation with on the one hand free cells of Sphingomonas sp. α1-2, and on the other hand 
encapsulated cells of Sphingomonas sp. α1-2.  Already 6 days after the inoculation with free 
living cells, lindane degradation decreased drastically and from day 10 on, no degradation of 
lindane was observed anymore. On the other hand, lindane degradation after inoculation with 
encapsulated Sphingomonas sp. α1-2 was sustained at an average rate of 20 mg (l d)-1 for a 
period of 30 days. After this period however, the degradation rate decreased and at day 41 
no more lindane degradation was observed (Figure 5.5 A).  
 
Factors determining sustained degradation of lindane by a slow-release bioaugmentation approach 
 
 102 
  A 
                        Time (d)
0 10 20 30 40
C
u
m
m
u
la
ti
v
e
 l
in
d
a
n
e
 d
e
g
ra
d
a
ti
o
n
 (
g
 l
in
d
a
n
e
 /
 l
 )
0.0
0.2
0.4
0.6
0.8
α1-2 free cells
α1-2 tubes
 
Time (d)
0 10 20 30 40
C
u
m
u
la
ti
v
e
 l
in
d
a
n
e
 d
e
g
ra
d
a
ti
o
n
 (
g
 l
in
d
a
n
e
 /
 l
)
0.0
0.2
0.4
0.6
0.8
1.0
γ1-7 tubes
α1-2 tubes
 
Figure 5.5 A Cumulative lindane degradation (corrected for lindane adsorption to tubes) by 
Sphingomonas sp. α1-2 in function of time (per litre remaining liquid in the microcosms), 
compared for inoculation with free cells and encapsulated cells in open ended silicone tubes 
B Cumulative lindane degradation in function of time (per litre remaining liquid in the 
microcosms), by Sphingomonas sp. γ1-7 versus Sphingomonas sp. α1-2 encapsulated cells 
in open ended silicone tubes 
 
A comparison of lindane degradation after inoculation of encapsulated Sphingomonas sp.  
γ1-7 versus Sphingomonas sp. α1-2 is shown in Figure 5.5 B for a period of 40 days. As can 
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be deducted from this figure, inoculation of encapsulated Sphingomonas sp. γ1-7 resulted in 
a near constant degradation rate of 24 mg (l d)-1 during this period. Encapsulated 
Sphingomonas sp. α1-2 initially reached a comparable degradation rate of 21 mg (l d)-1. 
Similar to the former experiment however, lindane degradation started to decrease after 24 
days (Figure 5.5 B). In conclusion, encapsulation of Sphingomonas sp. α1-2 resulted in a 
more sustained lindane degradation compared to inoculation with free cells, although the 
prolongation of degradation was more  pronounced with encapsulated Sphingomonas sp.  
γ1-7. 
 
INFLUENCE OF TUBE MATERIAL 
In a final experiment, an alternative type of material was used to prepare the open ended 
tubes for encapsulation of Sphingomonas sp. γ1-7. Reed was chosen as alternative tube 
material because of its similar dimensions compared to the silicone tubes, and because of its 
biodegradable nature.  The control set-up containing non-inoculated open ended reed tubes 
showed no lindane removal, indicating no adsorption of lindane onto the reed tubes (data not 
shown).  Figure 5.6 illustrates the cumulative lindane degradation by Sphingomonas sp. γ1-7 
as both free cells and encapsulated cells in reed tubes. An initial period of about 40 days 
showed no significant (P > 0.01) difference in lindane degradation between the two set-ups. 
Inoculation with free cells and encapsulated cells resulted in average removal rates of 15 mg 
(l d)-1 and 17 mg (l d)-1 respectively. After this period, it was seen that degradation of lindane 
by freely inoculated cells decreased: only 50% of the administered amount of lindane was 
degraded (data not shown). On the other hand, a 100% degradation of the added lindane 
was maintained in the set-ups with encapsulated cells (data not shown). The decreased 
activity of the freely inoculated cells compared to the encapsulated cells resulted in a 
significant difference (P < 0.01) in the cumulative lindane degradation at day 50 (Figure 5.6). 
Due to time constraints, the experiment could not be prolonged. Hence, no data were 
obtained to show a further sustained degradation by encapsulated cells in reed tubes.  
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Figure 5.6 Cumulative lindane degradation by Sphingomonas sp. γ1-7 in function of time 
(per litre remaining liquid in the microcosms), compared for inoculation with free cells and 
encapsulated cells in open ended reed tubes 
Discussion 
Previous work demonstrated a successful bioaugmentation technique for the degradation of 
lindane, in liquid and soil slurry microcosms, by encapsulation of the lindane degrading 
Sphingomonas sp. γ1-7.in open ended silicone tubes (Chapter 4). In the former study 
however, this sustained degradation was monitored for only one month (in liquid 
microcosms). The present study confirmed the stable and prolonged activity of 
Sphingomonas sp. γ1-7 in liquid microcosms for a period of nearly 4 months. During this 
period, lindane degradation by the bioaugmentation technique of inoculation with 
encapsulated cells in open ended silicone tubes, could be maintained at a near constant rate 
of 21 mg (l d)-1. As was seen before in Chapter 4, lindane degradation after inoculation with 
free living cells was initially equally well performing, but activity decreased significantly after a 
given period.  
Further, factors that potentially determine a sustained degradation of lindane by the slow-
release bioaugmentation of degrading strains encapsulated in open ended tubes were 
systematically investigated in liquid microcosms. The initial nutrient level inside the tubes 
was shown not influence the lindane degradation by encapsulated Sphingomonas sp. γ1-7 
cells. This is likely due to a levelling off of the differences in nutrient conditions inside the 
tubes. Since nutrients in the liquid medium surrounding the tubes could diffuse into the agar-
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containing tubes, equilibrium between the nutrient conditions inside and outside the tubes will 
rapidly have been established. The volume of medium inside the tubes (1.5 ml, at varying 
nutrient levels) was negligible compared to the volume of the surrounding liquid (100 ml, at 
10% LB for all set-ups). The equilibrium nutrient level would therefore have been similar to all 
set-ups. When in poor medium instead of rich medium (10% LB), the effect of nutrients inside 
the tubes might be of higher importance. A preliminary experiment was set up to assess 
lindane degradation by freely versus encapsulated cells of Sphingomonas sp. γ1-7 in liquid 
microcosms containing very little nutrients. In case all nutrients and cells were encapsulated 
in tubes, lindane degradation could be established. However, as free living cells, with the 
same amount of nutrients per cell, no degradation was observed (unpublished data). These 
preliminary results emphasize the important role of nutrients inside the tubes for the 
enhanced degradation by this slow-release approach. However, further assessment is 
needed to determine the optimal nutrient level inside the tubes.    
The initial cell density of Sphingomonas sp. γ1-7 inside the tubes played only a temporary 
role in the degradation of lindane in liquid microcosms. Initially, lindane degradation was 
proportional to the cell density, but after a very short period degradation rates for all set ups 
became similar. Microbial growth is characterized by an exponential phase, followed by a 
stationary phase, determined by the prevailing conditions (Madigan et al., 1997). Therefore, 
although cell density inside the tubes initially differed among set-ups, the number of cells 
presumably reached a plateau in all set-ups after a short period of time. This further caused 
an equal release of active cells from the tubes, leading to equal degradation rates.  
Cell density-dependent gene expression, denoted as quorum sensing, is known to be used 
by a wide spectrum of bacteria to regulate diverse genes. In gram-negative bacteria, one 
type of communication system functions via the autoinducer N-AHL signal molecules. Once 
these signals have reached a certain threshold concentration, they induce expression of 
different target genes (Fuqua et al., 1994). Recently, several Sphingomonas spp. have been 
reported to produce N-AHL molecules (d'Angelo-Picard et al., 2005). This work investigated 
potential quorum sensing regulated expression of the degradative lin genes, which encode 
for the enzymes of the lindane degradation pathway (Imai et al., 1991; Nagata et al., 1993, 
1994). The gfp-based N-AHL sensor system using the strain E. coli JB523, was applied to 
verify this hypothesis. However, with this sensor system, no N-AHL production was detected. 
Although these results indicate that it is unlikely that lin gene expression is regulated by 
quorum sensing, it needs to be taken into account that the sensor system suing E. coli JB523 
is most sensitive to one particular type of N-AHL molecule, namely OHHL. It is, however, 
less sensitive to other N-AHL molecules (10-fold less sensitve to HHL, OHL, and OdDHL and 
500-fold less sensitive to BHL) (Andersen et al., 2001). Therefore, no absolute certainty is 
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provided by the results of the E. coli JB523 sensor system. More thorough assessment could 
include verification of the production of other N-AHL using analytical techniques, e.g. N-AHL 
extraction, purification by semi-preparative HPLC, and identification by mass spectrometry or 
NMR spectroscopy (Eberl et al., 1996).  
Bioaugmentation with encapsulated cells of another lindane degrading strain, Sphingomonas 
sp. α1-2, was also shown to result in a stable and prolonged lindane degradation compared 
to inoculation of free living cells. Less then one week after inoculation with free living cells, 
lindane degradation already decreased drastically. Encapsulated cells maintained a 
degradation rate of 20 mg (l d)-1 for a period of about 1 month, after which the degradation 
rate decreased as well. A potential hypothesis that could explain these results is that 
Sphingomonas sp. α1-2 is more sensitive to the added lindane. Indeed, additional tests (data 
not shown) indicated that growth inhibition of Sphingomonas sp. α1-2 at lindane dosage of 
40 mg l-1 occurred, whereas no growth inhibition was observed for Sphingomonas sp. γ1-7 at 
lindane dosage up to 120 mg l-1. This could explain the rapid decline in activity of the free 
living cells. When it is further hypothized that the strong adsorption of lindane to the silicone 
tubes ensures a stable and low concentration inside the tubes, this may explain the 
maintained degradation by encapsulated cells of Sphingomonas sp. α1-2. However, 
compared to encapsulated Sphingomonas sp. γ1-7, prolonged lindane degradation by 
encapsulated Sphingomonas sp. α1-2 was limited (4 months compared to one month, 
respectively). The latter observation may be explained by a decline in the concentration 
regulation.  After a period of 1 month, diffusion through the silicone tube material (as shown 
in Chapter 4) and through the agar medium may have resulted in lindane concentrations 
inside the tubes that were no longer supported by Sphingomonas sp. α1-2.  
The differences observed between the effect of encapsulation of Sphingomonas sp. γ1-7 and 
Sphingomonas sp. α1-2 may also be related to their possible differing growth kinetics. 
Parameters as µmax
 (growth rate at nutrient saturation) and KS (saturation constant) described 
in the Michaelis-Menten equation may vary substantially and the substrate (lindane) 
concentration regulation established by encapsulation may not be equally advantageous for 
both strains. Unfortunately however, growth kinetics were not determined, therefore no 
further hypotheses can be formulated. 
Although this research focussed on the degradation of lindane in liquid microcosms, Chapter 
4 also showed the sustained degradation by encapsulated cells in soil slurry microcosms. In 
order to expand this bioaugmentation technique for soil remediation purposes, there will be a 
need to use a biodegradable tube material, which can easily be used for in situ applications.  
Reed was chosen as alternative tube material because of its similar dimensions compared to 
the silicone tubes, and its relatively ease in manipulation. Encapsulation of Sphingomonas 
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sp. γ1-7 in reed tubes was compared to freely inoculated cells. After a period of about 40 
days, degradation by freely suspended cells decreased while degradation by encapsulated 
cells prolonged at an average rate of 17 mg (l d)-1. This is comparable to former observations 
with encapsulation of Sphingomonas sp. γ1-7 in silicone tubes. There is however an 
important difference between the reed and silicone tubes: while adsorption of lindane to the 
silicone material accounted for about 0.28 mg cm-1, lindane did not adsorb to the reed tubes. 
As discussed above, this adsorption may play an important role in the substrate 
concentration regulation inside the tubes. Since Sphingomonas sp. γ1-7 appeared not to be 
very sensitive to high lindane concentrations, no large differences between reed or silicone 
tubes were expected. However, tube material might become important when encapsulating 
more sensitive species (e.g. Sphingomonas sp. α1-2). This needs to be further investigated 
and - if needed - other biodegradable, lindane adsorbing, materials need to be assessed, 
e.g. biodegradable polylactic acid plastics (Ajioka et al., 1995).  
Next to advantageous substrate concentration regulations caused by the encapsulation, 
other factors may be defining the prolonged lindane degradation. Encapsulated 
Sphingomonas spp. may take advantage of the physical protection given by the tubes to 
possible toxic intermediates or dead-end products of the metabolic pathway (Bettmann and 
Rehm, 1984; Westmeier and Rehm, 1985; Curtain, 1986; Barros et al., 1987). It has also 
been postulated that encapsulation might increase plasmid stability, although the exact 
mechanisms are not yet known (Nasri et al., 1987a, 1987b; Berry et al., 1988; Sayadi et al., 
1987). It has recently been reported that several lindane degrading Sphingomonas spp. are 
characterized by instable lin genes (Kumari et al., 2002; Dogra et al., 2004). A preliminary 
experiment evaluating the stability of linA (encoding the first steps in the degradation 
pathway) in both Sphingomonas sp. γ1-7 and Sphingomonas sp. α1-2, resulted in a loss of 
linA only in Sphingomonas sp. γ1-7 after several transfers into lindane-free medium (data not 
shown). Moreover, the results indicated that the linA was located on a plasmid (data not 
shown). Although preliminary, these results indicate that plasmid stability may also play an 
important role in the sustained degradation of lindane by the proposed slow-release 
approach using open ended tubes.  
In conclusion, this work confirmed the sustained degradation of lindane by a slow-release 
approach by inoculation of encapsulated cells in open ended tubes. When in nutrient rich 
liquid medium, nutrient conditions inside the tubes were irrelevant. However, in poor medium, 
nutrient concentrations inside the tubes will be of higher importance. Initial cell density inside 
the tubes only exerted a temporary positive effect on lindane degradation. In other matrices, 
e.g. soil (slurries), these factors may become more important due to less rapid 
homogenization and equilibration. No production of quorum sensing N-AHL autoinducer 
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molecules was observed. Substrate concentration regulation and physical protection from 
toxic metabolites are likely important advantages provided by encapsulation. Further, 
preliminary results also indicate the potential role of increased plasmid stability.  
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CHAPTER 6  
 
HCH DECHLORINATION WITH BIOPD(0) ‡‡ 
Abstract  
This chapter addresses an alternative approach for the removal of lindane making use of the 
catalytic reduction of HCH over a metal catalyst, namely Pd(0). Since specific surface area 
plays an important role in reactivity of catalysts, this study investigated the use of bioPd(0), 
i.e. nano-scale Pd(0) particles precipitated on the biomass of Shewanella oneidensis MR-1, 
for the removal of lindane. It was demonstrated that bioPd(0) has catalytic activity towards 
dechlorination of lindane, with the addition of formate as electron donor, and that 
dechlorination with bioPd(0) was more efficient than with commercial  powdered Pd(0). The 
readily (aerobically) biodegradable compound benzene was formed as reaction product and 
other HCH isomers could also be dechlorinated. Subsequently bioPd(0) was implemented in 
a membrane reactor technology for the treatment of lindane polluted water. In a fed-batch 
process configuration with formate as electron donor, a removal percentage of 98% of γ-
HCH saturated water (10 mg l-1) was achieved within 24 hours. The measured chloride mass 
balance approached the theoretical value. The results of this work showed that a complete, 
efficient and fast removal of lindane was achieved by biocatalysis with bioPd(0). 
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on Shewanella oneidensis. Chemosphere. 
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Introduction 
There are numerous reports of HCH-degrading microorganisms such as fungi, 
cyanobacteria, anaerobic and aerobic bacteria (for a review see Phillips et al., 2005), and 
several studies (including this work) have shown the potential of using such microorganisms 
for the bioremediation of HCH contaminated soil (Senoo and Wada, 1990; Wada et al., 
1989). Unfortunately however, microbial degradation of HCH isomers remains a relatively 
slowly process (Johri et al., 1996; Lal and Saxena, 1982), and most bacteria cannot degrade 
all HCH-isomers.  
Several other physical-chemical methods for the elimination of lindane and its waste HCH 
isomers exist. Although combustion is the cheapest method, it is undesirable because of the 
formation of even more toxic polychlorinated dioxins (Vikelsoe and Johansen, 2000). 
Alternatively, lindane can be converted by decomposition via sonochemical induced 
destruction (Breivik et al., 1999). Also, electrochemical (Beland et al., 1976) processes of 
HCH degradation are known and produce benzene. Removal of lindane and its isomers can 
also be established by dehydrochlorination (DHC) either by thermal or the base-assisted 
processes, but these can form toxic trichlorobenzenes (TCBs) (Cristol, 1947; Ngabe et al., 
1993; Sirovski, 1997, 1999). Another possible degradation method for HCH is the catalytic 
reduction over metal catalysts. The advantages that these catalytic processes offer are both 
environmental and commercial (milder conditions, elimination of toxic and expensive 
reagents, ease of catalyst/ product separation, good selectivity and yields). The use of Pd as 
catalyst for the elimination of lindane has been reported by Schüth and Reinhard (1998) and 
Zinovyev et al. (2004). The reaction was shown to give benzene at room temperature and 50 
°C respectively. 
Specific surface area plays an important role in catalytic reduction reactions, since a larger 
specific surface increases the reactivity of the catalyst. Shewanella oneidensis MR-1, a 
versatile metal reducing species (Heidelberg et al., 2002), is known for its ability to 
precipitate metal nano-particles which are either formed de novo by bioreduction or adsorbed 
from the surrounding medium (Beveridge, 1989; De Windt et al., 2003; Glasauer et al., 
2001). More specifically, De Windt et al. (2005) described the bioreductive deposition of 
palladium (0) nano-particles on Shewanella oneidensis MR-1 (Figure 6.1). This so-called bio-
palladium (bioPd[0]) was shown to reductively dechlorinate polychlorinated biphenyls 
(PCBs). 
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Figure 6.1 TEM images of bio-palladium associated with Shewanella oneidensis MR-1 cells. 
Left: Whole mount of Shewanella bacteria with black nano-sized palladium particles dotted at 
their surface; Right: Thin sections were made to indicate the location of nano-palladium 
particles on the cell. One microbial cell measures about 2 µm in diameter and the bio-Pd 
series between 1 and 10 nm (De Windt et al., 2005). 
 
To develop a reactor technology for the use of bioPd(0) for the treatment of water polluted 
with chlorinated compounds, a most important condition is to retain the bioPd(0) inside the 
reactor. Indeed, contamination of the water with Pd(0) is not desirable, because of its 
possible toxicity (Phielepeit and Legrum, 1986) and because of the high cost of Pd (Hoffman, 
1988). The use of membranes in the reactor is a possible solution to achieve this 
requirement. A dialysis membrane is a unique membrane derived from the polymers 
polyethersulfone and polyvinylpolypropidone.  This allows for a perfect balance between their 
hydrophobic (polyethersulfone) and hydrophilic (polyvinylpolypropidone) properties. The 
membrane is both chemically and mechanically highly stable. Compared to conventional 
synthetic membranes, the dialysis membrane has a reduced wall thickness and has three 
individual and differing layers (separation layer, support layer and flux control layer). This 
structure with its third layer for ‘flux-control’, offers better ultrafiltration performance compared 
to other traditional low-flux membranes (Membrana).   
The objective of this study was to demonstrate catalytic activity of bioPd(0) towards 
dechlorination of lindane and other HCH isomers. Further, the goal was to demonstrate the 
implementation of this removal technique by the development of a reactor technology for the 
treatment of lindane polluted water, using dialysis membranes. 
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Materials and methods 
BACTERIAL STRAINS AND GROWTH CONDITIONS 
Shewanella oneidensis MR-1 was obtained from the BCCM/LMG Bacterium Collection 
(Ghent, Belgium) under the number LMG 19005. The strains were grown aerobically in Luria-
Bertani (LB) medium (Sambrook et al., 1989) (overnight at 28 °C).  
 
BIOREDUCTION OF PD(II) TO BIOPD(0) BY Shewanella oneidensis 
Formation of bioPd(0) was done as described by De Windt et al. (2005). In short, Shewanella 
oneidensis MR-1 cells were harvested from 30 ml overnight LB culture in sterile 50 ml 
centrifuge tubes (TTP, Switzerland) by centrifuging at 3000 g for 10 min. Cells were 
resuspended in 30 ml M9 medium (Sambrook et al., 1989) in glass serum bottles. Serum 
bottles were capped with inert viton stoppers. Control bottles containing no cells were 
included in the set-up. The cell suspension was supplemented with 680 mg l-1 formate (as 
sodium formate) as organic electron donor. Finally, 50 mg l-1 Pd(II) was added as Na2PdCl4 
(Sigma-Aldrich, Seelze, Germany). The serum bottles were then incubated overnight at 28 
°C. All assays were set up in triplicate.  
 
DECHLORINATION OF LINDANE BY BIOPD(0) IN LIQUID MICROCOSMS 
In a first experimental set-up, bioPd(0), i.e. a suspension of palladized cells obtained from 
the bioreduction of Pd(II) by Shewanella oneidensis MR-1 as described above, was 
supplemented with 680 mg l-1 sodium formate as electron donor to activate the Pd catalytic 
particles. Controls consisted of i) M9 medium supplemented with commercial Pd(0) powder 
(Sigma-Aldrich, Seelze, Germany) at the same concentration as the bioPd(0) and ii) 
Shewanella oneidensis MR-1 cells suspended in M9 medium supplemented with formate but 
without Pd(II) or Pd(0). γ-HCH was added to each set-up at a concentration of 50 mg l-1 from 
a DMSO stock solution, after which the bottles were incubated (28 °C, 115 rpm). Samples 
were taken for γ-HCH analysis by SPE followed by GC-ECD. All assays were set up in 
triplicate.  
 
NON-SPECIFICITY OF BIOPD(0) CATALYTIC DECHLORINATION OF HCH 
Non-specificity of the HCH dechlorination was investigated by subjecting other HCH isomers 
than γ-HCH, i.e. α-, β- and δ-HCH, to the catalytic reaction with bioPd(0). BioPd(0) was again 
obtained as described above. Three set-ups of bioPd(0) suspension were prepared similar to 
the first experimental set-up, i.e. the bioPd(0) suspensions were supplemented with 680  mg 
l-1 sodium formate and α-, β- and δ-HCH were added to these 3 different set-ups at a 
concentration of 50 mg l-1 from a DMSO stock solution, after which the bottles were 
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incubated (28 °C, 115 rpm). All assays were set up in triplicate. Samples were taken for HCH 
analysis by SPE followed by GC-ECD.  
 
DECHLORINATION OF Γ-HCH BY BIOPD(0) IN MEMBRANE REACTOR 
To develop a reactor technology for the bioPd(0) dechlorination of γ-HCH polluted water, a 
new generation of low-flux synthetic dialysis membranes was used. Membrane modules 
were supplied by Sorin (Brussels, Belgium), membranes (Diapes® BLS514 G /P4124) by 
Membrana (Wuppertal, Germany). The technical characteristics of the membrane unit are 
given in Table 6.1. 
 
Table 6.1 Technical characteristics of the dialysis membranes 
 Value Unit 
Effective surface area 1.41 m² 
Filling volume   
Blood compartment 85 ml 
Dialysis fluid compartment 158 ml 
Pressure drop   
Blood compartment < 45 mm Hg 
Dialysis fluid compartment < 50 mm Hg 
Fiber dimensions   
Inside diameter 200 µm 
Wall thickness 35 µm 
Device dimensions   
Length 305 mm 
Diameter 55 mm 
Weight 190 g 
 
 
In Figure 6.2, a schematic presentation of the reactor set-up is depicted.  The influent, water 
contaminated with γ-HCH, was recirculated through the inner side of dialysis membrane unit 
1 at a flow rate of 76.5 ml min-1 (upflow, pump 1).  The buffer tank was used to inoculate the 
outer side of the dialysis membrane unit 1 with bioPd(0), to supply the electron donor 
(formate) at the beginning of a test period and to monitor the pH during the test period.  The 
buffer liquid was recirculated on the outer side of dialysis membrane unit 1 at a flow rate of 
37 ml min-1 (upflow, pump 2). Because the influent pump (pump 1) had a higher flow rate 
than the buffer pump (pump 2), the membranes were subjected to a pressure which resulted 
not only in diffusion of γ-HCH but also in a permeate flow of water contaminated with lindane 
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through the membranes of dialysis membrane unit 1. Therefore, the buffer tank was provided 
with a level controller.  When a certain liquid level was reached in the buffer tank, the level 
controller activated the effluent pump (pump 3).  The effluent pump recirculated the buffer 
liquid on the inner side of dialysis membrane unit 2 at a flow rate of 140 ml min-1.  Because of 
the applied pressure on the membranes, there was a permeate flow through the membranes 
of dialysis membrane unit 2. This permeate was recirculated to the influent (fed-batch 
configuration, Figure 6.2). In another configuration of the reactor, a partial flow-through 
configuration, the permeate was collected separately (Figure 6.2). 
The reactor was inoculated with 0.5 l of bioPd(0), in this case a Shewanella oneidensis MR-1 
cell suspension coated by the bioreduction of 50 mg Pd(II), by supplying this culture to the 
buffer tank. After one day of recirculation, the bioPd(0) remained on the outer side of the 
membranes in dialysis membrane unit 1 (black particles) and probably also on the inner side 
of the membranes of dialysis membrane unit 2 (not visible). Therefore, the volume in which 
the bioPd(0) was present (216 ml) (outer side dialysis membrane unit 1 [158 ml] + inner side 
dialysis membrane unit 2 [58 ml]) was considered to be the active reactor volume. To 
maintain a constant pH of 7, as was the case in the third experiment with the reactor in fed-
batch configuration, a phosphate buffer of KH2PO4 and Na2HPO4 was added.  
 
ANALYTICAL METHODS 
Analysis of HCH was performed by first extracting HCH from a 2 ml water based sample 
using C18 SPE columns (product code 12102025, Bond Elut®, Varian, Harbor City, CA, USA) 
according to the manufacturer’s instructions. Subsequently samples were analysed by GC 
(CP-3800, Varian) with an electron capture detector (ECD). GC conditions were: injection 
temperature = 225 °C; detector temperature = 300 °C; initial column temperature = 100 °C 
(hold 2 min), increase to 160 °C at a rate of 15 °C min-1, increase to 270 °C at a rate of 5 °C 
min-1; column pressure = 16 psi. The column used was a Factor FourTM low bleed capillary 
column (VF-5 ms, 30m x 0,25 mm ID DF = 0,25, Varian) (Method 8081A, EPA). The liquid 
fraction and headspace were analyzed for degradation products by GC-MS by GAIKER, 
Centro Technologico, a certified commercial laboratory, using a standard method. Chloride 
concentration was determined using a Methrom 761 Compact Ion Chromatograph (Methrom, 
Herisau, Switserland) equipped with a conductivity detector. Operational parameters were as 
follows: column metrosep A supp 5, eluens 3.2 mM Na2CO3 and 1 mM NaHCO3 , flow 0.7 ml 
min-1, sample loop 20 µl.   
 
 
  
F
ig
u
re
 6
.2
 S
c
h
e
m
a
ti
c
 p
re
s
e
n
ta
ti
o
n
 o
f 
th
e
 r
e
a
c
to
r 
s
e
t-
u
p
 c
o
m
b
in
in
g
 t
w
o
 d
ia
ly
s
is
 m
e
m
b
ra
n
e
 u
n
it
s
 
HCH dechlorination with bioPd(0) 
 118 
Results 
DECHLORINATION OF LINDANE BY BIOPD(0) IN LIQUID MICROCOSMS 
In a first stage of the research, the goal was to prove the principle of dechlorination of lindane 
(γ-HCH) by bioPd(0) and formate as electron donor. The performance of dechlorination by 
bioPd(0) was compared to dechlorination by commercial Pd(0) powder. As can be seen from 
Figure 6.3, both commercial Pd(0) and bioPd(0) were able to remove γ-HCH after 24 h. 
However, the removal by bioPd(0) was significantly higher (P < 0.001). The control consisting 
of non-palladized Shewanella oneidensis MR-1 cells supplied with formate, did not show any 
removal of γ-HCH. GC-MS was used to detect possible degradation products or 
intermediates of the dechlorination of γ-HCH by bioPd(0). No potential degradation products 
were found in the liquid phase. GC-MS analysis of the gas phase however indicated benzene 
as degradation product. Small amounts of dichlorobenzene (DCB) were also detected as 
possible intermediate. Trichlorobenzene (TCB) was however not detected. 
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Figure 6.3 Biocatalytic dechlorination of lindane with bioPd(0) and formate as electron donor. 
Presented as the remaining amount of lindane (mg) in different treatments. Shewanella + 
formate represents a control set-up with non-palladized cells, Pd(0) commercial shows 
catalytic lindane removal by commercial Pd(0) powder and BioPd(0) shows biocatalytic 
lindane removal by bioPd(0) 
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Figure 6.4 Biocatalytic dechlorination of α-, β- and δ-HCH with bioPd(0) and formate as 
electron donor 
 
NON-SPECIFICITY OF BIOPD(0) CATALYTIC DECHLORINATION OF HCH 
Figure 6.4 shows the biocatalytic dechlorination of other HCH isomers than γ-HCH, namely 
α-, β- and δ-HCH. All three HCH isomers were readily dechlorinated after a few hours, (from 
an initial amount of 1.5 mg in 30 ml), although a residual amount of 0.04 to 0.08 mg 
remained after a period of 45 h. However, after measurement of the residual concentration of 
the different HCH isomers after 25 days, it was found that a nearly complete HCH removal 
was established for all isomers (0.5, 0.1 and 0 percent of the initial concentrations were 
detected for α-, β- and δ-HCH, respectively). 
 
DECHLORINATION OF LINDANE BY BIOPD(0) IN A MEMBRANE REACTOR IN FED-BATCH 
CONFIGURATION 
Lindane removal in the membrane reactor in fed-batch configuration (effluent of the second 
dialysis membrane unit was recirculated to the influent, Figure 6.2) was evaluated by three 
bench-scale (9 l) experimental runs. These experiments evaluated the performance of the 
reactor with i) one single addition of formate as electron donor to the reactor ii) an 
intermediate addition of formate and iii) at a constant pH of 7.  
In the first experimental run, removal of γ-HCH in the inoculated reactor was monitored after 
a single addition of 11.3 g formate (to the buffer tank). The volume of the influent was 9 l and 
was loaded with 10 mg l-1 γ-HCH.  The volume of the buffer tank was kept at 0.8 l by means 
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of a level controller. Samples of the influent and the effluent of the dialysis membrane unit 2 
were analyzed for γ-HCH and the cumulative γ-HCH removal was calculated (Figure 6.5 A). 
A 22% decrease was reached after 4 h and after 8 h, 32% of lindane was removed. The 
removal percentage after 24 hours of reaction was 85%. 
The second experiment evaluated the effect of an intermediate addition of the electron donor 
formate.  Therefore, the same procedure as described in the first experiment was repeated 
with the only difference that there was a supplemental addition of 11.3 g formate (to the 
buffer tank) after 4 hours. The cumulative γ-HCH removal is shown in Figure 6.5 B. In this 
experiment 48% of γ-HCH was removed after 4 h.  After 8 h and after the second addition of 
formate, a removal percentage of 60% was reached.  Lindane was removed for 98% after 24 
h. 
A third experiment was run to evaluate the performance of the reactor at a constant pH of 7. 
With the exception of the pH control, the same procedure as described in the first experiment 
was repeated. Due to technical problems, no sample could be taken after 24 h. Figure 6.5 C 
shows the lindane removal after 4 h (35%) and after 8 h (59%).  
Figure 6.5 Cumulative HCH removal (%) in function of time in a fed-batch configuration with 
A a single addition of formate (indicated with arrow) B a repeated addition of formate 
(indicated with arrows) C a single addition of formate (indicated with arrow) and at a constant 
pH 
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DECHLORINATION OF LINDANE BY BIOPD(0) IN A MEMBRANE REACTOR IN PARTIAL FLOW-
THROUGH CONFIGURATION 
In another part of the research, the lindane removing performance of the membrane reactor 
was evaluated for a partial flow-through configuration (effluent of the second dialysis 
membrane unit was collected separately in an effluent tank, Figure 6.2). As in the case of 
fed-batch configuration, the reactor was inoculated with 0.5 l bioPd(0) representing 50 mg 
Pd(0). One bench-scale (10 l) experiment was performed. The influent was loaded with 10 
mg l-1 γ-HCH and the volume of the buffer tank was 0.8 l. Formate was added as electron 
donor (11 g to the buffer tank). To determine the removal percentage of γ-HCH, the amount 
of γ-HCH at 0 h and after 9 h was calculated in the different recipients. In this partial flow-
through experiment 83% of the load that was supplied was removed (data not shown).   
Finally, the reactor was run in this configuration to verify the chloride mass balance of the 
lindane dechlorination to benzene by bioPd(0). At regular time intervals, samples of the 
influent, buffer tank and effluent were taken and analyzed for lindane and chloride 
concentrations. Theoretically, when 1 mol of lindane is completely dechlorinated to 1 mole of 
benzene, 6 mol of chloride are released. The amount of γ-HCH that was removed in the 
experiment was 9.8 mg, which theoretically would generate 7.8 mg chlorides. The amount 
that was experimentally measured was 8.4 mg. 
Discussion 
This research showed the applicability of biocatalytic dehalogenation of lindane (γ-HCH) with 
Pd(0) deposited as nano-particles on Shewanella oneidensis MR-1 (bioPd[0]). Batch 
experiments revealed that γ-HCH removal with bioPd(0) and formate as electron donor was 
significantly higher than with commercial Pd(0). Benzene was detected by GC-MS as 
degradation product of the dehalogenation pathway. Moreover, other HCH isomers (α-, β- 
and δ-HCH) were also readily dechlorinated.  
A reactor technology using dialysis membranes was developed to apply the technique of 
bioPd(0) for the dechlorination of lindane in water with formate as electron donor. In a fed-
batch process configuration with formate, removal percentages between 60 and 98% were 
achieved. The removal rate varied between 0.72-1.13 g lindane removed (l d)-1 or 3.1-4.9 g 
HCH removed per g Pd(0) and per day. A constant near neutral pH and repeated additions of 
formate were shown to be beneficial for the conversion of HCH. These results indicate that 
the amount of electron donor and the pH conditions affect the rate and extent of 
dechlorination. A test-run in a partial flow-through configuration of the reactor further 
demonstrated the complete conversion of HCH to benzene by analyzing the chloride mass 
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balance of the reaction. The measured amount of chloride approached the theoretical 
amount. 
An increased reactivity of nano-scale catalytic particles towards recalcitrant halogenated 
compounds was hypothesized earlier by Baxter-Plant et al. (2003) and the efficiency of 
bioPd(0) for the dehalogenation of PCBs has been shown earlier by De Windt et al. (2005). 
The use of Pd(0) as catalyst for the conversion of lindane to benzene has been reported 
earlier (Schüth and Reinhard, 1998; Zinovyev et al., 2004). Schüth and Reinhard (1998) 
reported on the reductive dechlorination of lindane in hydrogen-saturated water over 
Pd/Al2O3. The reaction was shown to give benzene with 99% yield within 18 min at room 
temperature and atmospheric pressure. The catalytic reduction of lindane is intriguing, since 
benzene and not cyclohexane (as expected from a regular DHC) is formed. Schüth and 
Reinhard made however no conclusions on the reaction mechanism and no intermediates 
were observed. Zinovyev et al. (2004) in their work elucidated that the catalytic 
dehalogenation of lindane in the presence of base and hydrogen proceeds via the 
consecutive dehydrochlorination-hydrodechlorination (DHC-HDC) reaction stages. At 50 °C 
the DHC of lindane under basic conditions yields TCBs, which then undergo the HDC to 
benzene (Figure 6.6, pathway 1). 
 
Figure 6.6 Catalytic reduction of lindane to benzene via two diverse pathways and the 
corresponding intermediates: 1 base assisted reduction pathway (full line) and 2 reductive 
dechlorination in the absence of base (dotted line) (modified after Zinovyev et al. 2004). 
1 
2 
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However, in the absence of base, the catalytic reaction of lindane to benzene with hydrogen 
as electron donor proceeds via a different pathway, involving consecutive steps of reductive 
elimination of a pair of adjacent chlorines with the formation of a double bound (Figure 6.6, 
pathway 2). In this case no TCBs are formed as intermediates.  
There are several indications that the dechlorination of lindane to benzene in this study 
proceeds via pathway 2 instead of pathway 1 (Figure 6.6). DCBs and chlorobenzenes (CBs) 
that were detected as intermediates are unlikely to be formed from TCB. The latter would 
have been present as an intermediate since it reduces less readily than DCBs. The fact that 
GC-MS analysis could detect DCBs but no TCBs as intermediates in the reaction of bioPd(0) 
with lindane, indicates that this dehalogenation process follows the reductive pathway as 
indicated by pathway 2. Moreover, since α-, β- and δ-HCH were also readily dechlorinated, 
stereochemistry appeared not to influence the reaction. This would not be the case if lindane 
would be converted via the DHC-HDC pathway. Indeed, in the DHC reaction, trans-
elimination prevails over cis-elimination. This means that e.g. β-HCH (that cannot undergo 
trans-elimination since all chlorines are in trans positions) would have reacted several orders 
of magnitude slower than the other isomers (Cristol, 1947; Cristol et al., 1951).  
It could be argued that dechlorination of HCH into benzene is a mere conversion of the 
pollution problem, since benzene is toxic and, moreover, a known human carcinogen (Dean, 
1985). However, since benzene mineralization occurs readily under aerobic conditions 
(Smith, 1990), a suitable (aerobic) post treatment technology will suffice to completely 
eliminate the pollution problem.  
Overall, it can be concluded that biocatalysis with bioPd(0) resulted in a complete, efficient 
and fast removal of lindane. Compared to other degradation techniques for HCH - which may 
suffer from many disadvantages as e.g. the conversion to more toxic compounds, slow 
degradation rate, or stereoselectivity towards some isomers only - this technology completely 
converted HCH into the readily biodegradable benzene. Moreover, stereoselectivity of 
isomers did not occur. A bioPd(0) membrane based reactor technology was demonstrated 
for the removal of lindane with formate as electron donor and may therefore contribute to the 
search for better alternatives for current remediation technologies of HCHs.  
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CHAPTER 7 
 
GENERAL DISCUSSION AND PERSPECTIVES 
7.1 Objectives and achievements 
Soil contamination with the persistent organic pesticide lindane and its waste HCH isomers 
was the central theme of this work. The problem of lindane pollution has been the subject of 
many research projects in the past decades. In the domain of hazard assessment, guidelines 
and standards have mostly been focussed on the effects in humans and animals. With the 
increased concern for environmental health, however, the role of soil and its organisms in 
environmental health assessment has received more attention. To tackle HCH contamination 
in soil, bioremediation as a removal strategy gained a lot of interest. In the 70s and 80s 
research on the biodegradation of HCHs was mainly restricted to the anaerobic degradation 
of the pollutant. Later, it became clear that aerobic biodegradation could result in the 
complete mineralization of HCHs. The gathered knowledge since MacRae (1969), 
Bachmann (1988), Senoo and Wada (1989), Nagata (1993, 1994), etc. was a challenge in 
the strive to contribute to an ultimate elimination of the lindane problem, by looking for 
methods to detect this contaminant and to enhance its degradation. The specific objectives 
and achievements of this work are presented in Table 7.1. 
 
In this final chapter, the importance of the findings of this work is discussed, and suggestions 
for further research are given.  
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Table 7.1 Objectives and achievements of this work 
Objectives Achievements Chapters 
Define an essential and sensitive 
microbiologically mediated soil 
function, which can reflect the 
presence and availability of HCHs in 
soil 
 
Evaluation of soil methane oxidation 
and the methanotrophic community 
composition and diversity as sensitive 
indicators for the monitoring of HCH 
soil pollution 
Chapter 2 
Enrichment, isolation and 
characterization of HCH degrading 
species and selection for application in 
bioaugmentation of HCH contaminated 
sites 
 
Chapter 3 
Development of a slow-release 
bioaugmentation technology for the 
sustained removal of lindane in liquid 
and soil slurry microcosms 
 
Chapter 4 
Develop a reliable bioaugmentation 
technology for the biodegradation of 
lindane by surveying microbiological 
inoculants and a suitable inoculation 
procedure for their introduction into the 
environment 
Evaluation of potential factors that 
determine the sustained removal of 
lindane by the slow-release 
bioaugmentation technology 
developed in Chapter 4 
 
Chapter 5 
Investigate the use of an alternative 
biocatalytic dehalogenation technology 
for implementation in the removal of 
lindane 
Development of a membrane reactor 
technology for the removal of HCHs 
from water, using biocatalytic 
dehalogenation with bio-palladium 
Chapter 6 
 
7.2 Importance and perspectives   
7.2.1 Soil microorganisms as monitoring tools 
Soils are an important part of the natural heritage. They perform a wide range of 
environmental and ecological services and act as a reservoir of biodiversity. Due to 
industrialization and intense modernization of agriculture, this crucial part of the biosphere is, 
however, facing a major problem, caused by the various pollutants that have been introduced 
into the environment. A better understanding of the effect of these contaminants on soil 
functioning will help to develop conservation-relevant monitoring systems.  
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7.2.1.1 Methane oxidation bioassay as a POP-o-meter 
Because of their sensitivity and omnipresence, microorganisms have been postulated as 
early warning systems for various stresses in soil. This study has shown how soil methane 
oxidation and the microbial community of methanotrophic bacteria can be used as indicator 
tools for the presence of lindane pollution in soils. Further research on the use of methane 
oxidation as a monitoring tool should focus on the development of a bioassay to be used in 
risk evaluation studies of lindane contaminated soils. A proposal for the development of such 
a bioassay could be the use of dose-effect studies in short-term laboratory experiments. In 
these experiments increasing amounts of a contaminated soil should be mixed with a non-
polluted soil with a well performing methane oxidizing community. The ratio of polluted soil/ 
non-polluted soil at which the methane oxidizing capacity decreases to 50% of the capacity 
of the non-polluted soil, is then assigned as the EC50 (median effect concentration, the 
concentration of an agonist, which produces 50% of the maximum possible response for that 
agonist) value of that particular contaminated soil (Figure 7.1).   
The developed bioassay will subsequently need to undergo validation by both standard 
bioavailability and chemical analysis.  
 
 
Figure 7.1 Dose-effect study to determine the EC50 of a polluted soil. The EC50 is defined 
as the ratio of polluted soil / methane oxidizing soil that causes a decrease of 50% in the 
methane oxidizing capacity 
 
Besides organochlorine pesticides such as lindane, other halogenated compounds used as 
industrial chemicals have accumulated in soil and sediments. These contaminants have 
been classified as priority pollutants by the Rhine Border States (IKSR, 1989) and by the 
European Community (Wild and Jones, 1992). Compounds such as polychlorinated 
biphenyls (PCBs), polychlorinateddibenzo-p-dioxin, aldrin, chlordane, DDT, dieldrin, endrin, 
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endosulfan, heptachlor, hexachlorobenzene, mirex and toxaphenedrins are called persistent 
organic pollutants (POPs). The question arises whether methane oxidation and the 
methanotrophic community could serve as a general indicator for pollution with POPs, or - in 
other words - can the monitoring tool for lindane be extended as a universal “POP-o-meter”? 
A potential route that could be followed would be to look for a common compound that could 
be related to POP pollution. Many POPs belong to the family of chlorinated aromatic 
compounds of which the persistence is often caused by incomplete degradative pathways. 
However - as depicted by Figure 7.2 - these pathways are characterized by peripheral, 
funnelling degradation sequences, originating from aromatics-degrading strains that fulfil the 
conversion of the respective analogous chloroaromatic compound to chlorocatechols as the 
central intermediates (Reineke, 1998).  
 
 
 
Figure 7.2 Funnelling degradation of chloroaromatics to chlorocatechols as the central 
intermediate (Reineke, 1998) 
 
The peripheral, funnelling pathways of the aromatics-degrading strains are shown in Figure 
7.3. This degradation of a multitude of aromatics converges at the stage of catechol. 
Chlorocatechols are formed via the mentioned sequences from chlorinated compounds.  
As central intermediate, chlorocatechols will be detected in substantial amounts in POP 
contaminated environmental matrices, which makes them interesting compounds in the 
search for a universal POP-o-meter. Future research should therefore be directed towards 
the sensitivity assessment of the soil methanotrophic community to the presence of these 
chlorocatechols.  
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Figure 7.3 Peripheral degradation sequences for aromatics 1 napthalene; 2 dibenzofuran; 3 
dibenzo-p-dioxin; 4 benzene; 5 phenol; 6 aniline; 7 biphenyl; 8 toluene; 9 salicylate; 10 
benzoate. The cleavage of carbon-carbon bonds is marked by a line of stars (Reineke, 1998) 
 
7.2.1.2 The increasing importance of methane oxidation  
Using soil methane oxidation as a monitoring technique for soil pollution is not only relevant 
from a soil conservation point of view. As a matter of fact, methane oxidation in soils also 
plays a crucial role in the context of global warming. Indeed, although public concern about 
global warming mostly focuses on carbon dioxide, methane is one of the most important 
greenhouse gasses, accounting for about 15% of the global warming (IPCC, 2001). More 
than that, it seems that the overall contribution of methane to the global warming process has 
been underestimated, since Keppler et al. (2006) just recently demonstrated that methane 
can be readily formed in situ in terrestrial plants. This newly identified source may have 
important implications for the global methane budget and may call for a reconsideration of 
the role of natural methane sources in the historical and the ongoing climate change. These 
new findings will only increase the importance of methane sinks to reduce the atmospheric 
concentration. Besides reaction with hydroxyl radicals in the troposphere and stratosphere, 
methane oxidation in soils removes about 30 Tg methane yr-1, accounting for about 5% of the 
total methane sink. Thus, the most plausible way to increase the sink for methane is 
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increasing the performance of the soil methane oxidizers. Therefore, knowledge about the 
ecology and responses of the methane oxidizers in relation to anthropogenic influences are 
of particular interest.   
7.2.1.3 The link between community structure and functionality 
The results presented in this work show the effect of HCH on the methanotrophic bacterial 
community structure. The observations suggest that methanotrophs can be used as indicator 
tools for HCH pollution. Yet, from an ecological point of view, questions arise about the 
implications these alterations have on the functioning of the soil microbial community.  
Chapter 2 described how historically HCH polluted soils showed a lower diversity of the 
methanotrophic community compared to less polluted reference soils. Methane oxidation in 
these soils was inhibited by the long-term HCH pollution. However, previous studies did not 
discover a causal relationship between methane oxidation activity and the structure of the 
methanotrophic community (Seghers et al., 2003c; Reay et al., 2001). In these studies, 
lowered methanotrophic species diversity did not result in a decreased methane oxidation 
activity. A stable community function with a fluctuating community structure could be partly 
explained by the fact that soils exhibit a certain degree of functional redundancy. Functional 
redundancy meaning here that different members of the bacterial community that are 
capable of performing the same function, respond differently to various environmental 
conditions over time and thus become dominant players in the soil bacterial community 
structure at different points in time (Fernandez et al. 1999, 2000; Yin et al., 2000). Applying 
this hypothesis to the results in this work, would mean that the methanotrophic bacterial 
communities affected by HCH pollution were not functionally redundant - or in other words - 
that the different species capable of performing methane oxidation in these soils all 
responded in the same way to the environmental stress caused by the introduction of HCH.  
The link between bacterial community structure and bacterial functionality remains very 
difficult to gage and the unravelling of this relationship is one of the great challenges in 
microbiology today. New approaches have been explored. PCR amplification of functional 
genes, instead 16S rRNA genes is one of these promising approaches. Primers specific for 
methane monooxygenase have been developed (Murrell and Radajewski, 2000). PCR with 
these specific primers results in an amplification of functionality instead of related 
phylogenetically related organisms. Raey et al. (2001), however, who used PCR specific for 
the methane monooxygenase gene to study methanotrophic ecology, could not correlate the 
obtained genetic fingerprints with the bacterial community function.  
In the mean time, other culture-independent technologies to detect and quantify the active 
populations in soil ecosystems have been reported.  
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• Micro-radio-autography uses specific radio-labelled substrates, making it possible to 
analyze the active population utilizing this substrate. In combination with fluorescent in 
situ hybridization (FISH), this technique makes it possible to correlate the uptake of a 
specific substrate with the phylogenetic identity of the active bacterial cells (Lee et al., 
1999; Gray et al. 2000).  
• Stable isotope probing (SIP) is a relatively new technique to identify bacteria that are 
actively involved in specific metabolic processes. SIP can separate 13C-DNA, produced 
during growth of metabolically distinct bacterial groups on a 13C-enriched carbon source, 
from 12C-DNA by density gradient centrifugation (Bull et al., 2000; Radajewski et al., 
2000). DNA can then be fractioned and each fraction can further by analyzed 
taxonomically (using 16S rRNA genes) and functionally (using functional genes).  
7.2.2 Bioremediation  
7.2.2.1 Aerobically HCH-degrading bacteria 
THE IMPORTANCE OF Sphingomonas spp. 
In this work, several HCH degrading bacteria were isolated and characterized. Remarkably, 
although distinct populations were enriched and isolated from different sites, all the isolates 
were members of the genus Sphingomonas. In fact, most strains known to aerobically 
degrade HCH are Sphingomonas spp.. Moreover, these strains have been isolated in 
different parts of the world; Sphingomonas paucimobilis SS86 (of which the well described 
Sphingomonas paucimobilis UT26 is a nalidix resistant mutant strain) was isolated in Japan 
(Senoo and Wada, 1989; Wada et al., 1989), Sphingomonas paucimobilis B90A was isolated 
from an Indian soil (Bhuyan et al., 1993; Sahu et al., 1990), Sp+ originates from a French soil 
(Dogra et al., 2004), Sphingomonas sp. DS2, DS2-2 and DS3-1 were enriched form German 
HCH contaminated soils (Böltner et al., 2005), while the strains described in our study were 
isolated form soils in Spain. Apparently, the genus Sphingomonas plays an important role in 
aerobic HCH degradation.  Böltner et al. (2005) made a comparative study on the phylogeny 
(based on the 16S rRNA gene sequence) and the HCH degradation pathways of several 
HCH degrading Sphingomonas spp., including the isolates characterized in this study. The 
study by Böltner et al. (2005) revealed that HCH-degrading Sphingomonas strains are more 
diverse than previously believed. Unlike previously described strains from Japan, India and 
France, the German and Spanish strains are not restricted to the species Sphingomonas 
paucimobilis. Interestingly, the phylogenetic affiliation of the different HCH-degrading 
Sphingomonas spp. is not reflected in the geographic origin of the strains (Figure 7.3). This 
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underlines the adaptability of the Sphingomonas species for the degradation of this 
xenobiotic pollutant.  
Sphingomonas species are ubiquitous in terrestrial and aquatic ecosystems, and have been 
shown to degrade several recalcitrant compounds such as (halogenated) (poly-)aromatics, 
dioxins and pesticides (White et al., 1996). To date, it is not clear why Sphingomonadaceae 
are adaptable to such distinct ecosystems and contaminants. The composition of the outer 
membrane of this group may facilitate the assimilation of hydrophobic compounds such as 
HCH and other hydrocarbons (Kawahara et al., 1999), since it contains glycosphingolipids 
instead of lipopolysaccharides (White et al., 1996) and thus provides a highly hydrophobic 
surface.  
Another factor contributing to the adaptability of Sphingomonas spp. is horizontal gene 
transfer. Indeed, despite the different geographic locations at which they were isolated, the 
HCH-degrading Shingomonas strains all have identical lin genes, even though the lin gene 
organization is not the same in all of the strains. The evidence that metabolic lin genes are 
highly conserved between strains from Japan, India, Spain and Germany, suggests that 
recent and frequent horizontal gene transfer contributed to the distribution of these lin genes 
(Dogra et al., 2004; .Böltner et al., 2005). Dogra et al. (2004) further demonstrated the vital 
role of the insertion sequence IS6100 in shaping the genetic organization of the lin genes, 
since these elements are responsible for the lin gene reshuffling. Moreover, the latter study 
showed significant evidence that the stability of the lin genotype is strongly influenced by the 
activity of IS6100. For example, the loss of linA in Sp+ was shown to be associated with a 
change in the profile of the IS6100 copies. The Sphingomonas sp. γ1-7 that was used in the 
present work also showed instability of the linA gene, as was shown in Chapter 4. It would 
therefore be interesting to investigate whether the instability of linA Sphingomonas sp. γ1-7 is 
also related to the presence of IS6100. 
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Figure 7.3 Neighbour-joining dendrogram of 16S rRNA gene sequences of HCH-degrading 
(in bold) and other Sphingomonas strains (Böltner et al., 2005) 
 
Very recently, a study by Nagata et al. (2006) indicated that the Sphingomonas paucimobilis 
UT26 genome consists of three large circular replicons of 3.6Mb (chromosome I), 670kb 
(chromosome II) and a 185kb plamsid. The first three lin genes, linA to linC were dispersed 
on Chr I, while the plasmid carried the linRED operon. The linF gene on the other hand was 
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located on Chr II. With these recent findings, interesting questions arise. The fact  that 
Sphingomons spp. play such an important role in HCH degradation and that the 
chromosomal linA to linC and linF genes are highly conserved, could indicate that these lin 
genes may play other roles in functions specifically related to Sphingomonadaceae. Indeed, 
the sequence of molecular events which lead to the assembly of new metabolic pathways for 
the degradation of xenobiotic compounds, seems to have often resulted from joining DNA 
segments recruited from pre-existing pathways (Kristensen et al., 1995). Transposon vectors 
permit the insertion and stable inheritance of DNA elements into the chromosome of target 
bacteria (Gallardo et al., 1997). The linRED operon carried by a plasmid, may recently have 
evolved in function of the completion of the degradation of HCH.  
 
OTHER PLAYERS? 
Although the omnipresence of the genus Sphingomonas in the aerobic degradation of HCH 
suggests that during evolution especially Sphingomonas spp. evolved into effective HCH 
degraders, the possibility remains that isolation procedures themselves select for these 
organisms. A strategy to overcome this cultivation bias is the in situ investigation of the 
microbial community responsible for degradation. In Chapter 3 of this work, denaturing 
gradient gel electrophoresis (DGGE) analyses were used to evaluate the in situ enrichment 
of HCH degraders at the contaminated sites that were used as source for the enrichment and 
isolation procedure. Although most soils were characterized by diverse bacterial 
communities, one soil contained a predominant ribotype, which was characterized as a 
Sphingomonas sp.. Although this specific Sphingomonas sp. was not obtained by the 
isolation procedure, it suggests that also in situ, Sphingomonas spp. are found as the 
important species in HCH degradation. However, DGGE analyses of the enrichment cultures 
revealed the presence of additional predominant populations, mostly Pseudomonas spp., 
which could not be isolated. It is unclear whether these organisms have important roles in 
HCH degradation. In an earlier study by Dejonghe et al. (2003), a Pseudomonas sp. was 
also characterized as part of a degrading consortium of the herbicide linuron. The other 
members of the consortium - a Variovorax sp., a Delftia acidovorans, a Comomonas 
testeroni and a Hyphomicrobium sulfonivoras strain - could be assigned key roles in the 
linuron degradation pathway. Although very dominant in the DGGE patterns of the degrading 
consortium, the role of this strain could not be clarified. It seems that these Pseudomonas 
spp. may often be part of degrading consortia, but that they possibly do not occupy key roles 
in the degradation pathways.  
Nevertheless, important questions about HCH-degrading bacteria remain. One strategy in 
further research, could be to try to culture the “unculturable” organisms. The term 
“unculturable” is possibly not appropriate since these organisms can grow in their natural 
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environment, which probably means that scientist have not yet found the best suited growth 
medium or the appropriate partner-organisms to grow them with (Goldberg, 1989). Another 
approach, which has received increasing interest over the past few years, is to clone whole 
genomes from the environment (Rondon et al., 2000). Expression vectors are then used to 
obtain gene expression and the resulting proteins can subsequently be tested for their 
catabolic properties and may eventually be used in cultivable genetically modified organisms.  
‘Genetic traps’ are another possibility to translate biochemical reactions into genetically 
selectable phenotypes. ‘Genetic traps’ survey metagenomic libraries and offer a tool for 
exploring the diversity of thus far unknown biologically mediated reactions of environmental 
interest on the mere basis of knowing the final reaction product. The main concept behind 
the ‘genetic trap’ is the ability of the product of the reaction to activate transcription from a 
promoter that drives the expression of a reporter gene (for example, lacZ). Figure 7.4 
summarizes a molecular trap by which genes encoding a predetermined biotransformation 
can be selected. 
 
Figure 7.4 Conversion of a substrate into a product through the action of an activity encoded 
by a piece of environmental DNA can be translated into a selectable or scorable phenotype if 
such a product of the reaction happens to be an effector of a natural or evolved 
transcriptional regulator 
 
Mohn et al. (2006) developed a whole genetic system for isolating variants of the m-xylene 
responsive regulator XylR of Pseudomonas putida in order to isolate mutants which expand 
their response to otherwise non-substrates. The authors isolated variant XylR5, which has a 
considerable response to trichlorobenzene (TCB) generated upon biological transformation 
of lindane. Their results provide a rationale for evolving in vitro regulators à la carte, which 
are responsive to predetermined, natural or xenobiotic chemical species (Mohn et al., 2006).  
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7.2.2.2 Towards more reliable bioaugmentation  
Despite its long-term use in bioremediation, bioaugmentation of contaminated sites with 
microbial cells continues to be a source of controversy within environmental microbiology. 
This largely results from its unreliable performance record. The results of current 
technologies used for the bioaugmentation of soil are often not predictable and controllable 
enough compared to the physical or chemical destruction of pollutants. One of the causes of 
this lack of predictability is the incomplete understanding of survival and activity of the 
inoculants. 
 
RELIABILITY OF SLOW-RELEASE BIOAUGMENTATION WITH ENCAPSULATED INOCULANTS 
One approach to counteract the decreased metabolic activity of the applied inoculant could 
be a repeated inoculation of new, active cells. This technique would however simultaneously 
increase the population of predatory protozoa. The latter would result in a rapid decline of the 
inoculant and even of other relevant indigenous bacteria (Bouchez et al., 2000a, 200b). 
Chapter 4-5 demonstrated promising results for a slow-release bioaugmentation approach 
using encapsulated Sphingomonas spp cells in open ended tubes for the biodegradation of 
lindane. These so-called ‘hot spot’ tubes were shown to establish more sustained lindane 
degradation when compared to the inoculation of free cells, both in liquid and in soil slurry 
microcosms. Encapsulation was shown to preserve the degrading activity of cells by 
increasing the stability of degradative genes. Since the tubes contain a nutritive agar which 
sustains cell growth while allowing contact with the pollutant, encapsulated cells have the 
opportunity to feed on the lindane in a nutrient rich environment and can subsequently 
release highly active cells. Several potential regulating factors of the sustained degradation 
of lindane by encapsulated Sphingomonas spp. in open ended tubes were assessed. These 
results indicated substrate concentration regulation and physical protection from toxic 
metabolites are likely important advantages provided by encapsulation. In addition, 
preliminary results indicate the putative role of increased plasmid stability. However, in order 
to further unravel the exact mechanisms behind the advantages provided by this slow-
release bioaugmentation with ‘hot spot’ tubes, more research is required.  
As for application in soil, the first steps in this direction were made during this research by 
showing the applicability of the technique in soil slurry microcosms (Chapter 4). Moreover, 
the use of an easily biodegradable material, i.e. reed tubes, was assessed (Chapter 5). For 
further evaluation of the use of this technique in soil remediation, soil column experiments 
were set up at the time of this writing. In these experiments, ‘hot spot’ tubes are mixed with 
soil and brought in a horizontal column (Figure 7.5). Cycles of percolating water ensure a 
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dynamic system that establishes the distribution of the released active cells from the tubes. 
Adequate drainage maintains aerobic conditions.  
 
 
Figure 7.5 Soil column experiment Left schematic representation Right set-up                                                                         
 
 
APPLICATION PERSPECTIVES FOR ‘HOT SPOT’ TUBES 
• Further applications of such tubes could be directed towards pump and treat technology 
in which contaminated groundwater can be dealt with in an external reactor inoculated 
with encapsulated contaminant degrading strains. However, since it often is not possible 
to locate and remove the residual lindane, remediation also needs to focus on preventing 
further migration of the dissolved contamination. This plume control must be maintained 
for a long period of time. A cost effective approach for remediation of contaminated 
aquifers is the installation of permeable reactive zones or barriers within aquifers. As 
contaminated groundwater moves through a permeable reactive zone, the contaminants 
are scavenged or degraded, and uncontaminated groundwater emerges from the down 
gradient side of the reactive zone (USEPA, 1999). A HCH-degrading inoculant 
encapsulated in tubes could be used as a reactive barrier. A first step towards the 
development of this technology for application in soil bioremediation will however need to 
focus on longer time intervals more relevant to soil bioremediation. In addition, the use of 
biodegradable instead of silicone tubes needs to be investigated in order to develop an in 
situ bioremediation technique by mixing inoculated tubes with the soil. 
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• Being much more protected against high pollutant concentrations compared to freely 
inoculated cells, the proposed technique of bioaugmentation in open ended tubes, may 
be very useful for implementation at contaminant ‘hot spots’, i.e. locations where 
locally very high concentrations of the pollutant can be found. Using modelling programs 
(Spezzano and Talia, 1998) for tracing such hot spots and subsequently inoculating 
specific encapsulated cells may substantially improve the site clean up. Consequently, 
highly concentrated waste dumps, which are problematic in respect of bioremediation, 
may be targeted in the future.  
• Encapsulation in open ended tubes was shown to prolong the degrading activity of the 
inoculant. As discussed in the previous paragraph, increased plasmid stability may play 
an important role in the sustained degradation. Genes encoding degradation pathways 
are often located on plasmids (Top et al., 2002). Bacteria that possess these genes may 
be very effective in the complete degradation of a certain pollutant. However, when the 
gene-bearing plasmid is not stable, the degradation process will collapse in little time. 
Instability of lin genes has been observed in several HCH degrading strains. Dogra et al. 
(2004) described the spontaneous deletion of linD and linE from Sphingomonas 
paucimobilis B90A and of linA from Sphingomonas paucimobilis Sp+. Increased plasmid 
stability may therefore open the path for use of very efficient strains, irrespective of 
the stability of the key-role plasmids.  
• In the last few years, the problem of waste pharmaceuticals in the environment has 
become an emerging issue. Once administered most pharmaceuticals are degraded in 
the body and may even become inactive, but some may leave the body in their active 
forms. Present knowledge indicates that as a result, a wide range of pharmaceuticals, 
metabolites and their conjugates are excreted into the sewage system. Research has 
shown that many pharmaceuticals are not completely removed during wastewater 
treatment and as a result pharmaceuticals have been found in a wide range of 
environmental samples, including surface water, groundwater and drinking water (Jones 
et al., 2002). However, levels detected are in the nanogram per liter range (Ternes et al., 
2002). Up to now, no adverse health effects can be attributed to the consumption of 
pharmaceuticals at these low concentration levels. Nevertheless, the long term human 
health effects associated with consumption of low levels of many different 
pharmaceuticals over a lifetime are not known. The low concentrations, in which these 
chemicals are present, pose a problem for biodegradation. Indeed, it is well known that it 
is extremely difficult to find bacteria that can completely mineralize a compound when its 
concentration is very low (Liu et al., 2001). Only oligotrophic or facultatively oligotrophic 
microorganisms can grow on substrates at such low concentrations (Poindexter, 1981; 
Chapter 7 
 141 
Semenov, 1991). Low concentrated chemicals are mostly co-metabolized which often 
results in an incomplete degradation (Alexander, 1981). Degrading strains that are able 
to completely mineralize such compounds are in fact most often isolated following an 
enrichment procedure using concentrations far above the environmental concentrations. 
A promising application of the concept of “hot spot” tubes, developed in this work, could 
be the implementation of the sorptive characteristics of the tube material to pre-
concentrate the lowly concentrated pharmaceutical compound. The hydrophobic 
compound would then be adsorbed to the tube material (e.g. silicone), causing a local 
higher chemical concentration in the tube. The chosen (efficiently and completely 
degrading) inoculant encapsulated inside the tube, would “see” this higher concentration 
and biodegradation might become more successful. 
• Apart from contaminant clean-up, a lot of attention goes to the prevention of 
contamination with new chemicals. In this respect the European Commission proposed a 
new regulatory framework for the Registration, Evaluation and Authorisation of Chemicals 
(REACH). The aim of REACH is to improve the protection of human health and the 
environment through a better and earlier identification of the properties of chemical 
substances. The REACH proposal gives great responsibility to the industry to manage 
the risks from chemicals and to provide safety information on the substances. Future 
research focussing on practical implementations for the prevention of environmental 
contamination will therefore be supported strongly. A promising strategy could be to 
identify degrading strains (or consortia) for a set of widely used chemicals of strategic 
industrial importance which are problematic according to the REACH guidelines. Once 
the required inoculants are obtained, a formulation of these bacteria, encapsulated in “hot 
spot” tubes may be implemented for bioaugmentation purposes. As practical prevention 
implementation, the “hot spot” tubes might be supplied directly to the consumer, as an 
“annex” to the problematic chemical in order to be administrated in a specific tank or 
sewer. An alternative could be to deliver the “hot spot” tubes to the water treatment 
authorities to be used for bioaugmentation of the outlet of the sewage treatment 
plant.  
7.2.3 Reductive dechlorination with the nano-catalyst bio-palladium 
7.2.3.1 BioPd(0) for lindane removal 
As shown in Chapter 3-5, using HCH degrading microorganisms for the bioremediation of 
HCH holds a lot of potential. Unfortunately, however, microbial degradation of HCH isomers 
remains a relatively slow process (Johri et al., 1996; Lal and Saxena, 1982), and many HCH-
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metabolizing bacteria cannot degrade all HCH-isomers. Especially β-HCH seems to be the 
most recalcitrant HCH-isomer. De Windt et al. (2005) described the bioreductive deposition 
of palladium (0) nano-particles on Shewanella oneidensis MR-1. This so-called bio-palladium 
(bioPd[0]) was shown to reductively dehalogenate polychlorinated biphenyls (PCBs). The 
reaction mechanism of this process is depicted in Figure 7.6. Moreover, no selectivity 
towards different PCB congeners was observed.  
These findings prompted the assessment of the potential of the technique of bio-nano-
catalysis technique with bioPd(0) for the a-specific dechlorination of HCH-isomers. Chapter 6 
demonstrated that biocatalysis with bioPd(0) resulted in a complete, efficient and fast 
removal of lindane. Compared to other degradation techniques for HCH -which may suffer 
from many disadvantages as e.g. the conversion to more toxic compounds, slow degradation 
rate, or stereoselectivity towards some isomers only - this technology completely converted 
HCH into the easily biodegradable benzene. Moreover, stereoselectivity of isomers did not 
occur.  
Further in Chapter 6, a bioPd(0) membrane based reactor technology was demonstrated for 
the removal of lindane from water with formate as electron donor. The physical separation of 
the bioPd(0) from the treated effluent by means of membrane is required since the “leakage” 
of Pd to the environment is undesirable. Indeed, Pd ions can give rise to allergic reactions 
and there are some indications of a potential for respiratory sensitization (WHO, 2002). Acute 
toxicity is very low to moderate (Moore et al., 1975; Holbrook et al., 1975; Phielepeit et al., 
1986). Interactions with DNA have been observed in vitro and an inhibition of DNA synthesis 
has been demonstrated both in vivo and in vitro (WHO, 2002). Finely dispersed Pd particles, 
like bioPd(0),  provide a more ready access for chemical reactions than the bulk metal, and 
are therefore more easily dissolved and reoxidized to their soluble state.  
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Figure 7.6 Suggested reaction scheme for dechlorination reactions by nanocrystals of 
bioPd(0). A  Shewanella oneidensis MR-1 cells couple the reduction of soluble Pd(II) to 
oxidation of several electron donors (H2, formate, pyruvate or ethanol). The resulting Pd(0) 
particles are precipitated as Pd(0), bio-palladium (bioPd[0]), associated with the cell surface. 
Reactivity of these nanoparticles is obtained by charging them with H• radicals, originating 
from an electorn donor (H2 or formate). B The charged nano-catalytic particles associated 
with the S. oneidensis MR-1 cell surface, are brought in contact with chlorinated compounds, 
like PCBs. C The catalytic reaction between the PCBs and the H• radicals from the bioPd(0), 
results in dechlorination of the chlorination compound (De Windt et al., 2005) 
 
Furthermore, the use of bioPd(0) behind membranes makes it possible to recuperate Pd 
from the bioPd(0). For example, thiol-groups have a very high affinity for Pd ligation and also 
thiourea can be used to leach palladium (Xie et al., 1996). 
7.2.3.3 Biocatalytic dehalogenation followed by oxidation for a  
  complete mineralization of halogenated compounds 
Next to reductive precipitation of e.g. Pd(II) to Pd(0) by Shewanella oneidensis MR-1, a 
number of anorganic elements can also be oxidatively precipitated. Manganese for example, 
is present in nature in three different species, namely Mn(II), Mn(III) and Mn(IV), and can be 
precipitated oxidatively by certain bacteria as manganese oxides or hydroxides. An 
interesting route for future research would be to figure out whether a sequential biocatalysis 
via bio-palladium and bio-manganese could establish complete mineralization of halogenated 
compounds (such as HCHs or other POPs). In a first step the recalcitrant halogenated 
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compound could be reductively transformed into less halogenated intermediates. These 
would then be subsequently chemically oxidized to simple organic molecules, which, if 
necessary, might be mineralized biologically.  
Another oxidative process that could be applied complementary to the biocatlytic 
dehalogenation with bioPd(0) is aerobic biodegradation. The reductive dehalogenation of the 
recalcitrant halogenated compound may in this case be followed by a mineralization via 
known biodegradation pathways.  
The technological challenge would be the design of a reactor in which both reductive and 
oxidative processes (whether or not separated) occur.  
7.2.4 An integrated approach:        
 Bio-entrapment technology for environmental POPs 
The great concern about the various chlorinated organics in the environment and he fact that 
the European Union is facing the implementation of the new policy of REACH (Registration 
Evaluation Authorisation of Chemicals), ask for a coherent generic strategy to develop and 
induce microbial degradation at sites where clean-up is needed.  
The final paragraph of this work, proposes a strategy for an integrated abatement of POPs in 
the environment, implementing the achievements of this research work, combining them with 
new (molecular) technologies. The overall strategy is represented in Figure 7.7. 
 
 
PHASE 1 
First, a powerful a-specific dehalogenation of the highly chlorinated chemicals has to be 
achieved. Indeed, few biological means are capable of dealing with poly-halogenated 
organics. For this, the technology of biocatalytic dechlorination with “bio-palladium 
(bioPd[0])”, as described in Chapter 6, is a powerful tool. This bioPd(0) has been found to 
reductively convert PCBs and HCH to molecules with a much lower level of chlorination. Bio-
palladium is promising as a microbial induced catalyst for dehalogenation at ambient 
temperature, especially since there is no selective effect towards dehalogenation of 
congeners. 
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Figure 7.7 Schematic presentation of the strategy for a bio-entrapment technology for 
environmental POPs 
 
 
PHASE 2 
The lower halogenated compounds can subsequently be subjected to a genomic micro-array 
in order to detect which genes and enzymes may be involved in their further degradation 
pathway. This analysis enables the evaluation of the biochemical roadmaps by which 
complete degradation and mineralization of the POP can be achieved. The deeper insights in 
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the integration, regulation and resistance to toxicity of POP degradation, gained from this 
technology, will enable more efficient manipulation of degradation of these POPs, which is 
necessary if successful bioremediation strategies are to be developed (Denef et al., 2003, 
2004). 
 
PHASE 3 
Based on the insight of putative metabolic routes, the above described technique of genetic 
traps can be used. By searching for specific promoter-genes, one thus can collect from 
environmental sites genomes from autochtonous bacteria which can be operational in 
bringing about the full degradation of the POPs. Gene libraries are entered in specialized 
strains engineered to translate the desired bio-conversion into a selectable or scorable 
phenotype. As a consequence only those cells that bear DNA fragments encoding the 
desired reaction will be able to grow under selective conditions in the presence of the 
substrate (Mohn et al., 2006).  
 
PHASE 4 
The fourth phase concerns the metabolic engineering of the genes trapped from the 
ecosystem into a proper functional bacterium. Metabolic engineering allows the generation of 
novel hybrid pathways by assembling catabolic modules from different origins in the same 
host cell. The rational combination of catabolic pathways may allow the complete metabolism 
of POPs and can prevent the formation of dead-end products and toxic metabolites by 
misrouting of the pollutants (Pieper et al., 2000; Timmis et al., 1999). Bacteria used for 
remediation of pollutants undergo environmental stress due to high concentrations of toxic 
contaminants, toxic solvents, extreme pH, temperature, ionic strength, etc. (Pieper et al., 
2000). The combination in a single bacterial strain of different degradative abilities with 
genetic traits that provide selective advantages in the target site is a successful strategy for 
in situ bioremediation (Timmis et al., 2000). The host cell can also be manipulated to 
enhance bioavailability of the pollutant by engineering the production of biosurfactants or by 
promoting chemotaxis of the biodegrader to the toxic compound (Dua et al., 2002; Reineke 
et al., 1998). Biosafety is a major issue when releasing recombinant microorganisms into any 
open environment. In order to address this concern, several genetic circuits have been 
developed to allow survival of the recombinant microorganism only when present in the 
polluted site and during the time required for removal of the pollutant (biological containment) 
(Molin, 1993; Torres et al., 2003).  
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PHASE 5 
A next phase in this strategy is the implementation of bioaugmentation of the desired 
microorganisms by using the technology developed in this work, i.e. the inoculation of 
encapsulated cells in open ended tubes (Chapter 4-5). These so-called “hot spot” tubes will 
protect the introduced inoculant and will enhance its degrading activity.  
 
PHASE 6 
Finally, the effect of the site-intervention on the overall microbial community and its putative 
restoration is examined by a series of eco-genomic assessment techniques and interpreted 
in terms of unequivocal ecological standards. In this approach, ecological relevant 
parameters such as soil methane oxidation (Chapter 2) can be used to develop bioassays as 
tools for risk assessment of polluted sites or for the evaluation of the ongoing remediation.  
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SUMMARY 
 
Lindane (γ-hexachlorocyclohexane, γ-HCH), once the most applied insecticide worldwide, is 
still considered  a serious threat to the environment, due to its persistence in soil and water 
and to its potential to bioaccumulate in the food chain. Other ubiquitous HCH-isomers, 
formed as waste products during the production of lindane, also pose a major environmental 
threat. Because of the widespread pollution by lindane (and other HCH-isomers), there is a 
need for risk assessment tools to monitor its environmental impact. Monitoring of polluted 
sites is as yet often restricted to the quantification of the contaminant by means of chemical 
analyses. In soil the use of microorganisms as indicator tools in monitoring procedures offers 
many opportunities, because of their ability to respond and rapidly adapt to changes in 
environmental conditions. As yet, removal of lindane from the environmental compartments 
has attained the highest priority. A possible approach is bioremediation, the process by 
which living organisms degrade the contaminant. A technology often used in bioremediation 
is bioaugmentation, in which specialized microorganisms are introduced into the environment 
in order to metabolize the targeted compound.  Despite its long-term use in bioremediation, 
bioaugmentation of contaminated sites with microbial cells continues to be a source of 
controversy within environmental microbiology. This largely results from its notoriously 
unreliable performance record. 
 
In a first part of this research, the applicability of methane oxidation, an important soil 
function performed by methanotrophic bacteria, was evaluated as a microbial indicator for 
the monitoring of HCH pollution. The effect of HCH on both the activity and the structure of 
the methanotrophic community was assessed, using methane oxidation assays and PCR-
DGGE (polymerase chain reaction – denaturing gradient gel electrophoresis) respectively. 
Methane oxidation assays with historically polluted soils revealed that in the long-term 
methane oxidation was inhibited by HCH pollution. PCR-DGGE and diversity analysis based 
on Lorenz curves showed that the type I methanotrophic community was less evenly 
distributed in historically HCH polluted soils compared to less polluted reference soils. Short-
term experiments with methane enriched consortia further demonstrated that only γ and δ 
isomers inhibited methane oxidation. Type I methanotrophs of methane enriched microbial 
consortia that received γ- or δ-HCH evolved towards higher species richness. Apparently, for 
historically HCH polluted soils, a narrow community remained after long-term exposure, while 
in case of short-term exposures, methane enriched consortia were converted into less active, 
but richer communities when they were stressed by the presence of γ- or δ-HCH. These 
results demonstrated that methane oxidation activity and structural analysis of type I 
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methanotrophic communities, can be valuable tools in risk assessment studies and the 
monitoring of HCH pollution. 
 
The second part of this doctoral research aimed to develop a promising bioaugmentation 
technology for the aerobic biodegradation of lindane by surveying microbiological inoculants 
and by designing a suitable inoculation procedure for their introduction into the environment.  
The occurrence of HCH degraders was investigated in several contaminated soils. Thirty five 
enrichment cultures grown on different HCH-isomers yielded 16 cultures in which HCH was 
removed. HCH-degrading populations were clearly associated with HCH-contaminated soils. 
Nine HCH-degrading isolates could subsequently be isolated, which were all Sphingomonas 
spp.. All isolates degraded α- and γ-HCH, while degradation of β- and δ-HCH was highly 
strain dependent. However, none of the isolates grew on HCH as a sole organic substrate in 
pure culture. DGGE analyses evaluated whether enrichment of HCH degraders occurred in 
situ at contaminated sites. Most soils were characterized by diverse bacterial communities, 
although one soil contained a predominant ribotype, possibly selected by the HCH 
contamination. However, the latter population was not selected in the enrichment culture 
from that soil. Furthermore, DGGE analyses indicated that the isolates represented 
predominant populations in the enrichment cultures, but additional predominant populations, 
including some Pseudomonas spp., could not be isolated.  
Isolated strains were subsequently used to assess the feasibility of a slow-release 
inoculation approach as a bioaugmentation strategy for the degradation of lindane. Slow-
release inoculation of Sphingomonas sp. γ1-7 was established in both liquid and soil slurry 
microcosms, using open ended silicone tubes in which the bacteria are encapsulated in a 
protective nutrient rich matrix. The capacity of the encapsulated cells to degrade lindane 
under aerobic conditions was evaluated in comparison with inoculation of free living cells. 
Encapsulation of cells in silicone tubes caused removal of lindane by adsorption to the 
silicone tubes, but also ensured prolonged biodegradation activity. Lindane degradation 
persisted 2.2 and 1.4 times longer, for liquid and soil slurry microcosms respectively, 
compared to inoculation with free cells. While inoculation of free living cells led to a loss in 
lindane degrading activity in limited time intervals, encapsulation in these tubes allowed for a 
more stable actively degrading population. The loss in degrading activity was linked to the 
loss of the linA gene, encoding γ-HCH dehydrochlorinase (LinA) which is involved in the 
initial steps of the lindane degradation pathway.  
Further, the sustained degradation of lindane by Sphingomonas sp. γ1-7 in open ended 
tubes was evaluated over an extended period of time. It was shown that the slow-release 
approach by inoculation of encapsulated cells in open ended tubes provided stable lindane 
degradation for over 4 months, whereas freely inoculated cells could not maintain 
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degradation for longer than one month. Several factors that could possibly regulate this 
sustained lindane degradation by encapsulated Sphingomonas spp. were systematically 
assessed in liquid medium. The obtained results indicated that in a relatively nutrient rich 
medium, nutrient conditions inside the tubes did not influence the rate of lindane degradation. 
Also, initial cell density inside the tubes only exerted a temporary positive effect on lindane 
degradation. Quorum sensing regulated gene expression was also assessed, but most likely 
did not occur. Physical protection from high lindane concentrations or potentially toxic 
metabolites is likely the prevailing advantage provided by the encapsulation in tubes, 
although preliminary results also indicate the potential role of increased plasmid stability. 
 
In a third and final experimental part of this work, an alternative lindane removal technique 
was proposed, making use of the catalytic reduction of HCH over a metal catalyst, namely 
palladium (Pd[0]). Since specific surface area plays an important role in reactivity of 
catalysts, this study investigated the use of bioPd(0), i.e. nano-scale Pd(0) particles 
precipitated on the biomass of Shewanella oneidensis, for the removal of lindane. It was 
demonstrated that bioPd(0) has catalytic activity towards dechlorination of lindane, with the 
addition of formate as electron donor, and that dechlorination with bioPd(0) was more 
efficient than with commercial  powdered Pd(0). The biodegradable compound benzene was 
formed as a reaction product and other HCH-isomers could also be dechlorinated. 
Subsequently, bioPd(0) was implemented in a membrane reactor technology for the 
treatment of lindane polluted water. In a fed-batch process configuration with formate as 
electron donor, a removal percentage of 98% of γ-HCH saturated water (10 mg l-1) was 
achieved within 24 hours. The measured chloride mass balance approached the theoretical 
value. These results demonstrate, a complete, efficient and fast removal of lindane using 
catalytic reduction with bioPd(0). 
 
In conclusion, this work has shown that in risk assessment and ecotoxicological studies of 
lindane, the soil methanotrophs represent a sensitive bacterial group, with great potential to 
be used as indicators for the monitoring of HCH soil pollution. Further research is 
recommended for the development and validation of methane oxidation bioassays, based on 
the findings of this research. Slow-release bioaugmentation with encapsulated lindane 
degrading Sphingomonas spp. in open ended tubes was demonstrated to be a promising tool 
for soil bioremediation. Although several insights into the mechanisms of the ‘hot spot’ tubes 
were provided by the present research, more work needs to be done to unravel their true 
identity. Future research should certainly focus on the further upscaling of this technique for 
(in situ) soil applications. Finally, the application of an alternative lindane degradation 
technique - biocatalytic reduction with bioPd(0) - resulted in a complete, efficient and fast 
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removal of lindane, and was demonstrated to be applicable as a membrane based reactor 
technology.  
 
 
 
 
Samenvatting 
 153 
SAMENVATTING 
 
Lindaan (γ-hexachlorocyclohexaan, γ-HCH), ooit het meest gebruikte insecticide ter wereld, 
wordt nog steeds beschouwd als een belangrijke bedreiging voor het milieu, vanwege zijn 
persistentie in bodem en water en  vanwege zijn eigenschap te accumuleren in de 
voedselketen. Andere veel voorkomende HCH-isomeren, gevormd als afvalproducten tijdens 
de productie van lindaan, vormen eveneens een groot milieuprobleem. Door de 
wijdverspreide verontreiniging van lindaan (en andere HCH-isomeren), is er behoefte aan 
middelen voor risicoanalyse voor de opvolging van de milieu-impact van deze componenten. 
Opvolging van verontreinigde sites is tot nog toe vaak beperkt tot de kwantificatie van de 
verontreiniging door middel van chemische analyses. In de bodem kan het gebruik van 
micro-organismen als indicatoren voor opvolgingsprocedures vele mogelijkheden bieden, 
doordat deze snel kunnen reageren op, en zich kunnen aanpassen aan veranderingen in 
milieucondities. Ook verwijdering van lindaan uit de verschillende milieucompartimenten 
heeft een hoge prioriteit. Een mogelijke aanpak is bioremediatie, een proces waarbij levende 
organismen een verontreiniging afbreken. Een vaak gebruikte technologie in bioremediatie is 
bioaugmentatie, waarbij gespecialiseerde micro-organismen geïntroduceerd worden in het 
milieu, met als doel de beoogde verontreiniging af te breken. Ondanks het reeds langdurig 
gebruik in bioremediatie, blijft bioaugmentatie van verontreinigde sites met micro-organismen 
een bron van controverse binnen de milieumicrobiologie. Dit is grotendeels te wijten aan een 
beruchte historiek van onbetrouwbaarheid.  
 
In een eerste deel van dit onderzoek werd de toepasbaarheid van methaanoxidatie als 
microbieel indicatorinstrument voor de opvolging van HCH verontreiniging geëvalueerd. 
Methaanoxidatie is een belangrijke bodemfunctie uitgevoerd door methanotrofe bacteriën. 
Het effect van HCH op zowel de activiteit als de structuur van de methanotrofe microbiële 
gemeenschap werd bestudeerd, gebruik makend van respectievelijk methaanoxidatietoetsen 
en PCR-DGGE-analyses (polymerase kettingreactie - denaturerende gradiënt 
gelelectroforese). Methaanoxidatietoetsen op historisch vervuilde bodems toonden aan dat 
HCH verontreiniging methaanoxidatie op lange termijn inhibeerde. Uit PCR-DGGE en 
diversiteitsanalyses gebaseerd op Lorenz-curven bleek dat de type I methanotrofe 
gemeenschap minder evenredig verdeeld was in vergelijking met minder vervuilde 
referentiebodems. Kortetermijnexperimente met methaanverrijkte consortia demonstreerden 
verder dat enkel γ- and δ- isomeren de methaanoxidatie inhibeerden. Type I methanotrofen 
van methaanaanverrijkte consortia die γ- or δ-HCH toegediend kregen, evolueerden naar 
hogere speciesrijkheid. Blijkbaar was er in de historisch vervuilde bodems, na een 
blootstelling op lange termijn, een beperkte gemeenschap overgebleven. In het geval van 
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kortetermijnblootstelling aan γ- of δ-HCH echter, veranderden de methaanverrijkte consortia 
in een minder actieve, maar rijkere gemeenschap. Deze resultaten geven aan dat 
methaanoxidatie en de structurele analyse van type I methanotrofe gemeenschappen 
waardevolle instrumenten kunnen zijn in risicoanalysestudies en in de opvolging van HCH 
verontreiniging. 
 
Een tweede deel van dit doctoraal onderzoek had tot doel een beloftevolle 
bioaugmentatietechnologie te ontwikkelen voor de aërobe biodegradatie van lindaan. 
Daartoe werd gezocht naar geschikte microbiële enten en een succesvolle entprocedure 
voor hun introductie in het milieu. Het voorkomen van HCH-afbrekende stammen werd 
onderzocht in verschillende verontreinigde bodems. Vijfendertig lindaanverrijkte culturen, 
gegroeid op verschillende HCH-isomeren, resulteerden in 16 culturen waaruit HCH kon 
worden verwijderd. HCH-afbrekende populaties waren duidelijk geassocieerd met de HCH-
verontreinigde bodems. Negen HCH-afbrekende stammen konden vervolgens worden 
geïsoleerd. Deze waren alle Sphingomonas spp.. Alle isolaten konden α- and γ-HCH 
afbreken, terwijl degradatie van β- and δ-HCH erg stamafhankelijk was. Geen enkele stam 
kon in axenische cultuur worden gekweekt met HCH als enige bron van organisch substraat. 
Met DGGE analyses werd onderzocht of verrijking van HCH-degradeerders in situ in de 
verontreinigde sites plaatsvond. Hoewel de meeste bodems waren gekarakteriseerd door 
zeer diverse bacteriële gemeenschappen, was er één bodemstaal waarin er een dominant 
ribotype aanwezig was, dat mogelijk geselecteerd werd door de HCH-verontreiniging. Toch 
werd deze laatste niet geselecteerd in de verrijkte cultuur van dat bodemstaal. Verder gaven 
de DGGE analyses aan dat de isolaten dominante populaties vertegenwoordigden in de 
verrijkte culturen. Bijkomende dominante populaties, waaronder een aantal Pseudomonas 
spp., konden echter niet worden geïsoleerd.  
Geïsoleerde stammen werden vervolgens aangewend in verder onderzoek naar een gepaste 
inoculatietechniek voor de afbraak van lindaan. Langzaam-vrijzettende inoculatie, door 
middel van open siliconebuisjes voor de inkapseling van Sphingomonas sp. γ1-7, werd 
toegepast in zowel vloeibare microcosmos- als bodemslurrymicrocosmosexperimenten. De 
lindaandegradatiecapaciteit van de ingekapselde cellen onder aërobe condities werd 
geëvalueerd in vergelijking met de inoculatie van vrijlevende cellen. Inkapseling van cellen in 
siliconebuisjes zorgde voor lindaanverwijdering door adsorptie aan de buisjes, maar 
verzekerde ook een verlengde biodegradatie-activiteit. In vergelijking met vrijlevende cellen, 
werd lindaandegradatie tot 2.2 en 1.4 maal verlengd, voor respectievelijk vloeibare 
microcosmos- en bodemslurrymicrocosmosexperimenten. Terwijl inoculatie met vrijlevende 
cellen na korte tijd tot een verlies van lindaandegradatieactiviteit leidde, zorgde inkapseling in 
buisjes voor een meer stabiele en actief degraderende populatie. Het verlies aan 
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degradatieactiviteit was gelinkt met het verlies van het linA gen dat codeert voor γ-HCH 
dehydrochlorinase (LinA), betrokken in de eerste stappen van de lindaanafbraakweg. 
De duurzame degradatie van lindaan door Sphingomonas sp. γ1-7 in open buisjes werd 
vervolgens geëvalueerd over een langere periode. Er werd aangetoond dat de langzaam-
vrijzettende inoculatie van ingekapselde cellen in open tubes een stabiele lindaandegradatie 
bewerkstelligde gedurende een periode van 4 maanden. Dit in tegenstelling tot de inoculatie 
van vrijlevende cellen, waar lindaandegradatie niet langer dan een maand kon worden 
waargenomen. Verscheidene factoren die mogelijk een rol spelen in de duurzame 
lindaandegradatie door ingekapselde Sphingomonas spp. werden vervolgens systematisch 
onderzocht in een vloeibaar medium. De verkregen resultaten duidden erop, dat in een 
relatief nutriëntrijk medium, de nutriëntcondities binnenin de buisjes van weinig belang zijn 
voor de degradatiesnelheid. Ook de initiële celdichtheid in de tubes had slechts een tijdelijk 
positief effect. Verder werd er nagegaan of er sprake was van ‘quorum sensing’ 
gereguleerde genexpressie, maar die kon niet worden aangetoond. De door de buisjes  
geboden fysische bescherming tegen hoge lindaanconcentraties en mogelijk toxische 
metabolieten is wellicht het belangrijkste voordeel dat door de inkapseling in buisjes wordt 
verwezenlijkt. Preliminaire testen toonden echter ook een mogelijk belangrijke rol van 
verhoogde plasmidenstabiliteit in de tubes.  
 
In een derde en laatste experimenteel deel van dit werk werd een alternatieve 
afbraaktechniek voor lindaan voorgesteld, gebaseerd op de katalytische reductie van HCH 
over een metalenkatalysator, namelijk palladium (Pd[0]). Doordat de specifieke oppervlakte 
van groot belang is voor de reactiviteit van katalysatoren, werd in deze studie het gebruik 
van bioPd(0) - d.i. Pd(0) partikels die in nano-schaal geprecipiteerd worden op de biomassa 
van Shewanella oneidensis - voor de verwijdering van lindaan onderzocht. De katalytische 
activiteit van bioPd(0) in de dechlorinatie van lindaan, gebruik makend van formiaat als 
electrondonor, werd aangetoond. Bovendien bleek de dechlorinatie met bioPd(0) efficiënter 
dan met commercieel verkrijgbaar poedervormig Pd(0). Het biodegradeerbare benzeen werd 
gevormd als reactieproduct en ook andere HCH-isomeren konden worden gedechlorineerd. 
Vervolgens werd bioPd(0) geïmplementeerd in een membraanreactortechnologie voor de 
behandeling van met lindaan verontreinigd water. In een ‘fed-batch’ procesconfiguratie  met 
formiaat als electrondonor werd binnen een tijdsspanne van 24 uur een 
verwijderingspercentage van 98% bereikt voor een waterige oplossing van 10 mg l-1 lindaan. 
De gemeten chloridenbalans benaderde de theoretisch waarde voor een dechlorinatie. Deze 
resultaten tonen een volledige, efficiënte en snelle verwijdering aan van lindaan door het 
gebruik van katalytische reductie met bioPd(0). 
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Samenvattend kan er gesteld worden dat dit werk heeft aagetoond dat in risicoanalyses en 
ecotoxicologische studies van lindaan, de methanotrofe gemeenschap in de bodem een 
gevoelige bacteriële groep is met een zeker potentieel om gebruikt te worden als indicator 
voor de opvolging van HCH verontreiniging. Verder onderzoek is aangewezen voor de 
ontwikkeling en validatie van methaanoxidatiebiotoetsen, gebaseerd op de bevindingen van 
dit onderzoek. Langzaam-vrijzettende inoculatie van ingekapselde cellen van Sphingomonas 
spp in open buisjes is een veelbelovende bioaugmentatietechnologie gebleken voor de 
bioremediatie van lindaanverontreinigde bodems. Hoewel verschillende inzichten in de 
mechanismen van de ‘hot spot’ buisjes zijn verkregen, is er toch nog meer onderzoekswerk 
nodig om de ware identiteit van deze techniek te doorgronden. Verder onderzoek zou zich 
ondonder meer moeten richten op de verdere opschaling van deze techniek als toepassing 
bij (in situ) bodemremediatie. Tenslotte kon met een alternatieve lindaandegradatietechniek - 
de biokatalytische reductie met bioPd(0) -  een volledige, efficiënte en snelle verwijdering van 
lindaan worden teweeggebracht. Deze techniek kon bovendien ook worden toegepast als 
membraangebaseerde reactortechnologie.  
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- Oct 2005 - Mar 2006:  Collaborator of MAP/ESTEC project, funded by the 
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Teaching and tutoring experience 
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Sanitation and one technician. 
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• IFEST(Vakbeurs voor milieu, energie en arbeidsveiligheid) Lecture session “Moleculair-
microbiologische fingerprints voor opsporing van verontreinigingen”. October 2004, 
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